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• Calcite-enriched minerals and
diammonium phosphate were used for
Hg immobilization.

• Diammonium phosphate reacted with
minerals to form phosphate-associated
minerals.

• Mercury was immobilized with
phosphate-associated minerals.

• The immobilizing agents decreased Hg
bioavailability in the Hg-contaminated
soils.

• The immobilizing agents inhibited crops
Hg uptake.
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We used calcium carbonate-enriched clay minerals (CECM) and diammonium phosphate (DAP) as immobilization
agents formercury (Hg) immobilization. The effects of CECM,DAP, or both in different amounts and ratios, aswell as
pH and initial Hg concentrations, on Hg removal from solutionswere investigated. The removalmechanismwas re-
vealed using transmission electron microscope with energy-dispersive X-ray (TEM-EDX) spectroscopy, and ex-
tended X-ray absorption fine structure spectroscopy (EXAFS). The performance of CECM and DAP under field
conditionswas also studied. The results showed that application of CECMandDAP at a ratio of 50:1 (w/w) removed
over 90% of Hg from solutions containing 1.8 μMHg2+, which was 9- or 2.6-fold higher than solely DAP (b10%) or
CECM (34%b), respectively. Mercury removal by CECM and DAP was weakly affected by pH values between 4 and
10, and theirmaximumHg removal capacitywas 37mgg−1. Both TEM-EDXand EXAFS results showed that the pre-
cipitate of Hg with phosphorus-associated minerals might be the primary mechanism of Hg removal by CECM and
DAP. Results from the field trial showed that application of CECM and DAP decreased soil bioavailable Hg contents,
but did not affect contents of organicmatter boundHg or residual Hg fractions, as comparedwith control and initial
soils. Application of CECM and DAP resulted in dramatic reductions (40%–53%) of Hg in the edible tissues of Brassica
chinensis and Raphanus raphanistrum in comparison to the non-treated control. We conclude that CECM and DAP
offer a promising method for in situ remediation of Hg-contaminated farmlands in southwest of China.

© 2018 Elsevier B.V. All rights reserved.
Keywords:
In-situ immobilization
Clay minerals
Spectral investigations
Mercury risk management

http://crossmark.crossref.org/dialog/?doi=10.1016/j.scitotenv.2018.07.225&domain=pdf
https://doi.org/10.1016/j.scitotenv.2018.07.225
fengxinbin@vip.skleg.cn
Journal logo
https://doi.org/10.1016/j.scitotenv.2018.07.225
Unlabelled image
http://www.sciencedirect.com/science/journal/00489697
www.elsevier.com/locate/scitotenv


1616 J. Wang et al. / Science of the Total Environment 646 (2019) 1615–1623
1. Introduction
Mercury (Hg) and its compounds are extremely toxic, with no
known biological functions in organisms (Wang et al., 2012a). The se-
vere health problems caused by Hg have been a major concern for
many decades, and Hg is thus listed as one of the six greatest toxic
threats by the Pure Earth non-governmental organization (Mills-
Knapp et al., 2012). Anthropogenic sources, including Hg and gold min-
ing, retorting and refining, the chloralkali process, coal combustion, and
cement production, etc, (Wang et al., 2011a, 2012b), release 1900 to
2900 Mg of Hg into the environment annually (Driscoll et al., 2013). It
is estimated that over 8 million people are at risk of exposure to Hg pol-
lution globally (Pure Earth and Green Cross, 2016). The Hg level in non-
contaminated soils is about 0.07mg kg−1 (Kabata-Pendias, 2011), but it
increases significantly in soils close to a Hg pollution source (Wang
et al., 2011b). The current status of soil Hg pollution is problematic, es-
pecially in Asia countries such as China, Indonesia, Malaysia, where
many industries and miners still used Hg and its products in Polyvinyl
Chloride (PVC) production (Ren et al., 2014), artisanal and small scale
gold mining activities (Gibb and O'Leary, 2014). A recent nationwide
survey of soil Hg conducted by the Chinese government showed that
about 1.6% of soil samples surveyed were contaminated with Hg
(Zhao et al., 2015). The transfer of Hg in the soil-plant system threatens
ecological safety and human health in some regions of the world (Feng
et al., 2008). For example, the consumption of contaminated food prod-
ucts has been reported as the main pathway, by which people are ex-
posed to Hg in areas with Hg mining in China (Zhang et al., 2010).
Consequently, there is an increasing demand for remediation to miti-
gate the risk of Hg from soils.

Although many techniques have been developed for Hg remedia-
tion, including stabilization/solidification (S/S), vitrification, thermal
desorption, nanotechnology, soil washing, electro-remediation, and bi-
ological remediation (Wang et al., 2012b), they have rarely been applied
to remediating large-scale contaminated farmlands because their use
may be not economically sustainable. Most Hg-contaminated farmlands
remained derelict because they are economically marginal for hard re-
development (J. Wang et al., 2018; X. Wang et al., 2018). Policymakers
and engineers are increasingly aware that, when developing appropri-
ate techniques for such farmlands, there is a need to consider compre-
hensively their social acceptability, affordability by the public, and
fitness to the proposed use of the soils (Bardos et al., 2016). Gentle re-
mediation options (GROs) are methods that utilize plants, fungi, and
bacteria, with or without modifications, to reduce contaminants trans-
fer into the food chain (Cundy et al., 2013). Those methods are applica-
ble to soft-end use sites, and have lower implementation costs than
physical/chemical-based remediation methods. In situ immobilization
uses immobilization agents to reduce the mobility of contaminants in
soils, and is considered to be a GRO due to its low cost, applicability to
economically marginal land, and low risk profile (Cundy et al., 2016).
The main immobilization mechanisms for Hg include adsorption onto
adsorbents via electrostatic and complexation reactions (Das et al.,
2007), precipitation by S2− or Se2− via conversion to HgS or HgSe
(Zhang et al., 2012), precipitation by elemental metals (e.g., copper
and zinc) via conversion to solid amalgam (He et al., 2015), and stabili-
zation through incorporation into an insoluble matrix
(e.g., KMgPO4·6H2O and Mg4Cl2(OH)6(H2O)8) (Hagemann, 2009).
Many previous studies involved testing the efficacy of FeS nanoparticles
(Gong et al., 2012), tire rubber (Meng et al., 1998), phospho-gypsum
(Adams et al., 2007), biochar (Shu et al., 2016), and selenium (J. Wang
et al., 2018; X.Wang et al., 2018) for Hg immobilization in soils and sed-
iments, but their applicabilities to farmlands and performance in natural
environments remain unknown. There is an urgent need to develop fea-
sible immobilization agents for contaminated farmlands. Calcium
carbonate-enriched materials (e.g., mussel shells) have recently been
introduced for remediating pollution of heavy metals (e.g., cadmium)
due to their eco-friendly, low capital cost, easy availability, and
applicability to farmlands (Peña-Rodríguez et al., 2013). The use of
phosphate with those calcium carbonate-enriched materials could fur-
ther improve the stabilization efficacy for toxicmetals such as cadmium
(Xu et al., 2017), however, their effects on Hg are poorly understood.

In this study, we used calcium carbonate-enriched clay minerals
(CECM) and diammoniumphosphate [(NH4)2·HPO4] (DAP) to immobi-
lize Hg in contaminated farmlands. The capacity of CECMandDAP to re-
move Hg from solutions was evaluated first, and then the removal
mechanism was characterized using spectral techniques. Finally, the
performance of CECM and DAPwas evaluated in a natural environment.
Specifically, themain objectives of this studywere to (1) investigate the
ability of CECM and DAP to remove Hg from solutions under various
conditions, (2) characterize the mechanism of Hg removal by CECM
and DAP using transmission electron microscope with energy-
dispersive X-ray spectroscopy (TEM-EDX) and extended X-ray absorp-
tion fine structure (EXAFS) spectroscopy, and (3) test the efficacy of
this method for treating Hg-contaminated farmlands under field
conditions.

2. Materials and methods

2.1. Batch adsorption experiments

Powdered HgCl2 (purity N99%), calcium carbonate-enriched clay
minerals (CECM), and diammonium phosphate (DAP; agricultural
grade) were purchased from a chemical company (Tianlihe Chemical
Industry Co. Ltd., Guiyang, China). The chemical composition of the orig-
inal CECM was characterized directly using a wavelength dispersive X-
ray fluorescence spectrometer (Axios PW4400; PANalytical B.V.,
Netherlands). As shown in Table S1, the CECM consisted primarily of
CaO, MgO, and SiO2, with minor fractions of FeO, Al2O3, and K2O. A
stock solution of 2 mM HgCl2 was used as the Hg pollution source for
all bath experiments. Adsorption experiments were carried out using
50-mL centrifuge tubes (SuperClear™, Labcon Co. Ltd., USA), which
contained negligible Hg level (b0.01 ng L−1).

2.1.1. Adsorption of Hg2+ using CECM and/or DAP
For the separate CECM and DAP treatments, about 0.4, 1.0, 1.6, or

2.0 g of CECMor DAPwas added to tubes containing 45mL of deionized
water and 1.8 μM Hg2+. For the combined CECM and DAP treatments,
about 0.04, 0.1, 0.13, 0.2, 0.25, 0.4, 1.6, or 2 g of DAP was added to
tubes containing 45 mL of deionized water, 2 g of CECM, and 1.8 μM
Hg2+. Each treatment included three replicates. The tubes were shaken
using a reciprocal shaker (HY-4model; Changzhou Zhongjie Co., China)
at 60 rpm for 720min. Approximately 0.5-1mLof solutionwas collected
from each tube at 0, 10, 30, 60, 120, 180, and 720 min.

2.1.2. Effect of Hg2+ levels on Hg removal by CECM and DAP
Approximately 0.02, 0.04, 0.07, 0.11, 0.20, 0.27, 0.63, 0.99, 1.49, 2.12,

7.70, 13.41, 19.22, or 24.93 μMHgCl2was added to individual tubes con-
taining 45 mL of deionized water, 2 g of CECM, and 0.04 g of DAP. Thus,
the final Hg concentrations in the tubes were 0.4, 0.8, 1.6, 2.5, 4.5, 6.0,
14, 22, 33, 47, 171, 298, 427, or 554 μM. Tubes without Hg2+ treatment
was also included. Each treatment was made up of three replicates. The
tubes were shaken using a reciprocal shaker at 60 rpm for 720 min.
Samples of the solution were taken from the tubes at 0 and 720 min.

2.1.3. Effect of pH on Hg removal by CECM and DAP
A series of tubes were prepared containing 1.8 μM Hg2+, 42 mL of

deionized water, 2 g of CECM, and 0.04 g of DAP. The pH of each tube
was adjusted close to 4.0, 6.0, 7.0, 8.0, or 10.0 using 1 M NaOH or HCl.
After pH adjustment, deionized water was added to each tube to a
final volume of 45 mL. Each treatment included three replicates. The
tubes were shaken using a reciprocal shaker at 60 rpm for 720 min.
Samples of the solution were taken from the tubes at 0 and 720 min.
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The sampled solutions were immediately passed through 0.45-μm
cellulose acetate microfilters, and then acidified with Ultra-pure HCl
(2%, v/v). The precipitates in the tubes containing 2 g of CECM and
0.04 g of DAP (Section 2.1.2, denoted CECM-DAP), or 2 g of CECM,
0.04 g of DAP, and 1.8 μM Hg2+ (Section 2.1.2, denoted CECM-DAP-
Hg)were separated by centrifugation at 5000 rpm for 20min. After sep-
aration, about 20 mL of deionized water was added to the tubes and
mixed with the precipitated CECM. This suspension was shaken using
a reciprocal shaker at 60 rpm for 30 min, and then the precipitates
were collected by centrifugation as discussed above. The washing pro-
cess was repeated three times. After washing, the precipitates were col-
lected, freeze-dried, and stored at−18 °C for spectroscopic analysis.

2.2. Characterization of the original CECM and CECM-DAP using Fourier-
transform infrared spectroscopy (FTIR), and Scanning electron microscope
(SEM)-EDX spectroscopy

FTIR spectroscopic analysis: The original CECMwas mixed homoge-
neously with KBr, and then the mixtures were pressed with a hydraulic
press to form a pellet. The infrared spectra of sample was then collected
under conditions ranging from 4000 to 700 cm−1 with peak resolution
of 4 cm−1 using an AIM-8800 infrared microscope (Shimadzu Co.,
Tokyo, Japan). SEM-EDX spectroscopic analysis: Samples were coated
with carbon, and their morphology and chemical compositions were
characterized using a scanning electron microscope (JSM-6460LV,
JEOL USA Inc., MA, America) with energy dispersive X-ray spectroscopy
(EDAX, Ametek Inc, NJ, USA).

2.3. Characterization of CECM-DAP-Hg using TEM-EDX and EXAFS
spectroscopy

TEM-EDX spectroscopic analysis: Freeze-dried CECM-DAP-Hg pow-
ders were dispersed with 50% ethanol, mounted in a carbon-covered
copper grid, and analyzed using an analytical transmission electron mi-
croscope (Tecnai G2 F20 S-TWIN TMP, FEI Co., America)with energy dis-
persive X-ray spectroscopy (EDAX, Ametek Inc, NJ, USA). EXAFS
spectroscopic analysis: Freeze-dried CECM-DAP-Hg powders were
pressed into a thin pellet for analysis. The reference compounds used
to investigate the oxidation states and chemical structures of Hg in-
cluded cinnabar (α-HgS), metacinnabar (β-HgS), mercuric oxide
(HgO), mercuric chloride (HgCl2), and mercuric acetate [(CH3COO)
2Hg]. All Hg reference compounds were mounted on Kapton tape for
Hg LIII-edge EXAFS spectroscopic analysis. Mercury LIII-edge X-ray ab-
sorption spectra were obtained at the EXAFS station (1W1B) of the Bei-
jing Synchrotron Radiation Facility (BSRF)with 2.5 GeV electron energy,
250 mA electron current, and energy resolution (ΔE/E) of 1–3 × 10−4.
An energy range of −200–800 eV from the LIII edge of Hg (12.28 keV)
was used to acquire the spectra. Data for CECM-DAP-Hg was collected
in fluorescencemode using a 19-element high-purity Ge solid-state de-
tector under ambient conditions, and data for the Hg reference com-
pounds were obtained in transmission mode. Data normalization
(background correction) along with cubic spline interpolation was per-
formed using the IFEFFIT software package (Ravel and Newville, 2005).
For data normalization, the E0 of all Hg LIII-XAS spectra was set to
12,284 eV; the pre-edge range was−200 eV–45 eV and the normaliza-
tion range was 150–800 eV. The background was removed using the
AUTOBAK algorithm of Athena software, with the Rbkg parameter set
to 1.1 and a k-weight of 2. The XANES LIII-edge spectral of the standards
and samples were plotted with the energy ranged between 12.25 and
12.40 keV (Fig S1 in supporting information).

The Artemis program was used for EXAFS data processing. Theoret-
ical scattering pathswere calculated using FEFF, and based on the struc-
ture of model Hg compounds including HgO (Aurivillius, 1964), Hg3
(PO4)2 (Aurivillius and Nilsson, 1975), (NH4)2HgCl2(NO3)2 (Peter and
Gerd, 2002), and Hg3(AlCl4)2 with partial P-for-Al substitution (Ellison
et al., 1972). The shell fitting was performed on the Fourier transform
real part between 1.15 and 3.5 Å using a Hanning window (dk value
= 1) and optimizing over k-weights of 1, 2 and 3 (Tiberg et al., 2013).
The quality of the EXAFS spectral fitting was examined by means of
goodness-of-fit (R-factor), visual examination of the fitting spectral,
the evaluation of the value of ΔE0 and Debye-Waller factors (σ2).

2.4. Field trial

Afield trial was carried out atWanshanHgmine in southwest China.
Two sites of contaminated farmlands near Hgwaste piles were selected
for in situ immobilization. A plot of about 12 m2 was selected at each
site, of which 6 m2 was designated as the control, while the rest was
used for CECM + DAP treatment. The application doses of CECM and
DAP were 30 g and 0.5 g per kilogram of soil, respectively. Assuming
that the target soil depth for remediation is 20 cm and the soil bulk den-
sity is 1.2 g cm−3 (Wang et al., 2011a), the total weight of the soils
(6 m2) is calculated to be 1.44 ton. Thus, 43.2 kg of CECM and 7.2 kg
of DAP were added to the soils in each treated plot. After this addition,
the soil and immobilization agentswere homogenized using a rotary til-
ler (Fig. S2) at a tilling depth of 20 cm and left for one month to reach
equilibrium. Seeds of pak choi (Brassica chinensis) and radish
(Raphanus raphanistrum) were sown directly into each plot. Agronomic
management protocols were performed manually in each field plot as
required. The pak choi and radish seedlings were maintained for 50
and 156 days, respectively. During plant harvest, three individual crop
samples and soil (0–20 cm depth) were collected randomly from each
control and treated plot (CECM and DAP). Plant samples were washed
using purified water, air-dried, and then ground to powder using an
electrical grinder. Soil samples were air-dried and homogenized using
an agate mortar.

2.5. Chemical analysis

The soil pH was determined using a pHmeter (Hanna HI3M; Hanna
Instruments INC, RI, USA) after mixing each sample with deionized
water (1:2.5 w/w). Soil organic matter (OM) was measured using the
method of Lu (2000). The total Hg content in the soils was determined
via cold vapor atomic absorption spectrometry (CVAAS) using an
F732-V Hg analyzer (Huaguang Instruments, Shanghai, China) after
the digestion of sample in fresh aqua regia (HNO3:HCl = 1:3, v/v) at
95 °C for 3 h. The geochemical fractions of Hg in the soils were charac-
terized using the method of Wang et al. (2012a). The total Hg contents
in plant materials were determined directly using a Lumex RA915+
mercury analyzer equipped with a Pyro 915+ pyrolysis attachment
(Lumex Ltd., St. Petersburg, Russia), which has a detection limit of
0.2–5 ng g−1.

2.6. Data analysis and quality assurance

The percentage of Hg removed from solutions was calculated ac-
cording to the following equation (Eq. (1)):

Hg %ð Þremoved ¼
Hginitial−Hgequilibrium

� �

Hginitial
� 100% ð1Þ

where Hgremoved refers to the percentage of Hg removed from a solution
(%); Hginitial represents the initial Hg concentration (mg L−1) in the so-
lutions; and Hgequilibrium is the Hg concentration (mg L−1) in the solu-
tions after adsorption.

The Hg removal capacity of immobilization agents was calculated as
follows (Eq. (2)):

Q ¼
Hginitial−Hgequilibrium

� �
� V

M
ð2Þ



Fig. 2. Scanning electron microscopy (SEM) images and energy-dispersive X-ray (EDX) spectr
(CECM) (A, ①, ②) and diammonium phosphate-modified CECM (B, ③, ④), respectively. Th
interpretation of the references to color in this figure legend, the reader is referred to the web

Fig. 1. Fourier transform infrared spectroscopy (FTIR) spectra of calcium carbonate-
enriched clay mineral (CECM).
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where Q indicates the Hg removal capacity of the immobilization
agents (mg g−1); Hginitial refers to the initial Hg concentration
(mg L−1) in the solutions; Hgequilibrium is the Hg concentration
(mg L−1) in the solutions after adsorption; V represents the volume
of the solution (L); and M is the mass (g) of immobilization agents
added.

Standard reference materials (SRM) GBW10020 and GBW
(E) 070009 manufactured by the Institute of Geophysical and Geo-
chemical Exploration, China, were utilized for plants and soils ana-
lytical QC, respectively. The average measured contents of Hg in the
plant (GBW10020) and soil (GBW (E) 070009) standards were 0.13
± 0.01 mg kg−1 (n = 3) and 2.1 ± 0.03 mg kg−1 (n = 3), respec-
tively, which are comparable with the certified values of 0.15 ±
0.02 and 2.20 ± 0.40 mg kg−1. The relative percentage difference
among replicates for soil and plant samples were b11% and b8%,
respectively.
a obtained from four sites, showing the original calcium carbonate-enriched clay mineral
e red circles on the SEM images show the sites where EDX analysis was conducted. (For
version of this article.)

Image of Fig. 2
Image of Fig. 1
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We used SPSS software version 17.0 to perform statistical analysis.
Significant differences among treatments at the p b 0.05 level are indi-
cated using different lower-case letters.
3. Results and discussion

3.1. Characterization of CECM and CECM-DAP

The FTIR spectral of the original CECM is shown in Fig. 1. The pres-
ence of a broad band at 3469 cm−1 is probably due to the HO-H vibra-
tion of water molecules adsorbed on the silicate surface (Djomgoue
and Njopwouo, 2013). Bands at 1037 cm−1 and 2873 cm−1 correspond
to stretching vibration of the Si\\O group (Alabarse et al., 2011) and the
\\CH2 group (Tyagi et al., 2006), while 1423 cm−1 and 1799 cm−1 cor-
respond to asymmetric stretching of the C\\O bond (calcite) (George
and Marcopoulos, 1995), and stretching of the C_O bond (Guo et al.,
2017), respectively. Bands at 1423 cm−1 and 875 cm−1 were the char-
acteristic of calcite (Xia et al., 2018).

The SEM images of both CECMand CECM-DAP are displayed in Fig. 2.
Both the original CECM (Fig. 2-A) and CECM-DAP (Fig. 2-B) show very
similarmorphological properties, whichwere dominated by anomalous
polyhedrons. However, the edges of those anomalous polyhedrons in
the CECM-DAP appear flocculent (Fig. 2-A, -B). We used EDX spectros-
copy to characterize the chemical compositions of the edges of those
anomalous polyhedrons, and found that the main elements in both
the CECM and DAP-CECM were calcium (Ca), and oxygen (O), with
minor amounts of magnesium (Mg), Aluminum (Al), and Silicon (Si)
(Fig. 2 ①, ②, ③, ④). However, the strong signal of phosphorus
(P) was detected in the CECM-DAP. It appears that addition of DAP led
to the formation of P-associated complexes in the minerals, which
were associated with Ca, Mg, Al, Si, or a combination of these in the
CECM-DAP.
Fig. 3. The kinetics of Hg removal by calcium carbonate-enriched clayminerals (CECM), diamm
in solutions containing 1.8 μMHg2+ (A: Hg removal by CECM or DAP; B: Hg removal by CECM a
(C), and the impact of initial concentrations of Hg in the solutions on Hg removal by CECM an
legend 1:1, 1:1.25, 1:5, 1:8, 1:10, 1:15, 1:20, and 1:50 means the ratio of DAP to CECM (w/w)
3.2. Mercury removal by CECM and/or DAP from solutions

Fig. 3 shows the kinetics of Hg removal by CECM, DAP, and a combi-
nation of the two, which reached equilibrium at 180 min in all treat-
ments. Application of DAP at four levels (0.9%, 2.2%, 3.5%, and 4.4%)
removed b10% of Hg from the solutions (Fig. 3-A), perhaps due to the
precipitation of Hg with phosphate as Hg3(PO4)2 (Oliva et al., 2011).
The CECMwas more efficient for Hg removal than DAP, and its applica-
tion doses of 0.9%, 2.2%, 3.5%, and 4.4% resulted in the removal of 20%–
34% of Hg2+ from solutions. The mechanism of Hg removal by CECM
might be due to the surface complexation of Hg2+ by hydroxyl groups
(e.g., `SiOH) as we identified by FTIR spectroscopy (Fig. 1) (Tiffreau
et al., 1995), and/or the surface precipitation of Hg2+ with Fe oxides
(`Fe-OHgOH) (Bonnissel-Gissinger et al., 1999). Also, the surface pre-
cipitation of Hg2+ with calcite-enriched minerals might occur, as ob-
served for Cd [(Cd,Ca)CO3] (Peña-Rodríguez et al., 2013). As shown in
Fig. 3-B, the introduction of DAP with CECM greatly improved the re-
moval efficacy of Hg (over 90%) in comparison to the non-DAP treat-
ment (Fig. 3-A). The extent of this removal was enhanced with
increasing mass ratio of CECM to DAP. When the ratio of CECM to DAP
was 50:1, its Hg removal efficacy was similar to that of 20:1, suggesting
that the reactions between Hg and CECM + DAP might reach equilib-
rium at this treatment level (CECM:DAP = 50:1). It seems that the
higher mass ratio of CECM to DAP led to a greater removal of Hg from
the solutions in our study, which might be due to the higher stability
of the minerals/complexes (e.g., magnesium phosphate) produced by
their reactions (Sugama and Kukacka, 1983). We further investigated
the impact of pH on Hg removal by CECM and DAP (mass ratio =
50:1). As displayed in Fig. 3-C, no significant difference in Hg removal
efficacy was observed when the solution's pH ranged between 4 and
10, which differed from prior studies on clay minerals showing that
Hg adsorption was affected significantly by pH. For example, the maxi-
mum adsorption of Hg by bentonite occurred at acidic pH condition (pH
onium phosphate (DAP), and a combination of CECMand DAP at different treatment levels
nd DAP). The impact of pH on Hg removal by CECM+DAP (50:1, w/w) from the solutions
d DAP (50:1, w/w) (D). Error bar indicates the standard deviation of three replicates; The
(B); Q means the Hg removal capacity of the immobilization agent (mg g−1) (D).

Image of Fig. 3
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= 3–3.5) (Viraraghavan and Kapoor, 1994), while by laterite appeared
at alkaline condition (pH = 8) (Yu et al., 2008). The pH affects Hg re-
moval by clay minerals mainly through changing the Hg speciation in
the solution. The adsorption of Hg by hydroxyl groups favored acidic en-
vironment because of the dominance of Hg2+ and HgOH+ in the solu-
tions (Viraraghavan and Kapoor, 1994). The less impact of pH (4–10)
on Hg removal by CECM and DAP indicates that this Hg immobilization
process is relatively resistant to the change of the Hg speciation in the
solutions, perhaps through a mechanism of co-precipitation. The maxi-
mum removal capacity (Q) of 37 mg g−1 was obtained with a solution
containing 2 g of CECM and 0.04 g of DAP. The Hg removal capacity of
CECMandDAPwas similar to that of other naturally-produced sorbents,
but lower than the synthesized- and chemically-modified sorbents re-
ported by prior studies, as shown in Table S2. The characterization of
isotherm for Hg2+ can be described using a linear isotherm over the
Hg concentration range of 0.4 to 298 μM in the solutions (Fig. 3-D).
When Hg concentration exceeds about 298 μM, its removal reached
equilibrium. The linear isotherm model for Hg2+ removal by CECM
and DAP differ from previous studies where the Langmuir isotherm
and the power function kinetic model was used for Hg2+ removal by
biochar (O'Connor et al., 2018) andwater treatment residual nanoparti-
cles (Elkhatib et al., 2017), respectively. The presence of linear isotherm
indicates the constant removal of ions by the minerals, perhaps due to
the change of internal structure of adsorbents makes more available
Fig. 4. Transmission electron microscopy images (① and②) and energy-dispersive X-ray (EDX
where EDX analysis was conducted. Copper signals derive from the copper grid. (For interpretat
of this article.)
sites for reaction. Giles et al. (1974) illustrated that the changed site in
those adsorbents could be in a structure similar with “micropore”, and
the process of contaminants penetration into the “micropore” thus pro-
ceeds steadily since the “micropore” remains constant in number until
they are occupied. We characterized the chemical speciation of Hg in
CECM-DAP-Hg by methods of TEM-EDX and EXAFS spectroscopy to re-
veal the mechanism of Hg immobilization by CECM and DAP.

3.3. Chemical speciation of Hg in CECM-DAP-Hg

As shown in Fig. 4, the edge of the mineral particle (thick and dark
area)was surrounded by filamentous or floccus-like deposits, compara-
ble with SEM images (Fig. 2). Those filamentous or floccus-like deposits
might be the products from the reactions of CECM and DAP, which
mainly consisted of Ca-, Mg-, Al-, Si-, P-, and Fe-containing minerals as
evidenced by EDX spectroscopy. We did not detect any Hg signal in
the mineral particles surveyed (thick and black area), but detected
that in those filamentous or floccus-like deposits (Fig. 4-A, -B). It thus
appears that Hgmight associate with Ca,Mg, Al, Si, and Fe in the studied
minerals. However, the reactions between DAP and Si or Fe oxides were
rarely reported and appeared to be difficult to proceed under natural
condition (Taylor et al., 1965), while that and CaCO3 or Mg oxides had
been documented (da Silva et al., 2016; Kirinovic et al., 2017). The
(NH4)2HPO4 reacted with CaCO3 and Mg oxides to produce calcium
) spectra (③ and④) of CECM-DAP-Hg. The red squares on the TEM images show the sites
ion of the references to color in this figure legend, the reader is referred to theweb version

Image of Fig. 4


Table 1
Simulated Hg LIII-edge EXAFS parameters for CECM-DAP-Hg.

Sample K range (Å) Path CN ΔE0 R (Å) σ2 (Å2) R-factor

CECM-DAP-Hg 2.8–10.8 Hg‐O 2a 3.19 2.01 0.007 0.006
2.8–10.8 Hg‐P 2a 3.19 2.34 0.009 0.006
2.8–10.8 Hg‐P 2a 3.19 3.07 0.003 0.006
2.8–10.8 Hg‐N 2a 3.19 3.62 0.02 0.006

a Means the coordination numbers are derived from the model compounds.

Fig. 5. The k2-weighted EXAFS spectra (A), and corresponding Fourier-transform
magnitude (B) for the CECM-DAP-Hg. Green solid lines are data and red dashed lines
are nonlinear least-squares fits. (For interpretation of the references to color in this
figure legend, the reader is referred to the web version of this article.)
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phosphate gel (L. Wang et al., 2012) and magnesium phosphate (Buj
et al., 2010) respectively,whichhave been documented to be able to im-
mobilize Cr3+, Cu2+, Pb2+, Zn2+ and Cd2+ via adsorption, surface com-
plexation, bulk substitution and the precipitation of metal-bearing
phases (Rouff, 2012; Rouff et al., 2016; Cho et al., 2014; Lyczko et al.,
2014). Those reactions might have happened in our study, and contrib-
uted to Hg removal. We further studied the Hg coordination environ-
ment in the CECM-DAP-Hg using EXAFS spectroscopy to demonstrate
which elements coordinated with Hg.

The Hg LIII-edge XANES spectra of Hg standards and CECM-DAP-Hg
is shown in Fig. S1. A weak adsorption peak at 12.289 keV was found
in the near-edge region of Hg LIII-edge spectra for HgO and HgCl2,
which could be due to the 2p to 5dz2 electron transition (Gibson et al.,
2011). Also, the Hg LIII-edge spectra for CECM-DAP-Hg was character-
ized by a small peak at 12.289 keV, suggesting that Hg in CECM-DAP-
Hg presents in a similar coordination environment as HgCl2 or HgO, in
which Hg coordinated linearly with two oxygen or chloride atoms
(Manceau et al., 2015). Further structural information on CECM-DAP-
Hg was revealed by EXAFS analysis. The k2-weighted EXAFS spectra,
and corresponding Fourier-transform magnitude for the CECM-DAP-
Hg is shown in Fig. 5. The calculated values of R-factor, ΔE0 and
Debye-Waller value (σ2) were 0.006, 3.16, and 0.003–0.02 (Table 1), re-
spectively, comparable with previously reported values (Kim et al.,
2004). Spectral for Hg of CECM-DAP-Hgwasmodeledwith thefirst scat-
tering path of HgO (Hg‐O). Thereafter, we compared the fitting results
from different models for optimal fits, and found that the fit was im-
proved noticeably when we used the first three paths from theoretical
models of HgO [First path, Hg‐O], Hg3(AlCl4)2 with partial P-for-Al sub-
stitution [second path: Hg‐P], Hg3(PO4)2 [third path: Hg‐P], and (NH4)
2HgCl2(NO3)2 [fourth path: Hg‐N]. Estimated bond length of Hg‐O, Hg‐
P, Hg‐P, and Hg‐N was 2.01 Å, 2.34 Å, 3.07 Å and 3.62 Å respectively.
The coordination numbers are 2 for Hg for all the shells, indicative of a
linear ‐N‐P‐P‐O‐Hg‐O‐P‐P‐N‐ configuration. The Hg‐O distance (2.01
Å) derived from EXAFS spectral fit of CECM-DAP-Hg was comparable
with that of Hg(II) sorption on mineral surfaces of goethite, γ-
alumina, and bayerite where the Hg‐O distances were reported as
1.99–2.07 Å (Kim et al., 2004; Serrano et al., 2012). The presence of
two Hg‐P bonds at the second and third shells is consistentwith the ob-
servation of the close association between P and Hg in the CECM-DAP-
Hg as shown by our TEM-EDX results. Also, considering the low molar
ratio of Hg/P of the CECM-DAP-Hg of 0.01, Hg atoms could be
surrounded by P atoms. We observed Hg‐N bond at the fourth shell,
demonstrating the involvement of NH4

+ in the reaction.
In summary, our TEM-EDX and EXAFS results showed that the reac-

tion of CECM and DAP led to the formation of filamentous and/or
floccus-like deposits, in which Hg might be immobilized by precipitat-
ingwith P-associatedminerals (e.g., calcium phosphate gel, magnesium
phosphate) (Lyczko et al., 2014; L. Wang et al., 2012) as ‐HgO2P2P2N2‐
configuration.

3.4. Field trial

As shown in Fig. S2, we conducted field trials to investigate the po-
tential of using CECM and DAP for treating contaminated farmlands.
Two experimental plots had soil Hg contents of 107 and 58 mg kg−1,
which are 71- and 39-fold, respectively, above the maximum allowable
Hg content determined by the Chinese government for farmland
(CNEPA, 1995). The pH of these soil samples was neutral to slightly al-
kaline, and organic matter content was 44–46 g kg−1 (Table S3).
These plots were chosen because they were still under cultivation.

The geochemical fractions of Hg in the soils were characterized be-
fore and after the experiment (Fig. S3). No significant fractionation of
Hg was observed between the control and initial soils, suggesting that
growing crops had a weaker effect on Hg geochemical fractionation in
our soils (Wang et al., 2017). The application of both CECM andDAP sig-
nificantly decreased the bioavailable Hg content (sum of soluble and
exchangeable, and specifically sorbed Hg) by 43%–54% compared to
both initial and untreated (control) soils in two experimental farm-
lands. This finding is compatible with our adsorption experiment,
wherein both CECM and DAP caused a significant reduction in the Hg
concentration of the solution (Fig. 3). The mechanism of this Hg reduc-
tion in the soils might be the one that we proposed in Section 3.3. In the
plot where pak choi was grown, the content of Fe/Mn oxides in the
treated soils also decreased noticeably, by 62%–66%, compared with
the levels in both the initial and control soils. However, the differences
in the organic-bound and residual Hg fractions among the initial, con-
trol, and treated soils were not significant in two experimental plots.
The application of CECM and DAP significantly increased the fresh bio-
mass of pak choi roots and shoots compared with that in the control
(Fig. S2-D; Table 2), whereas this treatment did not notably affect the
biomass of radish. The increase of biomass in pak choi is probably due
to enhanced fertility and improved soil structure by DAP and CECM
(Bronick and Lal, 2005). Therefore, both CECM and DAP may be used
to treat contaminated farmlands atWanshanHgminewithout reducing
the biomass yield of the crops.

Image of Fig. 5


Table 2
Pakchoi's and Radish's fresh biomass yield [g] and Hg contents [mg Hg per kg of fresh biomass]. Mean ± sd (n = 3).

Treatments Pakchoi root Pakchoi shoot Radish root

Control Biomass yield [g] 0.4 ± 0.07 a 3.5 ± 0.2 a 73.8 ± 5.7 a
Hg content [mg kg−1] 0.08 ± 0.04 a 0.4 ± 0.006 a 0.015 ± 0.005 a

CECM + DAP Biomass yield [g] 1.2 ± 0.2 b 8.8 ± 1.8 b 83.1 ± 10.4 a
Hg content [mg kg−1] 0.04 ± 0.01 b 0.24 ± 0.05 b 0.007 ± 0.002 b

The different lower case letters in each columnmeans the difference in biomass yield or Hg content between control and CECM+DAP treatment is significant at p b 0.05. According to the
Chinese environmental quality for food products (GB 2762–2012), the maximum allowable Hg content in the edible section of vegetables is 10 ng g−1 [mg Hg per kg of fresh biomass].
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The contents of Hg in the shoots of pak choi (0.4 mg kg−1) and roots
of radish (0.015mg kg−1) (edible sections) grown in the untreated soils
were 40- and 1.5-fold higher than the maximum allowable Hg content
in the edible section of vegetables (0.01 mg kg−1; fresh weight) based
on food quality standards set by the Chinese government (CNEPA,
2012). The application of CECM + DAP dramatically decreased the Hg
content in the roots and shoots of pak choi and the roots of radish by
50%, 40%, and 53%, respectively, compared with the level in the corre-
sponding controls (Table 2). It should be noted that the Hg contents in
the roots of radish in the treated soils were lower than the Chinese stan-
dard (CNEPA, 2012). These results might be explained by the reduction
of the bioavailable Hg pool in the soils by CECM and DAP.

Our work showed promising results in the form of a significant re-
duction of the Hg content in the edible sections of two crops after
CECM and DAP treatment, in particular lowering the content of Hg in
radish roots below the Chinese food quality standard. It should be
noted that a certain proportion of Hg in the shoots of pak choi might
be sourced from the atmosphere (Manceau et al., 2018), as the recorded
atmospheric Hg0 concentrations of 17–2100 ng m−3 at Wanshan Hg
mine (Dai et al., 2012) could lead to Hg accumulation by leaves. Thus,
despite decreased bioavailable Hg in the soil, Hg might be adsorbed
from the atmosphere into the shoot. In this context, CECM and DAP
may be used to decrease the bioavailable Hg content of contaminated
soil, and prevent its transfer into crops. Meanwhile, the long-term per-
formance of our immobilizing agents in Wanshan soils will be revealed
in our future studies.

4. Conclusions

The application of CECMandDAP efficiently removedHg2+ from so-
lutions (N90%) after 180 min, and the optimum ratio of CECM to DAP
was 50:1 (w/w). Mercury removal was minimally affected by CECM
and DAPwhen the pH values ranged between 4 and 10 in our solutions.
Themaximum removal rate of HgbyCECMandDAPwas 37mg g−1. The
removal of Hg by CECMand DAPmay be through amechanism of a pre-
cipitation of Hg by P-associatedminerals, as evidenced by the TEM-EDX,
and EXAFS results. The application of CECM and DAP significantly de-
creased the bioavailable Hg content compared with those in the initial
and control soils, but did not affect the geochemical forms of Hg associ-
ated with the organic matter and residual fractions. The application of
CECM and DAP significantly increased the biomass yield of pak choi
comparedwith that of the control, but did not affect that of radish. In ad-
dition, CECM and DAP treatments resulted in dramatic reduction (40%–
53%) of Hg content in the two crops, particularly for the content of Hg in
the radish roots to below the Chinese food quality standard. The results
of this study suggest that CECMandDAPmay be used to remediate con-
taminated farmlands in the Hg mining region in southwest China.
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