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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Rice hull biochar enhanced the abun
dance of aromatic hydrocarbon 
degraders. 

• Biochar-derived organic matter 
increased microbial interactions and Hg 
methylation. 

• MeHg content decreased without sub
strate input under oxidizing conditions. 

• Actinobacteria and nitrogen-fixing 
genus Hyphomicrobium supported MeHg 
degradation. 

• Microbial networks were more impor
tant than single species in Hg 
transformation.  
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A B S T R A C T   

Mercury (Hg) contaminated paddy soils are hot spots for methylmercury (MeHg) which can enter the food chain 
via rice plants causing high risks for human health. Biochar can immobilize Hg and reduce plant uptake of MeHg. 
However, the effects of biochar on the microbial community and Hg (de)methylation under dynamic redox 
conditions in paddy soils are unclear. Therefore, we determined the microbial community in an Hg contaminated 
paddy soil non-treated and treated with rice hull biochar under controlled redox conditions (< 0 mV to 600 mV) 
using a biogeochemical microcosm system. Hg methylation exceeded demethylation in the biochar-treated soil. 
The aromatic hydrocarbon degraders Phenylobacterium and Novosphingobium provided electron donors stimu
lating Hg methylation. MeHg demethylation exceeded methylation in the non-treated soil and was associated 
with lower available organic matter. Actinobacteria were involved in MeHg demethylation and interlinked with 
nitrifying bacteria and nitrogen-fixing genus Hyphomicrobium. Microbial assemblages seem more important than 
single species in Hg transformation. For future directions, the demethylation potential of Hyphomicrobium 
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assemblages and other nitrogen-fixing bacteria should be elucidated. Additionally, different organic matter in
puts on paddy soils under constant and dynamic redox conditions could unravel the relationship between Hg (de) 
methylation, microbial carbon utilization and nitrogen cycling.   

1. Introduction 

Human exposure to mercury (Hg) is a health problem worldwide. Hg 
exists in different forms, including bioavailable inorganic mercury 
(Hg2+) and bioaccumulative organic mercury compounds such as 
methylmercury (MeHg: CH3Hg+). MeHg is frequently found in Hg 
contaminated paddy soils and can accumulate in rice plants from where 
it directly enters the food chain [1,2]. The daily intake of MeHg should 
not exceed 0.1 µg/kg body weight since it can cause severe neurotoxic 
diseases in the human body [3]. 

Increased MeHg production occurs under water level fluctuations 
with dynamic redox conditions which makes Hg contaminated paddy 
soils hot spots for Hg methylation [4-6]. MeHg is formed under anoxic 
conditions by microorganisms [7,8] carrying the Hg methylation genes 
hgcA and hgcB [9]. The hgcAB genes and homologues were detected in 
bacterial species from the phyla Proteobacteria and Firmicutes as well as 
Archaea [9,10]. These phyla mainly linked Hg methylation to sulfate 
reduction, iron reduction and fermentation as well as to methanogenesis 
[11-13]. Until now, only a few anaerobic bacterial species with the 
hcgAB gene pair have been identified. Likewise, correlations between 
expression of hgcAB and net Hg methylation are lacking, which poten
tially indicates that microbial community Hg methylation may be 
broader than previously suspected [14,15,5]. Putative non-methylators 
could indirectly support the formation of MeHg by unknown methyl
ation pathways or other processes [16]. The genes merA and merB were 
found responsible for MeHg demethylation and have been detected in a 
broad range of microorganisms [17,18]. Hg methylation and MeHg 
demethylation are processes that can occur simultaneously with 
different net rates [19,20]. A species of the genus Geobacter was found to 
be capable of methylating Hg and demethylating MeHg [18], while 
species from the genus Clostridium and others might also play important 
roles in both processes [6,18]. 

Hg methylation and demethylation in paddy soils depends on many 
biochemical factors including the activity and the composition of the 
microbial community [21,13,2,18], but also on the concentration of 
total Hg and Hg species [22,23], sulfur and iron species as well as other 
redox sensitive compounds [2,6]. Furthermore, organic matter has 
binding sites for Hg controlling Hg bioavailability and affecting Hg 
methylation [24,25,5]. Organic matter donates electrons to the anaer
obic microorganisms responsible for Hg methylation [26-28]. Therefore, 
organic matter inputs to paddy soils can enhance the transformation of 
Hg and increase MeHg contents [26-28]. 

Biochar is able to immobilize Hg by its binding sites and prevents the 
uptake of MeHg in the rice plant [1,29]. However, in Hg contaminated 
soils under flooding and controlled redox potential (EH) changes, pine
cone biochar showed only limited effects on Hg immobilization [30] and 
no effects on dissolved MeHg concentrations [31]. Rice hull biochar 
even increased MeHg concentrations in the solid phase of a paddy soil 
under flooding and controlled EH conditions [32]. Those studies focused 
on regulating effects of dynamic redox conditions and biochar on Hg 
species. However, the influence of biochar on microbial community 
structure is inconsistent [33-35]. Biochar did not alter the microbial 
community in a paddy soil based on phospholipid fatty acid (PLFA) 
profiling [35], while it changed the microbial community determined by 
16 S rDNA sequencing [33,34]. Biochar can - depending on the pyrolysis 
temperature - provide microbial communities with nutrients and avail
able carbon and increase microbial activity [36]. A more active micro
bial community enhances net Hg methylation [28]. Under simulated 
flooding, biochar application and controlled EH changed PLFA profiles 
[30,31]. 

However, the regulating effect of biochar on Hg (de)methylation via 
microbial community alteration under controlled redox conditions has 
been rarely studied. How biochar-derived carbon and nutrients lead to 
changes in microbial community structure and functions that impact Hg 
methylation and MeHg demethylation is an area that requires further 
examination. Redox condition changes could affect biochar-derived 
carbon and nutrients as well as a broad range of redox sensitive ele
ments and compounds which might influence microbial-mediated Hg 
(de)methylation. Our specific aims were the following: (1) elucidate the 
reciprocal influence of Hg (de)methylation, dissolved organic carbon 
(DOC) and redox sensitive elements and compounds by redox-driven 
microbial metabolisms; (2) unravel the impact of EH and rice hull bio
char on microbial community alteration; and (3) elucidate the associa
tions between microbial taxa and Hg (de)methylation by various 
statistical analyses including network analysis. 

Therefore, a paddy soil treated with and without rice hull biochar 
was flooded in the laboratory and the EH was stepwise increased from 
reducing (< 0 mV) to oxidizing (> 500 mV) conditions using an auto
mated biogeochemical microcosm system. The soil was collected after 
aging in the field for three months to enable microbial adaption to 
biochar. MeHg, total Hg, DOC as well as redox sensitive elements and 
compounds (e.g. iron, manganese, sulfur, nitrate and sulfate) were 
measured and the microbial community was analyzed under controlled 
EH by pre-set redox windows. We combined PLFA analysis and 16 S 
rDNA next-generation sequencing to get a comprehensive picture of the 
microbial community composition. 

2. Material and methods 

2.1. Sampling location and characterization of soil and biochar 

Samples were taken from experimental paddy fields at the Wanshan 
Hg mining region in China (N 27◦ 33’ 56, E 109◦ 13’ 52), which were 
cultivated with rapeseed, corn and rice in rotations. The control paddy 
soil had no biochar application, while the treated paddy soil was 
amended with 72 t ha− 1 rice hull biochar (pyrolyzed at 550 to 600 ◦C) 
using a rotary cultivator with a depth of 20 to 30 cm. The rice hull 
biochar aged for three months in the field before sampling. Samples of 
the non-treated and the biochar-treated paddy soil were taken randomly 
from the top layer (1 – 30 cm). The soil samples were air-dried and 
sieved (< 4 mm). Soil texture was characterized as a sandy loam. The 
content of total mercury in the paddy soil was 39.8 mg/kg (Tab. S1). The 
application of biochar to the paddy soil increased the total carbon 
content (50 g/kg compared to 25 g/kg), the total nitrogen content (3.5 
g/kg compared to 3.2 g/kg) and the methylmercury content (4.3 µg/kg 
compared to 2.5 µg/kg). More details about the sampling site as well as 
the characterization of the biochar and the soil samples was done by 
Xing et al. [1,32]. 

2.2. Biogeochemical microcosm experiment 

We used an automated biogeochemical microcosm (MC) system to 
simulate flooding and control the EH of the paddy soils. The MC system 
regulated the EH by automatically inserting N2 (for decreasing EH) or 
synthetic air/O2 (for increasing EH). MC glass vessels were filled with 
210 g of soil and tap water in the ratio of 1:8. No additional substrate 
was added to be able to observe the effect of the biochar treatment. The 
vessels were sealed air-tight and wrapped in aluminum foil to avoid 
algae growth. The soil slurry was steadily stirred (between 500 and 600 
rpm) to support homogeneous conditions. EH (measured with an Ag/ 
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AgCl electrode and standardized to the hydrogen electrode), pH and 
temperature were measured with electrodes (Sensortechnik Meinsberg, 
Germany). The system automatically monitored the EH, pH and tem
perature in each MC every ten minutes using a data-logger (LogTrans 16- 
GPRS, UIT, Dresden, Germany). Detailed setup information for the MC 
system was described by Yu and Rinklebe [37]. A soil suspension volume 
of 80 mL was taken at each sampling point. We conducted the first 
sampling one hour after flooding (initial), the next sampling at the 
lowest EH established in the system (for control at - 10 mV and for 
biochar-treated paddy soil at - 60 mV). Afterwards, we increased the EH 
stepwise to predefined windows from reducing to oxidizing conditions: 
0 mV, + 100 mV, + 200 mV, + 300 mV, + 400 mV, + 500 mV, + 550 mV 
(+ 600 mV for biochar treatment). Samples were taken at each of these 
redox windows, when the EH was stable for at least 24 h. Each sample 
was centrifuged for 15 min (at 5000 rpm) and separated into a solid 
phase sample and a soil solution sample (filtration with 0.45 µm mem
branes) under anaerobic conditions in an anaerobic workstation 
(Whitley A35 Anaerobic Work Station, Don Whitley Scientific, Shipley, 
UK). The soil solution samples were separated into four subsample sets 
and analyzed for total mercury (Hg), methylmercury (MeHg), dissolved 
organic carbon (DOC), nitrate, sulfate as well as for further redox sen
sitive elements (S, Fe, Mn). The solid phase samples were analyzed for 
MeHg and for the microbial community. Subsamples were freeze-dried 
and used for PLFA extraction, DNA extraction and next-generation 
sequencing. 

2.3. Chemical analyses of the soil solution and solid phase samples 

We extracted MeHg from the solid phase samples of the initial and 
three redox windows (the lowest EH with < 0 mV, 200 mV and > 500 
mV) after the method of Liang et al. [38] using a mixture of CuSO4-
methanol. Phase separation was done with dichloromethane (CH2Cl2) 
and the extracted MeHg was then measured by cold vapor atomic 
fluorescence spectroscopy (CVAFS, Brooks Rand Instruments, USA). 

For the analysis of dissolved total Hg and MeHg, a subsample set of 
the soil solution was acidified with concentrated HCl (45%). Hg con
centrations were measured by a DMA-80 Hg analyzer (Milestone Srl, 
Sorisole, Italy) with an absolute detection limit of 0.05 ng. MeHg con
centrations in the subsamples were determined in accordance with 
method 1630 of the U.S. Environmental Protection Agency [39]. 
Another subsample set of the soil solution was analyzed for dissolved 
organic carbon (DOC) and total dissolved nitrogen (TDN) using a 
C/N-analyzer (multi N/C 2100 S, Analytik Jena, Germany) as well as 
nitrate (NO3

- ) and sulfate (SO4
2-) using an ion chromatograph (Personal 

IC 790, Metrohm, Filderstadt, Germany) with a detection limit of 0.03 
mg/L. A third subsample set was used to measure the “average” absor
bance of UV light at 254 nm by the molecules that comprise DOC in the 
soil solution by an UV/VIS spectrophotometer with a 1 cm path length 
cell (CADAS 200, Dr. Lange, Germany). The specific UV absorbance 
measured at 254 nm (SUVA) provides information on the aromaticity of 
DOC and was calculated by normalizing the absorbance to the DOC 
concentration after Weishaar et al. [40]. Furthermore, a fourth sub
sample set of the soil solution was acidified by 1% with concentrated 
HNO3 (65%) and analyzed for redox sensitive elements including iron 
(Fe), manganese (Mn) and sulfur (S) using inductively coupled plasma 
atomic emission spectroscopy (Ultima 2, Horiba Jobin Yvon, Germany). 
Triple measurements were conducted for all chemical analyses. 

2.4. Extraction and analysis of phospholipid fatty acids 

PLFAs were extracted from 1 g of each of the freeze-died solid phase 
samples after the slightly modified method of White et al. [41] and 
Frostegård et al. [42]. Each sample was mixed with citrate buffer (0.15 
M; pH 4), chloroform and methanol (0.9:1:2; v/v/v) which was repeated 
three times. The eluents were collected and extracted again using citrate 
buffer and chloroform. After phase separation, the liquid phase was 

removed by vacuum pumping and the lipid containing organic phase 
was concentrated. The lipid separation from the organic phase was 
carried out with solid phase extraction (SPE) silica columns (Bond Elut 
SI, 500 mg bed mass, 3 mL; Agilent; USA) only using the separated 
phospholipid fraction solved in methanol for further analysis. The 
phospholipid faction was methylated to fatty acid methyl esters (FAMEs) 
using methanol and toluene (1:1; v/v) and alkalized methanol. The 
FAMEs were extracted two times with an extraction reagent (hexane, 
tert-butyl methyl ether, chloroform; 2:2:1; v/v/v) and acetic acid (1 M). 
The extracted FAMEs were solved in hexane and tert-butyl methyl ether 
(1:1; v/v) and measured with a coupled gas chromatography mass 
spectrometry system GCMS-QP2010 Ultra (Shimadzu, Japan) equipped 
with a nonpolar DB-5MS GC column (60 m, 0.25 mm, 0.25 µm, Agilent, 
USA). Methyl nonadecanoate (C19:0) was used as an internal standard 
for quantitative analysis. The mass spectra were compared to an external 
standard containing a mixture (1:1) of 26 bacterial acid methyl esters 
(BAMEs; Supelco, USA) and 37 FAMEs (Supelco, USA) and to the 
archived mass spectra in the Lipids 1.0 Library (Chromaleont S.r.l., 
Italy) for determining the phospholipid fatty acids (PLFA). All PLFAs 
were summed up to the total PLFA (PLFAtot) in nmol g-1 which is an 
indicator for the total viable microbial biomass [43,44]. We grouped 
PLFAs by their chemical binding forms as cyclopropane (CYCLO), 
methyl-branched saturated (MBSAT), terminally branched saturated 
(TBSAT), polyunsaturated (POLY), monounsaturated (MONO) and un
saturated (NSAT) fatty acids [43]. Furthermore, the abundance of these 
groups concerning the total PLFA was calculated in mol%. 

2.5. Extraction of 16 S rDNA and next-generation sequencing 

We extracted DNA from the soil samples using a phosphate buffer 
with 5% cetyltrimethylammonium bromide (CTAB) and a 25:24:1 
mixture of phenol, chloroform and isoamylalcohol after Tatti et al. [45]. 
The precipitation of the nucleic acids was done with polyethylene glycol 
(PEG) buffer, and ice-cold 70% ethanol was used for the cleaning step. 
After short air-drying the nucleic acids were resuspended in ultra-pure 
water and measured with a micro volume UV/VIS-spectrophotometer 
(NanoDrop, ThermoFisher Scientific, USA). DNA amplifiability was 
determined by using 1.0 μL of each DNA extraction in a standard PCR 
reaction (25 cycles, 52 ◦C amplification) using bacterial primers 341 F 
(5’ - CCTAYGGGRBGCASCAG - 3’) and 806 R (5’- GGAC
TACNVGGGTWTCTAAT - 3’) with Promega GoTaq G2 Flexi Polymerase 
kit (Promega Corporation, Madison, WI, USA) according to manufac
turer specifications. After confirmation of successful amplification, li
braries were constructed from each sample using the universal bacterial 
primers 515 f-Y (5’ GTGYCAGCMGCCGCGGTAA - 3’) and 806r Modified 
(5’ GGACTACNVGGGTWTCTAAT - 3’) which cover variable region V4 
[46,47]. We used designed primers according to the Ion Amplicon Li
brary Preparation Fusion Methodology (Life Technologies, Carlsbad, 
CA). We synthesized for direct-to-sequencing application by IDT (Inte
grated DNA Technologies, Coralville, IA, USA) with an A-adaptor, TAG 
Sequence, GoLay or IonXpress barcode for each bacterial specific for
ward primer 515 f-Y (going from 5’ to 3’) and the truncated P1 (trP1) 
adapter sequence for the 806r Modified reverse primers. Individual 
amplicon libraries (both forward and reverse) for bacterial community 
analysis were generated using the Fusion PCR library preparation 
methodology under the following protocol: 3 min at 94 ◦C to activate the 
enzymes, 30 s at 94 ◦C for denaturation (40 cycles), 30 s at 58 ◦C for 
annealing, and 45 s at 68 ◦C for elongation. The quantification of 
amplicons was done with a Qubit Fluorometer (Invitrogen, Carlsbad, 
CA, USA), the quality control on an Agilent 2100 BioAnalyzer (Agilent, 
Santa Clara, CA, USA), and the mixing of amplicons in equimolar 
amounts prior to sequencing on the Ion Torrent Personal Genome Ma
chine (ThermoFisher Scientific, Carlsbad, CA, USA) according to 
manufacturer protocols using 316 chips. The results from sequencing 
were uploaded to the Ion Reporter Software v 5.2 pipeline as unaligned 
binary data files using the Metagenomics 16 S workflow version w1.1 
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with operational taxonomic unit (OTU) comparisons against Thermo
Fisher’s curated MicroSEQ ID 16 S rDNA 500 library (v2013). This 
workflow has a read length filter of 150 bp, minimum alignment 
coverage of 90%, requires a minimum of 10 unique reads to form an 
OTU for inclusion in analysis, and sets genus and species cutoffs of 97% 
and 99%, respectively. 

2.6. Quality assurance and statistical analyses 

Data quality control was assured generally by blank samples, cali
bration with standard solutions (Merck) and triplicate measurements 
with defined acceptable relative standard deviation (RSD) of < 15%. 
Quality of Hg analysis was assured with certified soil reference materials 
(references GBW(E)070009 and CC580 from the Institute of Geophysical 
and Geochemical Exploration, China). 

All statistical analyses were performed with the statistical software R 
[48] and Origin Pro 2023 (OriginLab Corporation, Northampton, USA). 
Significant differences of data mean values were calculated in R with 
one-way ANOVA and checked with the Tukey’s HSD test. Correlation 
matrices were calculated using Pearson’s method. We generally per
formed statistical analyses with relative phospholipid abundances (in 
mol%) and abundances of bacterial genera (in %) higher than 0.5 to 
avoid distortion. Principle component analysis (PCA) was conducted 
with the correlation matrices of the bacterial genera relative abundances 
differentiated into Gram-positive bacteria (Actinobacteria and Firmi
cutes) and Gram-negative bacteria (Proteobacteria, Bacteroidetes, 
Nitrospirota and Verrucumicrobia), and environmental factors (DOC, 
redox sensitive elements and compounds). Furthermore, we conducted a 
correlation-based network analysis using the Fruchterman Reingold 
layout algorithm. We chose only significantly positive correlations (R2 =

0.68; p < 0.05) between bacterial genera abundances and visualized the 
bacterial community network with the superior phyla as well as the 
putative Hg methylators and demethylators found in research [17,10, 
18]. The size of a node for each genus was calculated based on the node 
degree (quantity of neighbors to a node). The PCA and the network 
analysis were performed and visualized with Origin Pro 2023. 

3. Results 

3.1. EH, pH and redox sensitive elements and compounds 

The biochar-treated paddy soil (paddy soil + biochar) showed a 
wider EH range than the non-treated paddy soil (control) in the micro
cosm experiment (Fig. 1; Table 1). The biochar-treated soil reached the 
lowest EH at - 62 mV and the highest EH at 601 mV, while the control 
reached – 10 and 548 mV. No data were available between 240 h and 
280 h due to an error of the data logger. The pH increased in both soils as 
the EH sharply dropped to the lowest value. Thereafter, the pH stayed 
neutral with only slight fluctuations at 400 and 500 mV. The biochar- 
treated soil had a significantly lower pH varying between 6.3 and 7.3 
than the control with a pH between 7.0 and 7.7. The pH of the applied 
biochar was 6.2 (Tab. S1). 

Dissolved nitrate (NO3
- ) concentrations were low at EH < 400 mV 

and increased steeply for EH ≥ 400 mV in both soils, while the control 
had significantly higher concentrations of NO3

- at EH 300 and 400 mV 
than the biochar-treated paddy soil (Table 1; Fig. S1). In the soil solution 
of the biochar-treated soil, iron (Fe) concentrations were significantly 
higher at the redox windows < 100, 300 and 400 mV than in the control. 
The biochar-treated soil had significantly higher manganese (Mn) con
centrations in the soil solution than the control. Sulfur (S) concentra
tions showed no significant difference between the soils, while the 
control had significant higher sulfate (SO4

2-) concentrations than the 
biochar-treated soil during the redox experiment (Fig. S1). EH was 
significantly positive correlated with NO3

- and SO4
2- and significantly 

negative correlated with Fe and Mn in both soils (Tab. S2). In the con
trol, EH showed also a significantly positive correlation with S. 

3.2. DOC and mercury species in the soil solution and solid phase 

3.2.1. Total mercury, DOC and SUVA in the soil solution 
In the control, total mercury (THg) concentrations in the soil solution 

were significantly higher (p < 0.01) at the redox windows with EH 
< 200 mV than at the redox windows with EH > 200 mV (Fig. 2). When 
the EH rose from reducing to oxidizing conditions, THg concentrations in 
the soil solution of the control steadily decreased from 0.8 to 0.1 µg/L. 

The biochar-treated paddy soil reached the highest THg concentra
tions in the soil solution with 1.2 µg/L under reducing conditions and 
showed a slight decrease to 0.8 µg/L at 100 mV. Under moderately 
reducing conditions, THg concentrations were slightly enhanced in the 
biochar-treated soil with the lowest THg concentrations under oxidizing 
conditions similar to the control. THg concentrations in the soil solution 
of the biochar-treated soil were significantly higher at all redox windows 
≥ 300 mV compared to the control (p < 0.05). In both soils, THg con
centrations in the soil solution showed a significantly negative correla
tion with EH (Tab. S2). In the control, THg concentrations in the soil 
solution were also significantly positive correlated with DOC. 

Concentrations of dissolved organic carbon (DOC) showed no sig
nificant differences between the control and the biochar-treated paddy 
soil considering the mean of all samplings (Table 2). However, the 
biochar-treated soil had significantly higher (p < 0.001) DOC concen
trations than the control at most redox windows, except at < 0 and 
300 mV (Fig. 3a). DOC concentrations had higher variations in the 
biochar-treated soil compared to the control with the highest DOC 
concentration of 40 mg/L at 100 mV and the lowest DOC concentrations 
of 7.5 mg/L at < 0 and 300 mV. DOC concentrations in the control were 
significantly higher at the redox windows ≤ 200 mV than at the redox 
windows ≥ 300 mV reaching the highest DOC concentrations at < 0 and 
100 mV. DOC concentrations in the control were significantly negative 
correlated with EH, SO4

2- and S (Tab. S2). DOC concentrations in the 
biochar-treated soil were significantly negatively correlated with the 
aromaticity of DOC (SUVA). 

SUVA of the biochar-treated soil was significantly higher at EH 
< 0 mV with 38 m-1 mg-1 L (nearly 8-fold higher than control) and at 
300 mV with 28 m-1 mg-1 L (nearly 3-fold higher than control) compared 
to the control (Fig. 3b). In the control soil, the SUVA was significantly 
increased to nearly 10 m-1 mg-1 L at 300 mV and 400 mV, while it was 

Fig. 1. Development of EH and pH logged every 10 min during the redox experiment in the paddy soil (control) and the biochar-treated paddy soil (paddy soil 
+ biochar). 
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significantly decreased to below 5 m-1 mg-1 L under oxidizing 
conditions. 

3.2.2. Methylmercury in the soil solution and the solid phase 
Methylmercury (MeHg) concentrations in the soil solution showed a 

similar decreasing trend from reducing to oxidizing redox conditions 
with no significant differences (p > 0.05) between the control and the 

biochar-treated paddy soil (Fig. 4a; Table 2). The control and biochar- 
treated soil had the highest MeHg concentrations at 0 mV with 
8.5 ng/L and 13 ng/L, respectively. Higher MeHg concentrations were 
measured under reducing than under oxic conditions. Lowest MeHg 
concentrations were measured at EH > 500 mV. Paddy soil + biochar 
showed a steep decrease of the MeHg concentrations in the soil solution 
at 100 mV and a slight increase at the redox windows 200 mV and 

Table 1 
Chemical characterization of the sampled soil solution at different redox conditions during the experiment in the automated biogeochemical microcosm system with 
significant differences (p < 0.5) between the paddy soil (control) and the biochar-treated paddy soil (+ Biochar) in big letters (n = 3).  

Chemical properties Concentrations in the soil solution per sampling  

Control unit initial 2 3 4 5 6 7 8 9 
EH [6 h 

mean] 
[mV] 392 (±

13.3)A 
-10 (± 2.8)B 18 (± 0.4)B 115 (± 2.5)B 212 (± 1.0)A 316 (± 1.0)A 416 ( ± 0.6)A 511 (± 0.6)A 548 (± 0.2)A 

pH [6 h 
mean] 

- 6.8 (± 0.1)B 7.7 (± 0.0)B 7.4 (± 0.0)B 7.3 (± 0.1)B 7.5 (± 0.0)B 7.2 (± 0.0)B 7.0 ( ± 0.0)B 7.2 (± 0.0)B 7.6 (± 0.0)B 

NO3
- [mg/ 

l] 
9.0 (± 1.3)A 0.3 (± 0.2)A 0.4 (± 0.0)A 0.5 (± 0.1)A 0.8 (± 0.2)A 7.3 (± 2.0)B 35.5 ( ±

5.3)B 
59.5 (± 3.6)A 62.7 (± 3.8)A 

Fe [mg/ 
l] 

0.09 (±
0.02)A 

1.44 (±
0.65)A 

1.70 (±
0.59)A 

1.55 (±
0.65)A 

1.08 (±
0.37)A 

0.73 (±
0.17)A 

0.69 (±
0.29)A 

0.46 (±
0.47)A 

0.12 (±
0.05)A 

Mn [µg/l] 31.7 (± 1.2)B 28.1 (± 3.9)A 39.3 (± 4.1)A 30.5 (± 2.6)A 21.5 (± 1.5)A 16.9 (± 2.0)A 16.2 (± 1.3)A 6.5 (± 0.7)A 5.4 (± 0.2)A 

SO4
2- [mg/ 

l] 
36.5 (± 2.4)B 30.8 (± 4.2)B 47.3 (± 1.2)B 24.6 (± 1.4)B 48.0 (± 1.9)B 48.2 (± 4.3)B 49.5 (± 2.0)B 55.7 (± 4.2)B 52.4 (± 5.8)B 

S [mg/ 
l] 

12.3 (± 1.0)B 13.6 (± 0.8)A 15.2 (± 1.0)A 15.5 (± 0.2)A 16.8 (± 0.2)A 17.0 (± 0.2)A 17.1 (± 0.1)A 16.1 (± 1.1)A 16.2 (± 1.1)A 

+ Biochar unit initial 2 3 4 5 6 7 8 9 
EH [6 h 

mean] 
[mV] 413 (± 6.7)A -62 (± 3.6)A 12 (± 4.0)A 103 (± 4.1)A 207 (± 3.6)A 315 (± 1.9)A 417 (± 0.9)A 515 (± 1.5)B 601 (± 0.4)B 

pH [6 h 
mean] 

- 6.6 (± 0.3)A 7.3 (± 0.0)A 6.8 (± 0.0)A 6.7 (± 0.0)A 7.0 (± 0.0)A 6.8 (± 0.0)A 6.6 (± 0.0)A 6.3 (± 0.0)A 6.7 (± 0.0)A 

NO3
- [mg/ 

l] 
7.8 (± 0.3)A 0.8 (± 0.3)A 0.4 (± 0.1)A 0.4 (± 0.0)A 0.6 (± 0.2)A 1.7 (± 0.6)A 7.8 (± 2.2)A 46.2 (±

10.7)A 
56.7 (±
14.0)A 

Fe [mg/ 
l] 

0.34(±
0.07)B 

2.78 (±
0.97)B 

2.16 (±
0.49)B 

1.32 (±
0.04)A 

2.12 (±
0.62)A 

2.13 (±
0.29)B 

1.70 (±
0.34)B 

0.92 (±
0.57)A 

0.25 (±
0.13)A 

Mn [µg/l] 27.6 (± 1.1)A 64.1 (± 9.2)B 94.6 (± 6.8)B 78.8 (± 2.6)B 71.0 (± 8.1)B 83.5 (±
15.0)B 

70.2 (± 8.0)B 37.9 (±
11.8)B 

7.2 (± 0.5)B 

SO4
2- [mg/ 

l] 
20.8 (± 1.8)A 23.8 (± 1.0)A 28.8 (± 0.7)A 15.7 (± 0.6)A 34.8 (± 2.5)A 32.7 (± 0.4)A 33.7 (± 2.9)A 38.6 (± 1.8)A 37.8 (± 0.1)A 

S [mg/ 
l] 

9.2 (± 1.0)A 11.6 (± 2.4)A 11.4 (± 1.8)A 13.4 (± 1.9)A 13.9 (± 2.0)A 13.0 (± 0.1)A 12.7 (± 0.0)A 13.0 (± 2.0)A 14.2 (± 2.0)A  

Fig. 2. Total mercury (THg) concentrations in the soil solution of the paddy soil (control) and the biochar-treated paddy soil (paddy soil + biochar) under changing 
redox potentials. 
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300 mV. 
In the control and the biochar-treated soil, MeHg concentration in 

the solid phase was highest at EH < 0 mV with 7.4 and 12.2 µg/kg, 
respectively (Fig. 4b). In the control, MeHg concentrations in the solid 
phase steadily decreased from reducing to oxidizing conditions with a 
significant difference between the redox windows < 0 and > 500 mV 
(p = 0.006). In contrast, MeHg concentrations in the solid phase of the 
biochar-treated soil showed no significant differences between oxidizing 
and reducing conditions. MeHg concentrations in the solid phase were 
significantly higher in the biochar-treated soil at the redox windows 
200 mV (p = 0.02) and < 500 mV (p = 0.003) compared to the control. 

Considering the mean for all samplings, MeHg concentrations in the 
solid phase were significantly higher (p = 0.01) in the biochar-treated 
soil than in the control (Table 2). In the control, MeHg concentrations 
in the solid phase were slightly higher under oxidizing conditions than 
before the experiment, while they were more than doubled in the 
biochar-treated paddy soil (Tab. S1). Only in the control, MeHg in the 
soil solution and the solid phase were significantly negative correlated 
with EH and MeHg in the solid phase was significantly positive corre
lated with DOC (Tab. S2). 

3.3. The microbial community in the paddy soil and biochar-treated 
paddy soil 

3.3.1. Total viable microbial biomass and abundances of bacterial taxa 
Total viable microbial biomass (PLFAtot) was significantly higher 

(p = 0.001) in the biochar-treated paddy soil compared to the control 
(Table 2). PLFAtot in the control slightly increased from 60 to 80 nmol/g 
over the whole redox experiment, except a slight decrease at the redox 
windows 400 and 500 mV (Fig. 5a). Biochar-treated soil had a higher 
variation in PLFAtot ranging between 60 and 120 nmol/g with the lowest 
value at 400 mV and the highest values at 100 and > 500 mV. We found 
the highest absolute concentrations for the chemical groups of unsatu
rated (NSAT), monounsaturated (MONO) and terminally branched 
saturated (TBSAT) fatty acids in both soils. Absolute concentrations for 
cyclopropane (CYCLO) and methyl-branched saturated (MBSAT) fatty 
acids were lower and polyunsaturated (POLY) fatty acids had the lowest 
concentrations. When calculating the concentration of those chemical 

Table 2 
Comparison of the mean values for dissolved organic carbon (DOC), methyl
mercury (MeHg) in the soil solution and in the solid phase as well as the total 
concentration of phospholipid fatty acids (PLFAtot) with small letters indicating 
significant differences (p < 0.5).     

Paddy soil 
(Control) 

Paddy soil + Biochar 

Chemical 
properties 

Unit N Mean SD Mean SD 

DOC [mg/l] 9 16.47a 8.23 24.81a 10.60 
MeHgwater [ng/l] 9 4.76a 2.15 5.38a 3.40 
MeHgsed [µg/kg] 4 5.69a 1.67 10.53b 1.01 
PLFAtot [nmol/ 

g] 
9 66.98a 6.75 98.34b 20.34 

water – soil solution; sed – solid phase 

Fig. 3. a) Dissolved organic carbon (DOC) and b) aromaticity of DOC (SUVA) in the paddy soil (control) and the biochar-treated paddy soil (paddy soil + biochar) 
under changing redox potentials. 

Fig. 4. a) Methylmercury (MeHg) in the soil solution and b) MeHg in the solid phase of the paddy soil (control) and the biochar-treated paddy soil (paddy soil +
biochar) under changing redox potentials. 
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groups in relation to PLFAtot, we found an increasing trend for MONO 
and a decreasing trend for TBSAT and MBSAT from reducing to 
oxidizing conditions in the biochar-treated soil (Fig. S2). CYCLO 
decreased in the biochar-treated soil at the redox windows 500 and 
> 500 mV. NSAT did not change over the whole redox experiment in 
both soils. The relative concentrations of chemical PLFA groups showed 
only slight variations and no trends in the control. 

The relative abundances of bacterial taxa strongly varied in the 
control and the biochar-treated paddy soil during the redox experiment 
(Fig. 5b). The bacterial phyla Actinobacteria, Proteobacteria and Fir
micutes dominated in both soils with relative abundances > 60% at all 
redox windows and ≥ 90% at < 0 mV. In the biochar-treated soil, 
relative abundances of the bacterial phyla Actinobacteria and Firmicutes 
showed a decreasing trend from reducing to oxidizing conditions with a 
slight increase at > 500 mV. In contrast, the relative abundance of 
Proteobacteria continuously increased from 17% at < 0 mV to 40% at 
500 mV and slightly decreased at > 500 mV. In the control, the relative 
abundance of Actinobacteria was highest at < 0 mV with 60% and 
lowest at 500 mV with nearly 20%, while for the other redox windows it 
ranged between 30% and 40%. Most genera of the Actinobacteria had 
significantly higher relative abundances in the control than in the 
biochar-treated soil, especially under moderately reducing conditions 
(Tab. S3; Fig. S3). The relative abundance of Proteobacteria ranged 
between 33% and 39% in the control, with exceptions of 8% and ~ 20% 
at < 0 mV and 200 mV respectively (Fig. 5b). In the control, the phylum 
of Firmicutes in the control had the highest relative abundance with 
30% at < 0 mV. At later redox windows, the relative abundances of 
Firmicutes varied between 8% and 20% with a low at 500 mV. The 
relative abundance of Gemmatimonadetes increased from reducing to 
oxidizing conditions in the control, with the exception of a decrease at 
200 mV. In the biochar-treated soil, the abundances of Gemmatimona
detes increased from < 0 to 300 mV and decreased from 400 to 
> 500 mV. Under oxidizing conditions, the relative abundance of 
Gemmatimonadetes was higher in the control compared to the biochar- 
treated soil. In contrast, the relative abundance of Bacteroidetes was 

higher at most redox windows in the biochar-treated soil than in the 
control, with exception at > 500 mV (Fig. 5b; Fig. S3). The relative 
abundances of the Bacteroidetes Ferruginibacter, Pedobacter and Ponti
bacter were significantly higher in the biochar-treated soil compared to 
the control (Tab. S3). The relative abundance of the phylum Plancto
mycetes was highest at 200 mV in the control, while it was highest at 
> 500 mV in the biochar-treated soil. The relative abundance of the 
phylum Verrucomicrobia was highest at > 500 mV in both soils 
(Fig. 5b). The relative abundance of the phylum Cyanobacteria sharply 
increased in the control at the redox windows 200 and 500 mV from 
< 1% to 10% and 22%, respectively. In the biochar-treated soil, the 
relative abundance of the phylum Cyanobacteria sharply increased at 
the redox windows 0 and 200 mV from < 1% to 4% and 8%, 
respectively. 

In the control, Actinobacteria genera such as Aciditerrimonas, 
Nocardioides, Gaiella and Terrimonas showed significant positive corre
lations with EH (Tab. S4). In the biochar-treated soil, Actinobacteria had 
no significant correlations to EH. Genera of Proteobacteria and Verru
comicrobia were significantly, positively correlated with EH in both 
soils, while most of the genera differentiated between control and 
biochar-treated soil, except the genus Geobacter. Genera of the Firmi
cutes such as Bacillus, Clostridium, Sporosarcina and Sporacetigenium 
showed significantly negative correlations with EH in the biochar- 
treated soil. In the control, only the Firmicutes genus Planococcus was 
significantly, negatively correlated with EH. Genera of Actinobacteria, 
Proteobacteria and Verricumicrobia were significantly, negatively 
correlated with DOC, while few genera of the Firmicutes were signifi
cantly positive correlated with DOC in the control. In the biochar- 
treated soil, DOC had no significant correlations with any bacterial taxa. 

3.3.2. Microbial community network 
The network graph of the microbial community of the control had 

few connections between the nodes of bacterial genera abundances, 
while most nodes showed close distances to each other (Fig. 6a). We 
further name these connections “edges”. Relative abundances of 

Fig. 5. a) Total phospholipid fatty acid concentration (PLFAtot) divided in the chemical groups cyclopropane (CYCLO), methyl-branched saturated (MBSAT), 
terminally branched saturated (TBSAT), polyunsaturated (POLY), monounsaturated (MONO) and unsaturated (NSAT) fatty acids; b) the abundance of bacterial phyla 
in the solid phase taken under different redox potentials during the redox experiment. 
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bacterial genera in the control were clustered into three groups which 
were not connected by edges. One group had only very few or no edges 
comprising nine genera of different phyla including the genus Clos
tridium with putative Hg methylators ([24]; ORNL 2016). Another group 
in the control comprised most genera of the Proteobacteria. Within this 
group, the genera Bdellovibrio and Sphingosinicella had the biggest node 
size and showed many edges to other Proteobacteria, e.g. to Geobacter 
which comprises Hg methylators and demethylators. Furthermore, 
Bdellovibrio and Sphingosinicella were closely connected to the genera 
Terrimonas, Aciditerrimonas and Gaiella of the Actinobacteria and to the 
genera Opitutus and Prosthecobacter of the Verrucomicrobia. The third 
group was dominated by Firmicutes and Actinobacteria. This group 
comprised most Hg demethylating genera, with the exception of Geo
bacter. Of particular note, 3 genera of the Firmicutes, 5 genera of the 
Actinobacteria and Pelomonas of the Proteobacteria were closely clus
tered and had many edges of high significance. Through Actinobacteria 
genera, this node cluster had direct and indirect edges to a number of 
miscellaneous genera including Candidatus Nitrososphaera (Cren
archaeota), Nitrospira (Nitrospirota), Mycobacterium (Actinobacteria), 
Hyphomicrobium (Proteobacteria) and Paenibacillus (Firmicutes). 
Hyphomicrobium showed higher relative abundances in the control than 
in the paddy soil + biochar with a significant increase under moderately 
reducing conditions (Tab. S3; Fig. S4). 

The network graph of the biochar-treated paddy soil showed more 
edges between the nodes then in the network graph of the control 
(Fig. 6b). Only two genera of the Actinobacteria did not show edges to 
any node, while all other genera were connected via positive correla
tions. Therefore, we considered the genera in this network graph as one 
group. Phenylobacterium and Novosphingobium of the Proteobacteria had 
the biggest node size and showed the closest cluster with the Proteo
bacteria genera Rubrivivax and Caldimonas, the Actinobacteria genera 
Terrimonas and Aciditerrimonas, Opitutus of the Verrucomicrobia and 
Ferrunginibacter of the Bacteriodetes. This cluster was closely interlinked 
with the genera Geobacter and Nitrospira, which contain Hg methylators. 
Most of the Firmicutes were closely interlinked with each other 
(including the genera Clostridium and Bacillus) and showed a big 

distance to the pre-described cluster of Phenylobacterium and Novos
phingobium. In the network graph of the biochar-treated soil, the puta
tive Hg demethylators were not as closely interlinked via edges as in the 
control network graph. 

Few network structures were still recognizable in the biochar-treated 
paddy soil compared to the control, e.g. the edges between the genera 
Bacillus, Nocardioides, Pseudonocardia, Solirubrobacter, Candidatus 
Nitrososphaera and Hyphomicrobium as well as the edges between 
Rubrivivax, Terrimonas and Opitutus. Thus, most node structures, edges 
and correlation significances fundamentally changed after biochar 
application. Especially, Phenylobacterium and Novosphingobium were 
closer connected in the biochar-treated soil compared to the control. 
Furthermore, the relative abundances of Phenylobacterium and Novos
phingobium were significantly higher under moderately reducing con
ditions in the biochar-treated soil compared to the control (Tab. S4; 
Fig. S5). We did not find relative abundances for genera of the sulfate- 
reducing Deltaproteobacteria which are known to contain proven Hg 
methylators. 

3.4. The microbial community association with Hg, MeHg and redox 
sensitive elements and compounds 

More bacterial genera were negatively correlated with THg and 
MeHg in the soil solution of the control compared to the biochar-treated 
paddy soil (Table 3). For instance, Hyphomicrobium, Sphingosinicella and 
Opitutus had significant negative correlations with THg concentrations 
in the control. Furthermore, the control showed significant negative 
correlations of the Proteobacteria genera Bdellovibrio, Herbaspirrilum and 
Rubrivivax as well as Opitutus of the Verrucomicrobia with the MeHg 
concentrations in the soil solution. The Actinobacteria genera Terri
monas, Aciditerrimonas and Gaiella were also significantly, negatively 
correlated with MeHg concentrations in the control. The genus Terri
monas also had a significant negative correlation with MeHg in the solid 
phase of the control, while the Actinobacteria genus Marmoricola 
showed a positive correlation. In the biochar-treated soil, the Actino
bacteria had no significant correlations with mercury species, neither in 

Fig. 6. Network graph of the microbial community in a) the non-treated paddy soil and b) the biochar-treated paddy soil with nodes of bacterial genera, node color 
representing the phyla, edges representing significantly positive correlations (yellow edges = weak significance; purple edges = strong significance), black arrows 
marking putative Hg methylators and orange arrows marking putative Hg demethylators. 
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Table 3 
Pearson’s coefficients of the bacterial genera abundances correlated with the concentrations of total mercury (THgwater) and methylmercury (MeHgwater) in the soil 
solution and methylmercury (MeHgsed) in the solid phase of the paddy soil (control) and the biochar-treated paddy soil (+ Biochar) with significant p-values < 0.05 (*), 
< 0.01 (**) and < 0.001 (***).    

THgwater  MeHgwater  MeHgsed 

Bacterial genera N Control + Biochar  N Control + Biochar N Control + Biochar 

Aciditerrimonas1 9 n.s. n.s.  9 -0.81 * * n.s. 4 n.s. n.s. 
Gaiella1 9 n.s. n.s.  9 -0.69 * n.s. 4 n.s. n.s. 
Terrimonas1 9 n.s. n.s.  9 -0.80 * * n.s. 4 -0.97 * n.s. 
Marmoricola1 9 n.s. n.s.  9 n.s. n.s. 4 0.98 * n.s. 
Adhaeribacter2 9 n.s. n.s.  9 n.s. n.s. 4 n.s. 0.999 * * 
Paenibacillus3 9 n.s. n.s.  9 n.s. n.s. 4 n.s. -0.998 * * 
Planococcus3 9 0.79 * n.s.  9 n.s. 0.77 * 4 n.s. 0.997 * * 
Sporacetigenium3 9 n.s. n.s.  9 n.s. 0.85 * * 4 n.s. n.s. 
Sphingosinicella4 9 -0.78 * n.s.  9 n.s. n.s. 4 n.s. n.s. 
Bdellovibrio4 9 n.s. n.s.  9 -0.74 * n.s. 4 n.s. n.s. 
Arenimonas4 9 n.s. -0.70 *  9 n.s. -0.84 * * 4 n.s. n.s. 
Herbaspirillum4 9 n.s. n.s.  9 -0.67 * n.s. 4 n.s. n.s. 
Hyphomicrobium4 9 -0.70 * n.s.  9 n.s. n.s. 4 n.s. n.s. 
Rubrivivax4 9 n.s. n.s.  9 -0.70 * n.s. 4 n.s. n.s. 
Opitutus5 9 -0.72 * n.s.  9 -0.74 * n.s. 4 n.s. n.s. 

1Actinobacteria; 2Bacteriodetes; 3Firmicutes; 4Proteobacteria; 5Verrucomicrobia 

Fig. 7. Principle component analysis (PCA) for the genera of the gram-positive phyla Actinobacteria and Firmicutes (a, b) and the genera of the gram-negative phyla 
Proteobacteria, Bacteroidetes, Nitrospirota and Verricumicrobia (c,d) in the paddy soil (control) and the biochar-treated paddy soil (paddy soil + biochar) associated 
with mercury species in the soil solution (water) and in the solid phase (Sed) as well as important environmental factors (DOC, SUVA, nitrate, sulfate, S, Fe and Mn). 
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the soil solution nor in the solid phase. The Firmicutes genera Plano
coccus and Sporoacetigenium were significantly, positively correlated 
with MeHg concentrations in the soil solution. Generally, more signifi
cant positive correlations were shown between MeHg in the solid phase 
and bacterial taxa in the biochar-treated soil compared to the control. 
Planococcus (Firmicutes) and Adhaeribacter (Bacteroidetes) were signif
icantly, positively correlated with MeHg concentration in the soil solid 
phase, while Paenibacillus (Firmicutes) showed a significant negative 
correlation. The genus Arenimonas had significantly, negatively corre
lations to THg and MeHg concentrations in the soil solution. 

Most genera of the Gram-positive Actinobacteria and Firmicutes 
were separated by principle component 1 in both soils (Fig. 7a, b). In the 
control, most genera of the Actinobacteria were positively associated 
with the concentrations of S, sulfate, nitrate and SUVA, except the genus 
Nocardioides that was associated with MeHg concentrations in the solid 
phase (Fig. 7a). Bacillus, Sporosarcina and Planococcus of the Firmicutes 
were positively associated with MeHg concentrations in the solid phase, 
Fe and Mn. Clostridium and Sporacetigenium of the Firmicutes were 
positively associated with DOC. In the biochar-treated soil, Bacillus, 
Clostridium, Sporacetigenium and Planococcus of the Firmicutes were 
positively associated with the mercury species, while the genus Spor
osarcina was closely associated with DOC (Fig. 7b). Most of the Acti
nobacteria genera were positively associated with concentrations of S, 
sulfate and nitrate. 

Most genera of the Gram-negative Bacteroidetes and Verrucomicro
bia were separated by principle component 1 in both soils (Fig. 7c, d). 
Most genera of Proteobacteria and Bacteroidetes were positively asso
ciated with SUVA in the control (Fig. 7c). The genera Hyphomicrobium, 
Rubrivivax, Bdellovibrio and Prosthecobacter were negatively associated 
with MeHg concentration in the solid phase. In the biochar-treated soil, 
most of the Bacteroidetes genera were positively associated with the 
mercury species in the soil solution and DOC (Fig. 7d). Only Ferrugini
bacter of the Bacteroidetes was positively associated with MeHg con
centration in the solid phase. Phenylobacterium and Novosphingobium of 
the Proteobacteria were closely associated with SUVA, nitrate and sul
fate concentrations as well as with MeHg concentrations in the solid 
phase. 

Concentrations of S, sulfate and nitrate were negatively correlated to 
the concentrations of mercury species, Fe and Mn in both soils (Fig. 7a- 
d). Mercury species were closely associated with each other. MeHg 
concentrations in the solid phase were closer associated with the DOC 
concentration than with the SUVA in the control, with an inverse result 
in the biochar-treated paddy soil. 

4. Discussion 

4.1. Redox sensitive elements and compounds as electron acceptors for 
the microbial community 

The biochar-treated paddy soil showed a wider EH range compared to 
the control with the lowest EH established at – 62 mV and the highest EH 
established at 601 mV (Fig. 1). The amendment of rice hull biochar 
impacts the EH range. The availability of organic matter decreases the 
redox potential due to the consumption of O2 and other electron ac
ceptors [49]. Biochar can supply organic matter and nutrients for the 
microbial community [36,50], which impacts the EH range of soils 
amended with biochar [51]. 

Microbial activity is strongly influenced by the availability of organic 
matter as an electron donor, and electron acceptors such as O2, NO3

- , Mn 
(IV) and Fe(III) and SO4

2- [27,52]. We found higher concentrations of 
DOC, Fe and Mn and lower concentrations of NO3

- and SO4
2- in the soil 

solution of the biochar-treated paddy soil compared to the control 
(Table 1; Fig. S1). The enhanced availability of DOC as an electron donor 
implies the enhanced need of electron acceptors by the microbial com
munity to prevail their metabolisms. Microbial reduction of iron- and 
manganese(hydr)oxides can lead to dissolution and enhanced 

concentrations of Fe and Mn in the soil solution [49]. An explanation for 
higher Fe and Mn concentrations in the soil solution of the 
biochar-treated paddy soil could be enhanced microbial activity, how
ever low pH could also lead to the dissolution of Fe and Mn [21]. The pH 
stayed neutral in our redox experiment with only slight fluctuations at 
400 and 500 mV due to the high buffering capacity of the karstic parent 
material at the sampling site [1]. The reduction of Mn and Fe could have 
poised the EH at > - 100 mV, while all NO3

- was reduced in both soils, 
probably to ammonia [49]. NO3

- concentrations were negligible under 
reducing and moderately reducing redox conditions in both soils and 
increased faster and steeper in the control at higher EH compared to the 
biochar-treated soil (Table 1; Fig. S1). The microbial community reduces 
NO3

- to ammonia under low EH and oxidizes ammonia via nitrite to ni
trate under increasing oxygen availability [53,54]. We assume, that the 
higher microbial activity in the biochar-treated paddy soil and carbon 
degradation consumed O2 as an electron acceptor under increasing EH. 
In the control, the NO3

- concentrations already significantly increased at 
EH > 200 mV, potentially due to faster oxidation of ammonia to NO3

- by 
microbial activity. Enhanced microbial activity and high available Hg 
concentrations can increase Hg methylation [55,56,29]. 

The concentrations of NO3
- , Mn, Fe and SO4

2- were significantly 
correlated with EH in both soils (Tab. S2). This is in accordance with the 
redox cascade which describes the utilization of electron acceptors after 
their energy gain. The reduction of NO3

- provides similar energy gains 
for microbial activity and growth as the reduction of O2, while the en
ergy gain from Mn(IV) to Fe(III) and SO4

2- reduction is gradually lower 
[49,57]. However, the reduced species of NO3

- , Mn, Fe and SO4
2- should 

be measured in future redox experiments to validate our assumptions. 
Concentrations of SO4

2- were lower in the soil solution of the biochar- 
treated soil under reducing conditions compared to the control (Table 1; 
Fig. S1). This could have arisen from microbial reduction of SO4

2- to 
sulfite. Sulfate reduction was long believed to be the main driver of Hg 
methylation in marine, fresh-water and saltmarsh sediments [7,20], 
peatlands [58] and was also found to be dominant in some paddy soils 
[59,60]. Sulfate-reducing bacteria and methanogens would have been 
enhanced under highly reducing redox conditions utilizing SO4

2- and CO2 
as electron acceptors [49,61]. However, SO4

2- reduction or methano
genesis was of minor relevance in our study, because highly reducing 
redox conditions below – 100 mV were not reached. Furthermore, no 
known sulfate-reducing Hg methylators such as Desulfovibrio or Desul
fobacter were detected in this study (Fig. S3). Sulfate-reducing bacteria 
were not dominant in Hg methylation in Hg contaminated wetlands [62] 
and also other electron acceptors were linked with Hg methylation. 
Previous analysis of the Hg contaminated paddy soils originating from 
the Wanshan mining site (same site as our paddy soils) revealed that 
iron-reducing bacteria and methanogens dominated Hg methylation 
instead of sulfate reducers [12]. Also, in boreal wetlands, Hg methyl
ation was predominantly connected to Fe reduction [63]. Highly 
reducing redox conditions such as those found in sediments, peatlands 
and some paddy soils are favorable for sulfate-reducing and methano
genic Hg methylators when sufficient amounts of SO4

2- are available 
[58]. However, the EH of paddy soils depend on the soil texture, mi
crobial community and the cultivation system, e.g. paddy soils with crop 
rotation and shorter cultivation periods could prevail moderately 
reducing redox conditions [53]. This would favor microbial activity 
coupled mainly to NO3

- , Fe and Mn reduction. In the biochar-treated 
paddy soil with prior crop rotation, a short flooding period of three 
month and a coarse soil texture, the EH poised at > - 100 mV. Therefore, 
microbial Hg (de)methylation was most likely linked to the reduction of 
the electron acceptors NO3

- , Mn and Fe, while the reduction of SO4
2- was 

only of minor relevance. 

4.2. Biochar as electron donor for Hg methylation 

In both soils, THg concentrations decreased from reducing to 
oxidizing redox conditions, while the biochar-treated paddy soil had 
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significantly higher concentrations of available THg at the redox win
dows with EH ≥ 300 mV compared to the control (Fig. 2). THg in the soil 
solution was significantly, negatively correlated to EH in both soils (Tab. 
S2). This was in line with other studies on flooded soils and Hg 
methylation in automated biogeochemical microcosm systems [30,32]. 
Positive correlations between DOC and Hg species in the soil solution 
were explained by Hg binding sites of DOC [21,31]. We also found 
significantly positive correlations between THg and DOC in the control 
(Tab. S2). The biochar-treated soil showed no significant correlations 
between THg and DOC. On the one hand, the biochar-treated paddy soil 
showed higher concentrations of dissolved Mn and Fe, which were found 
to increase Hg mobilization [32]. On the other hand, the rice hull bio
char probably provided stronger binding sites for Hg than the DOC from 
the paddy soil. Biochar contains aromatic functional groups as binding 
sites which increase Hg immobilization, while higher pyrolysis tem
peratures enhance the aromaticity of biochar [29,30]. Rice hull biochar 
was pyrolyzed under high temperatures and is rich in aromatic carbon 
[32]. The biochar-treated paddy soil had significantly higher concen
trations of DOC at most redox windows compared to the control 
(Fig. 3a). Furthermore, it showed an increase in the DOC aromaticity at 
the redox windows with EH < 0 and 300 mV (Fig. 3b). The rice hull 
biochar in this study aged for three months in the field and was thus 
exposed to changing environmental conditions and biogeochemical 
processes. Biochar aging includes microbial degradation which can 
result in the disconnection of aromatic groups due to oxidation at the 
break points which can be high during the first two month of incubation 
[64]. Flooding cycles promote biochar aging which can lead to the 
release of Hg from the binding sites of biochar [29]. We assume that 
biochar-derived organic matter was partially degraded and aromatic 
functional groups were attacked by the microbial community during the 
redox experiment. The degradation of these aromatic functional groups 
could have led to the additional release of biochar-derived Hg-DOC 
complexes. Thereby, the concentrations of THg and DOC were increased 
under moderately redox conditions in the biochar-treated soil. Low 
molecular Hg-DOC complexes can increase the availability of Hg for the 
microbial community [21,27]. Hg-DOC complexes could have provided 
electron donors as well as microbial available Hg stimulating the Hg 
methylation under moderately reducing to oxidizing conditions in the 
biochar-treated paddy soil. 

DOC decreased with increasing EH in both soils (Fig. 3a). The 
decrease of DOC could be explained by complexation of DOC with Fe 
and Mn [6] or by microbial consumption and degradation of DOC under 
oxidizing conditions [49]. 

MeHg concentrations in the soil solution showed no significant dif
ferences in both soils (Fig. 4a). DOC and MeHg in the soil solution had no 
significant correlations in both soils (Tab. S2). Other studies showed that 
DOC and MeHg were stronger correlated than DOC and THg [21,32]. In 
the control, MeHg in the solid phase was significantly positive correlated 
with DOC (Tab. S2). This could be explained by intensive Hg trans
formations. We observed steadily decreasing MeHg concentrations in 
the solid phase from moderately reducing to oxidizing conditions in the 
control (Fig. 4b). MeHg demethylation probably exceeded the methyl
ation of Hg in the control. This could be explained by a lower activity of 
Hg methylators [27] or reductive demethylation of aerobic bacteria 
comprising the mer-genes [17,63]. Processes of Hg methylation and 
MeHg demethylation can appear simultaneously in paddy soils and 
control the net Hg formation [18,19]. Furthermore, MeHg could be used 
by the microbial community as electron donor [17]. We hypothesize 
that the low availability of organic carbon as electron donors could have 
suppressed Hg methylation on the one hand by a lower activity of Hg 
methylators. On the other hand, it might have supported MeHg deme
thylation by using it as electron donors. It would have led to a higher 
MeHg demethylation than Hg methylation rate in the control. 

4.3. Microbial community alteration by EH and biochar 

MeHg concentrations in the solid phase were significantly higher in 
the biochar-treated paddy soil compared to the control (Fig. 4b). 
Furthermore, PLFAtot in the biochar-treated soil was also higher than in 
the control (Fig. 5a). Low available organic matter could have restricted 
microbial growth in the control, while the addition of biochar could 
have resulted in the stimulation of microbial growth. Biochar can pro
vide nutrients bound by the large surface area and has a porous structure 
which makes it a favorable habitat for microorganisms [36,64]. The 
application of substrates (organic matter or biochar) provides labile 
carbon and enhanced the microbial activity [27,52]. High available Hg 
concentrations and increased microbial activity enhance Hg methyl
ation [55,56,29]. However, the reported impacts of biochar on micro
bial community structure have been inconsistent [33-35]. In this study, 
rice hull biochar shifted the relative abundances of bacterial taxa 
(Fig. 5b) from high relative abundances of Firmicutes under reducing 
conditions to high relative abundances of Proteobacteria under 
increasing EH. The biochar-treated paddy soil showed high relative 
abundances of Firmicutes, Proteobacteria and Bacteroidetes. These 
bacterial phyla mainly favor higher substrate availability [65]. In 
contrast, the control showed higher relative abundances of Actino
bacteria and Gemmatimonadetes than the biochar-treated paddy soil. 
Genera of these bacterial phyla are more competitive under low avail
able substrate conditions [66,52,67]. Therefore, the shift in the micro
bial community structure in the biochar-treated soil was potentially 
triggered by biochar-derived organic matter. The relative abundance of 
Firmicutes was high under reducing conditions and decreased under 
increasing EH in both soils (Fig. 5b). Many genera of the Firmicutes 
phylum are obligate anaerobic fermenters [68] and carry homologues of 
hgcAB for Hg methylation [10,63]. Therefore, genera of the Firmicutes 
were probably involved in methylating Hg and increasing the MeHg in 
the solid phase under reducing conditions. Otherwise, Firmicutes could 
have provided easily available substrates to other Hg methylators by 
producing organic acids due to fermentation. These fermentation 
products (e.g. acetate, lactate) were utilized by known Hg methylators 
as Geobacter from the phylum Proteobacteria [63]. We assume that the 
rice hull biochar regulated microbial growth measured by PLFAtot and 
altered the microbial community composition. These changes in the 
microbial community combined with an increased availability of Hg and 
DOC stimulated Hg methylation and enhanced the MeHg concentrations 
in the solid phase of the biochar-treated soil. 

4.4. Changed interactions of the Hg (de)methylating microbial 
community by biochar 

The microbial community network graphs of the control and the 
biochar-treated paddy soil partly showed similar clustering between 
bacterial genera (Fig. 6a and b). However, the application of rice hull 
biochar affected correlation significances, node distances and edges. 
Biochar provides carbon and nutrients, a large surface area, porous 
structure and thus, a favorable microbial habitat [36]. We assume that 
these characteristics promoted a stronger connected microbial commu
nity network in the biochar-treated soil compared to the control. 

The rice hull biochar induced a clustering of Phenylobacterium and 
Novosphingobium with Rubrivivax and Caldimonas of the Proteobacteria 
as well as Aciditerrimonas and Terrimonas of the Actinobacteria (Fig. 6b). 
The genera Phenylobacterium and Novosphingobium can degrade aromatic 
hydrocarbons [69,70] and Phenylobacterium has been demonstrated to 
be enhanced in soils after addition of high temperature biochar [52] as 
well as after wildfires [71,72]. Aciditerrimonas might also utilize pyro
lyzed organic matter, because it was found with dominant abundances 
in peatlands after wildfire [73]. Rubrivivax can degrade aromatic hy
drocarbons [74] and participates in the shuttling of electrons similar to 
Caldimonas [75]. We assume that Phenylobacterium and Novosphingobium 
were primarily involved in degrading the aromatic functional groups of 
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the rice hull biochar. These degradation products can be used by Hg 
methylators when converting inorganic Hg to MeHg [7]. The Phenyl
obacterium and Novosphingobium cluster showed close connections to the 
Hg methylators Geobacter and Nitrospira (Fig. 6b). The abundance of 
Phenylobacterium and Novosphingobium was significantly higher under 
moderately reducing conditions in the biochar-treated soil compared to 
the control (Fig. S5), while at the same time THg and MeHg were slightly 
increased in the soil solution (Fig. 2; Fig. 4a). We suggest that particulate 
Hg-DOC complexes went into the soil solution, when the aromatic 
functional groups of the rice hull biochar were attacked by the aromatic 
hydrocarbon degraders Phenylobacterium, Novosphingobium and Rubri
vivax of the Proteobacteria as well as Aciditerrimonas of the Actino
bacteria. We hypothesize that Geobacter and Nitrospira could have 
interacted with these aromatic hydrocarbon degraders and transformed 
the bioavailable Hg from the Hg-DOC complexes to MeHg using the DOC 
as electron donor. Geobacter, Ramlibacter, Piscinibacter, Aquabacterium 
and Prosthecobacter had many significantly positive correlations with the 
Phenylobacterium and Novosphingobium cluster and were significantly 
positive correlated with EH (Tab. S4). We assume that the Phenyl
obacterium and Novosphingobium cluster was more active under moder
ately reducing to oxidizing redox conditions suppressing MeHg 
demethylation. 

Most genera of the Firmicutes were significantly, negatively corre
lated with EH (Tab. S4) and dominated under reducing redox conditions 
in the biochar-treated soil (Fig. S3). Species from the genus Clostridium 
inherit homologues of hgcAB and can probably methylate Hg ([24]; 
ORNL 2016). The abundance of Clostridium was positively associated 
with MeHg concentrations in the solid phase (Fig. 7b). Therefore, we 
assume that Clostridium was involved in Hg methylation in the 
biochar-treated soil. Planococcus and Adhaeribacter were significantly 
positive correlated with MeHg concentrations in the solid phase 
(Table 3). Both genera were indirectly connected to Hg methylators 
Geobacter and Clostridium and probably supported Hg methylation. 
Paenibacillus was significantly, negatively correlated with MeHg con
centrations in the solid phase (Table 3). In the network graph, Paeni
bacillus had few edges without close connections to other genera which 
might have restricted MeHg demethylation. We assume that intense 
interactions between genera of different phyla enabled the exchange of 
organic matter and electrons. The activity of Hg methylators decreased 
when less electron donors were available [27]. Here, electron donors 
were available due to microbial attack on biochar and biochar-derived 
organic matter, which stimulated Hg methylators. This finding demon
strates the importance of microbial community interactions over the 
activity of a single microorganism in Hg methylation. 

In the control, the microbial community network graph showed less 
correlations and the microbial community was mainly divided into two 
groups (Fig. 6a). In one group, Sphingosinicella and Bdellovibrio had the 
biggest node size and were closely clustered with nearly all other genera 
of the Proteobacteria. Sphingosinicella comprises species with heavy 
metal resistance which can participate in the degradation of recalcitrant 
carbon [76,77]. Species of Bdellovibrio prey on other Proteobacteria 
[78], which could be an explanation for the clustering with many genera 
of the Proteobacteria in the network graph. Both genera could poten
tially generate available organic matter for other bacteria. Genera in this 
cluster such as Opitutus (Verrucomicrobia), Rubrivivax, Herbaspirillum, 
Bdellovibrio and Sphingosinicella (Proteobacteria) as well as Acid
iterrimonas, Gaiella and Terrimonas (Actinobacteria) were significantly, 
negatively correlated with THg and MeHg in the soil solution (Table 3). 
Terrimonas showed significant negative correlations to MeHg in the soil 
solution and in the solid phase. Geobacter was closely connected to all 
these genera (Fig. 6a). The genus Geobacter contains species that are able 
to methylate Hg and demethylate MeHg, while MeHg could be used as 
electron donor by MeHg demethylators [17]. We hypothesize that 
Geobacter methylates Hg, when available electron donors are provided 
and demethylates MeHg under electron donor limitations. This hy
pothesis needs to be proven in further studies. 

In the control, another group of the microbial community network 
was dominated by genera of the Actinobacteria. The Actinobacteria 
cluster was closely connected with putative MeHg demethylators such as 
Nocardioides, Paenibacillus, Mycobacterium and Bacillus (Fig. 6a). There
fore, we suggest that genera of the Actinobacteria participated in or 
supported Hg demethylation in our study. Zhou et al., [18] found as
sociations of Actinobacteria with Hg demethylators in paddy soils. 
Actinobacteria are: i) adapted to low substrate concentrations; ii) they 
can deal with complex organic matter as cellulose and in addition; iii) 
the demethylation gene merA was detected in species of the Actino
bacteria [18,52]. We assume that MeHg demethylation by Actino
bacteria occurs under the limitation of easily available substrates as in 
our non-treated paddy soil. 

Hyphomicrobium was significantly, positively correlated with Paeni
bacillus and Nitrospira as well as indirectly connected to Nocardioides and 
Mycobacterium. It was negatively correlated with total Hg concentration 
(Table 3) and negatively associated with MeHg concentrations in the 
solid phase (Fig. 7c). Hyphomicrobium was not stated as a MeHg deme
thylator yet, although it is known for comprising many methylotrophs 
and species with the demethylation gene merA [60]. Furthermore, a 
microbial community network demonstrated significant, positive cor
relations of Hyphomicrobium with Hg demethylators in paddy soils [18]. 
Therefore, we hypothesize that Hyphomicrobium supports the demethy
lation of MeHg. Furthermore, like the MeHg demethylators Mycobacte
rium and Paenibacillus, Hyphomicrobium is involved in nitrogen fixation 
[79-81]. The genera Hyphomicrobium, Mycobacterium and Paenibacillus 
were directly linked to Candidatus Nitrososphaera, Nitrospira, Caldimonas 
and Adhaeribacter. Adhaeribacter from Bacteroidetes also comprises ni
trogen fixing bacteria, while Candidatus Nitrososphaera, Nitrospira and 
Caldimonas can oxidize ammonia and nitrite [75,82]. Therefore, we 
posit that the demethylation of MeHg could be linked to nitrogen fixa
tion and nitrification under oxidizing conditions in the control. 

In contrast, NO3
- was significantly lower in the biochar-treated soil 

and microbial nitrification might have been suppressed. Biochar com
pounds can deactivate enzymes involved in nitrification [52]. Another 
explanation might be the use of O2 as the strongest electron acceptor for 
the degradation of biochar-derived organic matter. Both could have led 
to a lower nitrification rate. Concerning our previous assumption, a 
lowered nitrification rate would decrease microbial MeHg demethyla
tion leading to higher MeHg concentrations in the solid phase of the 
biochar-treated soil. 

Different microbial assemblages were associated with Hg methyl
ation and MeHg demethylation in the rice-soil interface [4] and the 
microbial community network in different paddy soils revealed strong 
correlations between MeHg demethylators [18]. Even putative non-Hg 
methylators could play an important role in MeHg production in 
paddy soils due to unknown Hg methylation pathways or syntrophic 
relationships with Hg methylators [16]. 

We suggest that interactions between different genera (e.g. Actino
bacteria, Firmicutes, Proteobacteria, Bacteroidetes, Nitrospirota and 
Crenarchaeota) occurred in our study, which were probably more 
important than single species in regulating Hg methylation and MeHg 
demethylation. Our results revealed distinct microbial assemblages 
potentially involved in MeHg production and Hg demethylation. Hg 
methylation in the biochar-treated soil was stimulated by biochar- 
derived organic matter, which led to a microbial community alter
ation with higher abundances of aromatic hydrocarbon degraders. In the 
control under low organic matter availability, mainly Actinobacteria 
associated with nitrogen-fixing and nitrifying bacteria were involved in 
MeHg demethylation. 

5. Conclusions 

Our overall aim was to elucidate the effect of biochar and dynamic 
redox conditions on Hg (de)methylation and the microbial community 
alteration. This study further unraveled the manifold interactions in the 
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microbial community that influence Hg methylation and MeHg deme
thylation. We recommend to consider Hg (de)methylating microbial 
assemblages instead of focusing on single species. Hg methylation and 
the demethylation of the highly toxic MeHg are complex processes 
controlled by the bioavailable Hg and the microbial community, which 
is dependent on DOC as electron donor and on electron acceptors (e.g 
NO3

- , Fe, Mn and SO4
2-), both impacted by EH. The application of rice hull 

biochar increased the abundance of aromatic hydrocarbon degrading 
Proteobacteria such as Phenylobacterium and Novosphingobium in the 
microbial community. These genera probably attacked aromatic func
tional groups of the rice hull biochar. Thereby, bioavailable Hg-DOC 
complexes were increased promoting the activity of Hg methylating 
bacteria. The microbial degradation of functional groups of biochar 
during aging could enhance the formation of MeHg reducing the effec
tiveness of biochar for remediation. Therefore, further studies are 
needed to unravel the relationship between microbial Hg methylation 
and the utilization of biochar-derived Hg-DOC complexes due to biochar 
aging under dynamic redox cycles. 

MeHg demethylation occurred in the control under moderately 
reducing to oxidizing EH and low easily available organic matter. It 
needs to be further elucidated, if the limitation of electron donors leads 
to increased MeHg demethylation. Putative Hg demethylators were 
associated with various genera of Actinobacteria and nitrogen-fixing 
and nitrifying bacteria. Comprising methylotrophs and species with 
the demethylation gene merA, the genus Hyphomicrobium appeared to 
play an important role in the MeHg demethylating microbial commu
nity. Based on our findings, we recommend further studies dedicated to 
the demethylation potential of Hyphomicrobium assemblages combining 
culture-based methods and microbial community studies in environ
mental samples under moderately reducing redox conditions. 

Environmental implication 

Microbial-mediated transformation of mercury into methylmercury 
(MeHg) is hazardous for the environment and human health. Certain 
biochars can immobilize Hg in soils. However, regulating effects of 
biochar on Hg methylation and microbial community composition 
under fluctuating redox conditions is poorly understood. Therefore, we 
analyzed the microbial community in a Hg contaminated paddy soil 
non-treated and treated with rice hull biochar under controlled redox 
condition changes. Microbial assemblages were important in Hg trans
formation providing available organic matter and stimulating Hg 
methylation in the biochar-treated soil. In the non-treated soil, lower 
available organic matter fostered MeHg demethylation by Actino
bacteria and nitrogen-fixing bacteria. 
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