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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Multiple environment media in an 
antimony-coal mining area were 
contaminated with Hg. 

• Considerable Hg deposition flux (3.12 
± 2.20 mg/m2/y) was found in the XKS. 

• Atmospheric deposition dominated Hg 
contamination on surface soils in the 
XKS. 

• Compared with soils, sediments pre
sented higher static and dynamic Hg 
risks. 

• Consuming leaf vegetables posed high 
THg risk for local residents.  

A R T I C L E  I N F O   
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A B S T R A C T   

This study comprehensively investigated mercury (Hg) contents of various environmental compartments in a 
typical antimony-coal mining area with intensive industrial activities over the past 120 years to analyze Hg 
environmental behaviors and evaluate Hg risks. The total mercury (THg) contents in river water, sediments, soils, 
PM10, dust falls, vegetables and corns were 1.16 ± 0.63 µg/L, 2.01 ± 1.64 mg/kg, 1.87 ± 3.88 mg/kg, 7.87 ±
18.68 ng/m3, 13.01 ± 14.53 mg/kg, 0.30 ± 0.34 mg/kg and 3.11 ± 0.51 µg/kg, respectively. The δ202Hg values 
in soils and dust falls were − 1.58 ~ 0.12‰ and 0.25 ~ 0.30‰, respectively. Environmental samples affected by 
industrial activities in the Xikuangshan (XKS) presented higher THg and δ202Hg values. Binary mixing model 
proved that atmospheric deposition with considerable Hg deposition flux (0.44 ~ 6.40, 3.12 ± 2.20 mg/m2/y) in 
the XKS significantly contributed to Hg accumulations on surface soils. Compared with soils, sediments with 
more frequent paths and higher burst probabilities presented higher dynamic Hg risks. Children were faced 
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higher health risk of multiple Hg exposure than adults. Furthermore, the health risk of THg by consuming leaf 
vegetables deserved more attention. These findings provided scientific basis for managing Hg contamination.   

1. Introduction 

Mercury (Hg), with high persistence, toxicity and bioavailability 
[24], has been regarded as a top ten chemical in public health concern 
by World Health Organization (WHO) [43]. Methylmercury (MeHg), the 
organic form of Hg, has the highest toxicity and risk [25]. The Hg 
released from natural processes [10] and anthropogenic activities [15] 
enters the adjacent ecosystems mainly through river transportation [39] 
and atmospheric deposition [34], causing severe Hg contamination in 
the environment, further resulting in potential Hg risks faced by pop
ulations. Furthermore, the emitted Hg from non-ferrous metals mining 
and smelting constitutes the vital proportions (15%) [37] of anthropo
genic Hg emissions and has been widely concerned [27,41]. 

China’s production, consumption and trade of non-ferrous metals 
rank first in the world [54], resulting the Hg contamination caused by 
non-ferrous industries has been widely reported, such as Hg mining and 
smelting area in Tongren, Guizhou Province [46], Au mining area in 
Huadian, Jilin Province [41], Pb/Zn smelter area in Zhuzhou, Hunan 
Province [19,18], Sb mining and smelting area in Lengshuijiang, Hunan 
Province [7], and Cu mining area in Fuyang, Zhejiang Province [48]. 
However, these studies only focused on Hg contamination in a single 
medium or a few media in the studied area. During the mining and 
smelting of non-ferrous metals, the discharged wastewater carrying Hg 
was released to nearby aquatic ecosystems [11], the flue gas enriched 
with Hg unremoved completely by purification facilities was trans
mitted to surrounding aquatic and terrestrial ecosystems by atmospheric 

deposition [15], resulting in Hg contamination in water, sediments, air, 
soils, plants, and organisms. Therefore, comprehensive focusing on 
various environmental media is crucial for fully revealing the Hg 
contamination in study areas. 

Xikuangshan (XKS) situates in a low-temperature mineralization 
depression and contains resources such as non-ferrous metals (Sb, Hg, 
Au, Zn, Pb, As) and coal [8]. The Sb production of XKS accounted for 
80% of Hunan Province, referred as “the Capital of Antimony” [4,42]. In 
addition, coal mining industry is distributed in the region [26]. The 
Lianxi River, originates from the XKS area, receives the mining and 
smelting drainage and flows into the Zijiang River [40]. Although Fu 
et al. [7] reported the Hg contents in water and fish in the XKS, the Hg 
contamination in other environment media and ecological and health 
risks caused by Hg contamination in the XKS need to be further revealed. 
The exhaust gas containing Hg emitted by Sb mining and smelting ac
tivities would be volatilized into the atmosphere and deposited onto the 
adjacent soils. However, the relative contribution of atmospheric Hg 
deposition from anthropogenic activities to the Hg accumulations in 
soils in the XKS has not been quantitatively evaluated. Hg isotope 
compositions has been widely used to track the Hg sources in contam
inated soils [34,9]. Mixing model based on the mass dependent frac
tionation (MDF) and mass independent fractionation (MIF) has been 
widely used to trace multiple Hg sources in environmental samples and 
quantify relative proportions ([47,6]; Sun et al., 2020). 

Some studies regarding risk assessment of heavy metal in solid 
phases were based on the static risk of THg concentrations [44] and 

Fig. 1. The geographic locations of collected samples in the antimony-coal mine area (a) and the XKS (b).  
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active fractions proportions [29]. However, the continuous Hg input 
might cause Hg accumulation in environment, trigger the Delayed 
Geochemical Hazard (DGH) processes in soils and sediments, lead to the 
migration and transformation of Hg fractions and ultimately induce the 
dynamic Hg risks in environment [53]. Long term exposure to different 
environmental media (i.e., water, soils, air, crops and organisms) in Hg 
contaminated sites via multiple pathways (ingestion, dermal contact and 
inhalation) might cause potential hazards to populations [16,52]. Thus, 
residents near contaminated regions might face higher Hg exposure risks 
than general populations [1]. However, generic health risk assessment 
methods were limited by complexity of studied systems and variability 
of exposure parameters, resulting in high uncertainty of the results [31]. 
Monte Carlo simulation could predict the probabilistic risk distribution, 
quantify the uncertainty of risk evaluation and provide the information 
on population percentages in a specific range of hazard quotients [13, 
14], thus was adopted to evaluate the health risks to inhabitants. 

The primary aims were to: 1) determine Hg contamination and 
characterize Hg spatial distribution in various environmental media 
(river water, sediments, soils, atmospheric particulate matters (PM10 
and dust falls), crops (vegetables and corns)) in the region; 2) analyze 
the allocation, enrichment and transfer of Hg; 3) estimate the contri
bution of atmospheric Hg deposition on surface soils; 4) reveal the dy
namic risk development paths and burst probabilities of Hg in sediments 
and soils; 5) quantitatively assess the health risks of multiple Hg expo
sure faced by local residents. 

2. Materials and methods 

2.1. Studied area description 

The studied antimony-coal mine area with a total area of 80 km2, 
including the XKS and its surrounding area, locates in the midstream of 
the Zijiang River Basin and central part of Hunan Province, China 
(Fig. 1a). The XKS deposit covers 16 km2 (Fig. 1b), including North Mine 
and South Mine. XKS antimony mine, referred as “the Capital of Anti
mony”, is a super large antimony mine with reserve of 859300 tons. 
Currently, the North Mine is smelting area, and the South Mine is mining 
area. The Tangchong coal mine is located between the XKS and the 
Lengshuijiang City. Apart from lands using for mining, most of lands are 
extensively applied for cultivation, mainly corns and vegetables. The 
Lianxi River flows through the XKS and the Tangchong coal mine, then 
injects into the Zijiang River at 14 km downstream of the XKS. Fu et al. 
[7] reported the Sb, As and Hg contamination in the Lianxi River. Ac
cording to practical survey of local residents, the Lianxi River was not 
used for irrigation due to heavy metals pollution [7]. The XKS has been 
mined for more than 120 years [42], resulting the principal anthropo
genic source of heavy metals to local environment. 

2.2. Sampling and pretreatment 

Surface river water samples (n = 29) within 14 km downstream of 
the smelters in North Mine were collected into 10% (V/V) nitric acid 
pretreated clean polyethylene plastic bottles and then acidified to pH< 2 
in November 2020, April 2021 and July 2023. The unfiltered samples 
and filtered samples (0.45 µm Teflon membranes) were used to detect 
the total mercury (THg), dissolved Hg (DHg) and dissolved MeHg 
(DMeHg) contents in river water, respectively. The particulate Hg (PHg) 
contents were calculated by the difference between THg and DHg in 
river water. 

Surface sediment samples (n = 17) corresponding to the river water 
samples (no sediment samples in some locations) were collected into 
polyethylene plastic bags in November 2020, April 2021 and July 2023. 
Pore water samples (n = 9) were extracted from collected sediments by 
centrifugation (3500 rpm, 10 min), and then filtered (0.45 µm) to 
remove particles to determine the DHg and DMeHg contents in pore 
water. Surface soil samples (n = 64) were collected with spades into 

polyethylene plastic bags in October 2022 and April 2023. Soil profiles 
were collected from outside the XKS, and soil samples from the lower 
layer (below 100 cm) were selected to represent the local background 
soil. All collected soil samples are farmland soil, then litter and root mat 
were removed from the collected soil samples. In addition, no accu
mulated slag near the soil samples were found. Tuber vegetables (potato, 
sweet potato, carrot and garlic) (n = 32), leaf vegetables (head lettuce, 
cabbage and spinach) (n = 28) and corns (n = 9) in the mature period 
were collected at the distance of − 2 km (2 km upstream), − 0.5 km 
(0.5 km upstream), 2.5 km, 4 km, 7 km, 9 km, 10 km,12 km and 14 km 
from the smelters in North Mine in October 2022 and April 2023, 
cleaned with deionized water and dissected the aboveground tissues and 
underground tissues of the entire plants. The solid samples and plant 
tissues were freeze-dried at − 40 oC, then grounded, passed through 200 
mesh and stored at − 4 oC. 

Particulate matter samples (n = 36) in atmosphere (PM2.5 and PM10) 
were collected on constant-weighted quart fiber membranes (Pallflex 
Tissuquartz TM, 90 mm, USA) by medium volume air samplers (TH- 
150 C, Wuhan Tianhong Instruments Co., Ltd., China) for 24 h with flow 
rate of 100 L/min. The PM2.5 and PM10 samples were collected at the 
distance of − 0.5 km, 4 km, 11 km and 14 km from the smelters in North 
Mine in April 24–26, 2023 and July 19–20, 2023. Sized-fractioned 
particulates (<0.43 µm, 0.43–0.65 µm, 0.65–1.1 µm, 1.1–2.1 µm, 
2.1–3.3 µm, 3.3–4.7 µm, 4.7–5.8 µm, 5.8–9.0 µm, 9.0–10 µm) (n = 3) 
were collected on constant-weighted quart filters (Thermo-Electron Co., 
USA) by a nine-stage cascade impactor (Anderson Series 20–800, USA) 
for 48 h with flow rate of 28.3 L/min. The segregated particles were 
collected at the front door of smelters, approximately 500 m away from 
the stack in the North Mine, in April 24–25, 2023 and July 19–20, 2023. 
After sampling, all filters were placed in a constant temperature and 
humidity chamber until the weigh precision of 10 µg, then was stored at 
− 4 oC. 

Dust fall samples (n = 16), the mixing of dry and wet deposition, 
were obtained in cylindrical shape glass jars (15 cm × 30 cm) at the 
distance of − 2 km, 0 km, 2.5 km, 4 km, 7 km, 9 km, 12 km and 14 km 
from the smelters in North Mine from April 24, 2023 to July 20, 2023 
and July 21, 2023 to November 08, 2023. The containers were fixed 
with iron wire and stainless steel meshes at the height of 2 m from the 
ground. The dust falls removed debris were transferred to glass beakers, 
dried at 80 oC to constant weight, then stored at − 4 oC. 

2.3. Analysis methods 

2.3.1. THg analysis 
The THg contents in the collected environmental samples were 

analyzed with a Direct Mercury Analyzer (DMA-80, Milestone, Italy). In 
brief, THg and DHg contents in water samples were analyzed with 1 mL 
and 2 mL samples by “concentrated function”, respectively. The recov
ery rates of Hg in the water samples were analyzed by the addition of 
certified material (GSB04–1729-2004, National Institute of Metrology), 
ranging from 82.24% to 96.17%. The coefficient variations (CVs) varied 
from 4.73% to 11.83%. Based on accumulated injection volume of 2 mL 
water samples, the detection limit (DL) of Hg was 6.50 ng/L. About 0.1 g 
soils, 0.1 g sediments, 0.05 g dust fall samples, 0.05 g vegetable samples 
and 0.05 g corn samples were placed into the nickel-made boats for THg 
detection. Four cut small circles (0.562 cm2) were evenly picked from 
the membrane for collecting particulate matter, then placed into the 
boats for THg detection. The recovery rates of THg in certified material 
(GBW08308), with the concentration of 0.48 ± 0.03 µg/g Hg in lake 
sediments, were stable (91.75% ~ 98.26%), and the CVs of the duplicate 
samples were low (2.30% ~ 6.50%). Based on 0.1 g solid samples, the 
detection limit (DL) of THg was 0.10 µg/kg. 

2.3.2. Hg speciation analysis 
The MeHg contents in the collected environmental samples were 

quantified with a Fully Automatic Alkyl Mercury Analyzer (MMA72, 
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POLYTECH, China). The analysis method of dissolved MeHg (DMeHg) in 
river water is detailed in Text S1. Briefly, 25 mL distilled water samples, 
30 µL CH3COOH-CH3COONa (pH = 4.6) and 40 µL NaB(C2H5)4 were 
added into 40 mL brown glass bottles, then fully mixed and reacted for 
2 h. The recovery rates in water samples (n = 7) were analyzed by the 
certified solution addition, ranging from 81.62% to 86.70%. The stan
dard solution of MeHg (GBW08675) was certified by National Institute 
of Metrology, with the 76.30 ± 2.90 µg/g MeHg in the matrix of 
methanol. The CVs varied from 7.96% to 14.08%. The DL of MeHg in 
water samples was 0.05 ng/L. 

0.1 g solid samples, 5 mL 18% (m/V) KBr/H2SO4, 1 mL 1 M CuSO4 
and 10 mL CH2Cl2 were sequentially taken into the 40 mL brown glass 
bottles, fully mixed for 2 h, then centrifuged for 20 min at 3000 r/min. 
Then 50 mL deionized water was added on collected organic phase for 
back extraction at 55 ~ 65 oC. After that, 1 mL extracted solution, 
30 mL pH buffer (pH = 4.6), 40 µL derivatization reagent and deionized 
water were taken into 40 mL brown glass bottles, then fully mixed and 
reacted for 2 h for MeHg analysis. The recovery rates of MeHg in 
certified material ranged from 80.76% ~ 91.32%. The standard material 
of Methylmercury and Elements in Lake Sediment (GBW08308) were 
certified by National Institute of Metrology, with the concentration of 
5.20 ± 0.70 ng/g MeHg in lake sediments. The tested CVs were less than 
15% (7.10% ~ 14.36%). The DL of MeHg in solid samples was 0.04 µg/ 
kg. 

Extracted Hg fractions in solid samples were analyzed by the modi
fied Tessier procedure. The detailed extracted procedures of Hg fractions 
in solid samples are provided in Table S1. 

2.3.3. Hg isotope analyses 
Hg isotope values were analyzed using a multi-collector inductively 

coupled plasma mass spectrometer (MC-ICP-MS) at Chinese Academy of 
Sciences. Briefly, 0.5 g soil samples, 5 mL aqua regia and 0.2 mL BrCl 
were added in glass vessel to fully digest (95 oC, 12 h). After digestion, 
0.5 mL NH2OH⋅HCl was added subsequently to fully degrade residual 
BrCl. After centrifugation, the collected supernatants were adjusted to 
0.5 µg/L THg and within 20% acidity. In Hg isotope analysis process, the 
instrumental parameters are detailed in Table S2. The Hg isotope values 
were referred to the bracketed standard Hg (NIST 3133), and MDF is 
expressed by δ202Hg: 

δXXXHg
(

%o
)
=

{( XXXHg
/198Hg

)

sample

/( XXXHg
/198Hg

)

NIST3133
− 1
}
× 1000

(1) 

The MIF is expressed by Δ199Hg, Δ200Hg and Δ201Hg and calculated 
as: 

Δ199Hg ≈ δ199Hg −
(
δ202Hg × 0.2520

)
(2)  

Δ200Hg ≈ δ200Hg −
(
δ202Hg × 0.5024

)
(3)  

Δ201Hg ≈ δ201Hg −
(
δ202Hg × 0.7520

)
(4) 

The analytic uncertainties were determined by the largest 2 SD 
among standard materials (NIST 3177 (n = 4) and GSS-5 (n = 2)) (i.e., 
0.07‰, 0.03‰, 0.04‰ and 0.05‰ for δ202Hg, Δ199Hg, Δ200Hg and 
Δ201Hg values, respectively), and the data are detailed in Table S3. 

2.3.4. Physicochemical analysis 
The analysis methods of the physicochemical characteristics in 

various environmental media are detailed in Text S2. 

2.4. Allocation, enrichment, transfer and atmospheric deposition 

The distribution coefficient (Kd, L/kg) was used to explore the Hg 
portioning behaviors in aquatic ecosystems. The enrichment factor (EF) 
was used to assess the enrichment degrees of Hg in solid samples. The 
bioaccumulation factor (BAF) and bioconcentration factor (BCF) were 

adopted to evaluate the enrichment ability of Hg in the aboveground 
parts and underground parts in vegetables, respectively. The calculation 
formula, parameters and evaluation criteria are presented in Text S3. 

The atmospheric Hg deposition fluxes were calculated by Eq. (5): 

DHg =
CHg × m

S
(5)  

where DHg is the mass of deposited Hg (mg/m2/y); CHg refers to the Hg 
concentrations in dust falls (mg/kg); m refers the deposited mass in a 
container (kg/y); S represents the area of a container (m2). 

Based on the current deposition fluxes, the annual contributions of 
atmospheric Hg deposition on surface soils were estimated [22] as 
following Eq. (6): 

FHg =
DHg

ρsoil × z
(6)  

Where FHg is the contribution of atmospheric Hg deposition on surface 
soils (mg/kg/y), ρ represents the soil density (1125 kg/m3); z indicates 
the topsoil thickness (0.2 m) [22,5]. 

The temporal changes of Hg in surface soils under the present Hg 
deposition fluxes could be evaluated by the following recursion formula 
and detailed in Text S4: 

CHg
n = CHg

0 +FHgR
1 − Rn

1 − R
(7)  

where CHg
n represents the predicted Hg concentrations in surface soils 

after n years (mg/kg); CHg
0 indicates the detected Hg concentrations in 

currently collected surface soils (mg/kg); R is the retention rate of Hg in 
soils (%). 

2.5. Quantifying of Hg sources in surface soils 

The relative contributions of atmospheric Hg deposition to surface 
soils were quantified by a binary model [34], as follows: 

Xδ202Hgatm + Yδ202Hgbac = δ202Hgsoils (8)  

X + Y = 1 (9)  

where X and Y were the relative contributions in the surface soils of 
atmospheric deposition and background source, respectively. 

2.6. Environmental risk assessment 

2.6.1. Ecological risk assessment 
Ecological risk (ER) of total content index and risk assessment code 

(RAC) of mobile fractions index were used to evaluate static risk in 
sediments and soils and are provided in Text S5. 

The DGH model developed by Zheng et al. [53] revealed the trans
formation paths from stable Hg fractions to active Hg fractions in soils, 
and has been widely applied in the dynamic risk assessment in Hg 
contaminated sites [3]. The model fitted nonlinear pathways from “total 
releasable content of pollutant (TRCP)” to “total content of active spe
cies (TCAS)”. The curve equation was as follows: 

Q = a0 + a1C+ a2C2 + a3C3 +… (10) 

The critical indicators and characteristics of the equation are listed in 
Text S6. The burst probability of DGH (PDGH) could be accurately pre
dicted by Eq. (11): 

PDGH = Sampleexceedance/Sampletotal (11)  

where Sampleexceedance indicated the sample numbers with TRCP value 
exceeding burst critical point (BCP) value in sediments and soils, and 
Sampletotal indicated the total sample numbers in sediments and soils. 
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2.6.2. Human health risk assessment 
Local residents faced the potential Hg risks from multiple pathways, 

including soils, atmospheric particulate matters, vegetables and corns. 
As the result of unclear carcinogenic effect of Hg, this study only eval
uated the non-carcinogenic risks of Hg. The hazard index (HI), the ratio 
of chronic daily intake (CDI) to reference dose (RfD), was often adopted 
to assess the non-carcinogenic risks of THg and MeHg [52]. 

The CDI value of water by oral ingestion and dermal contact were 
calculated by Eq. (12), (13): 

CDIow =
Cow × IRw × ABSg × EFw × EDw

BW × ATw
(12)  

CDIdw =
Cdw × SA × Kp × EFw × EDw × ET

BW × ATw
(13) 

The CDI values of soils by oral ingestion and dermal contact were 
calculated by Eq. (14), (15): 

CDIoso =
Cso × IRso × EFso × EDso

BW × AT so
× 10− 6 (14) 

Fig. 2. The Hg contents in river water (a), sediments (b), soils (c), atmospheric particulate matters (d), dust falls (e) and crops (f) in the study area (The error bars 
represented seasonal variations; the shaded zones represented the XKS area). 
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CDIdso =
Cso × ABS × EFso × EDso × SA × AF

BW × ATso
× 10− 6 (15) 

The CDI values of particulate-bound Hg (PM10) in atmosphere were 
quantified by inhalation, and calculated by Eq. (16): 

CDIipar =
Cpar × DAIR × EDpar × PIAF ×

(
fspo × EFO + fspi × EFI

)

BW × AT
× 10− 3 (16) 

The CDI values of Hg in vegetables and corns by oral ingestion were 
determined by Eq. (17), (18), respectively: 

CDIoveg =
(Cleaf × IRleaf + Ctuber × IRtuber

)
× EFveg × EDveg × CFveg

BW × ATveg
× 10− 3

(17)  

CDIocorns =
Ccorns × IRcorns × EFcorns × EDcorns × CFcorns

BW × ATcorns
× 10− 3 (18) 

The HI values were calculated by the following Eq. (19): 

HI =
∑

THQi =
∑CDIi

RfDi
(19) 

The mathematical meaning and referenced values of critical in
dicators for Hg exposure by multiple pathways are provided in Table S4. 
The calculated HI values were compared with the threshold (1) set by 
USEPA to determine whether multi-path exposure posed Hg risks to 
human health. A HI value > 1 represents Hg exposure by these pathways 
would pose adverse health impact on local residents. Conversely, it 
would be considered that no health risk was caused on local residents. 

3. Results and discussion 

3.1. Hg contamination in environment 

The detected characteristics of environmental samples in river water, 
sediments and soils are showed in Text S7 and Table S5. The Hg contents 
of various environmental media in varied seasons are presented in 
Table S6. 

3.1.1. Hg contents in river water 
In river water, the THg concentrations varied from 0.19 µg/L to 

2.39 µg/L (average: 1.16 ± 0.63 µg/L). The extremely high THg con
centration (2.39 µg/L) was found nearby smelters in North Mine, which 
was lower than the Chinese emissions standards of industries waste
water (5 µg/L) (GB 30770–2014). The THg contents in the Lianxi River 
were comparable with those in river near Wanshan Hg mine in China 
(0.004 ~ 3.20 µg/L) [21] and in river surrounding Xiushan Hg mine in 
China (0.02 ~ 2.39 µg/L) [45]. The THg contents in the Lianxi River 
were higher than those in the Shuichang River (0.08 ~ 0.40 µg/L) [7], 
which was not directly polluted by antimony mine drainage. 

In Fig. 2a, the concentrations of THg, DHg and PHg decreased with 
the river transportation. Affected by coal mining plant located 8.5 km 
downstream of the North Mine, the rapid increase of THg, DHg and PHg 
contents in LX-12 were observed. These Hg contents at the confluence of 
the Lianxi River and Zijiang River (14 km downstream of the North Mine 
and 5.5 km downstream of the coal mining plant), reduced to 0.19 µg/L, 
0.17 µg/L and 0.03 µg/L, respectively, which met the Class IV (1 µg/L) 
of Quality Standard for Surface Water in China (GB3838–2002). Except 
the dilution effect, the settlement of particles during river transportation 
was probably a crucial explanation for the reduction of Hg contents in 
river water. PHg was the dominant speciation of THg (87.74 ± 4.06%), 
which might attribute that most Hg in the Lianxi River was mainly 
related to particles. The DMeHg concentrations varied from 0.89 to 
1.56 ng/L (1.15 ± 0.21 ng/L). No obvious trend of MeHg distribution 
was shown with river transportation. 

The THg and PHg contents in summer were significantly higher than 
those in spring and autumn (p < 0.01) in river water (Table S6). It was 
mainly attributed to frequent rainfall in summer, which led to large 
amounts of Hg-containing leachate and wastewater discharged from 
mining and smelting activities being flowed into the river through sur
face runoff. No significant seasonal variations were observed in DHg and 
DMeHg contents. 

3.1.2. Hg contents in sediments 
In sediments, the THg concentrations largely ranged from 0.30 mg/ 

kg to 4.28 mg/kg (average: 2.01 ± 1.64 mg/kg), which exceeded the 
probable effect value (1.06 mg/kg) of Sediment Quality Guidelines 
(SQG). The THg contents in sediments in the Lianxi River were higher 
than those reported THg contents in Shileixi Creek surrounding Xiushan 
manganese mine in China (0.19 ~ 1.23 mg/kg, 0.63 ± 0.27 mg/kg) 
[51] and Gambia River around the gold mine in Senegal (0.02 ~ 
2.40 mg/kg, 1.16 ± 0.80 mg/kg) [27]. Although industrial discharges 
of coal mining caused rapid increase of THg content at 8.5 km down
stream of the North Mine, THg contents in sediments considerably 
decreased with the distance from the pollution source during river 
transportation (Fig. 2b). In addition, no significant seasonal variations of 
THg contents in sediments were observed (p > 0.05) (Table S6). 

The proportions of extracted Hg fractions in sediments are provided 
in Fig. S2. Obviously, Hg in sediments mainly existed in the form of 
residual components (83.14 ± 4.63%) and organic bound components 
(15.17 ± 4.04%). The MeHg concentrations were from 0.35 µg/kg to 
0.69 µg/kg (average: 0.54 ± 0.11 µg/kg). MeHg contents in sediments 
showed no significant distribution trend and seasonal variations 
(p > 0.05). 

3.1.3. Hg contents in soils 
In soils, the THg contents considerably varied from 0.13 mg/kg to 

26.96 mg/kg (average: 1.87 ± 3.88 mg/kg). 29.41% samples exceeded 
the risk screening values for soil contamination of agricultural land and 
7.84% samples exceeded the risk intervention values for soil contami
nation of agricultural land (GB15618–2018). The THg concentrations in 
soils in the study area were lower than THg concentrations reported in 
soils surrounding Hg mine in the Xiushan region of Chongqing (0.45 ~ 
68 mg/kg, 9.80 ± 17.50 mg/kg) [45] and higher than the THg con
centrations in a Pb/Zn smelter area in Hunan (0.86 ~ 1.50 mg/kg, 1.07 
± 0.22 mg/kg) [19]. The THg contents in soils in the XKS were signifi
cantly higher than those outside the XKS (p < 0.01), and the THg con
tents in the XKS showed a decreasing trend from the North Mine to South 
Mine. The THg contents in soils displayed no significant seasonal vari
ations (p > 0.05) (Table S6). 

The dominant species in soils were residual Hg (87.72 ± 7.73%) and 
organic bound Hg (10.93 ± 7.63%) (Fig. S2). The MeHg contents in soils 
varied from 0.28 µg/kg to 1.33 µg/kg (average: 0.55 ± 0.21 µg/kg). No 
obvious distribution pattern (Fig. S3) and seasonal variations of MeHg in 
soils were observed (p > 0.05). 

3.1.4. Hg contents in atmospheric particulate matters 
In the study area, the daily average concentrations of PM2.5 and PM10 

were 29.16 ± 13.09 µg/m3 and 56.72 ± 40.12 µg/m3, respectively, 
which met the Class II (35 µg/m3 and 70 µg/m3 for PM2.5 and PM10, 
respectively) of Ambient Air Quality Standard in China (GB 
3095–2012). The daily average Hg concentrations in PM2.5 (Hgp

2.5) and 
PM10 (Hgp

10) in the study area were 1.17 ± 1.93 ng/m3 and 7.87 
± 18.68 ng/m3, respectively. In Fig. 2d, the highest concentrations of 
Hgp

2.5 and Hgp
10 were observed in the XKS (5.90 ng/m3 and 60.06 ng/m3, 

respectively), and obviously decreased away from the XKS. In the 
Lengshuijiang City, 14 km away from the XKS, the concentrations of 
Hgp

2.5 and Hgp
10 were 0.03 ng/m3 and 0.06 ng/m3, respectively. The 

contents of Hgp
2.5 and Hgp

10 in the study area were higher than those in a 
power plant in Southwest China (0.14 ng/m3 and 0.19 ng/m3, respec
tively) [50]. The Hgp

2.5 contents in the Lengshuijiang City were lower 
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than those in Guiyang City (0.10 ng/m3) [20] and the Hgp
10 contents in 

the Lengshuijiang City were comparable with those in Xiamen City 
(0.06 ng/m3) [36]. The average proportion of Hgp

2.5 to Hgp
10 was 59.95 

± 24.51%, indicating the particulate-bound Hg in PM10 mainly existed 
in fine particles, which was proved by distribution of PHg in particles 
with different sizes (Fig. 2d). Based on the investigation, the intensity of 
industrial activities in the XKS were not affected by varied seasons. 
Moreover, local residents didn’t use coal burning for indoor heating. In 
addition, the sampling time in summer was in the Plum Rainy Season, 
with high rainfall. The contents of Hgp

2.5 and Hgp
10 in spring were 

significantly higher than those in summer (p < 0.01) (Table S6), which 
was attributed to the removal of atmospheric particulate matters by 
frequent rainfall in summer. 

The Hg concentrations in dust falls ranged from 1.20 mg/kg to 
39.05 mg/kg, with an average of 13.01 ± 14.53 mg/kg, which was 
lower than those in Wanshan Hg mine (1 ~ 39.12 mg/kg, 30.59 mg/kg) 
and higher than those in Xunyang Hg mine (2.99 ~ 14.01 mg/kg, 
3.50 mg/kg) (Sun et al., 2020). The THg concentrations of dust falls in 
the XKS (23.93 ± 13.18 mg/kg) were significantly higher than those 
outside the XKS (2.08 ± 0.86 mg/kg) (p < 0.01). The THg contents in 
dust falls were significantly higher (3.73 ~ 22.71 times) than those in 
soils at the corresponding locations (p < 0.01). The THg contents in dust 
falls presented no significant difference in varied seasons (p > 0.05) 
(Table S6). 

3.1.5. Hg contents in crops 
In Fig. 2f, the THg contents in vegetables in the XKS (0.52 

± 0.48 mg/kg) were higher than those outside the XKS (0.21 
± 0.17 mg/kg), and showed a decreasing trend from North Mine to 

South Mine. The THg contents of vegetables in the XKS were lower than 
those in the Wanshan Hg mining region (1.70 ± 1.90 mg/kg) [30] and 
higher than those in the Shenda gold mine (0.14 ± 0.09 mg/kg) [32]. In 
Fig. 2f, the THg contents of vegetables in aboveground tissues (0.53 
± 0.44 mg/kg) were significantly higher than those in underground 
tissues (0.05 ± 0.04 mg/kg) (p < 0.01). THg contents of edible tissues 
in leaf vegetables were significantly higher than those in tuber vegeta
bles and crops in the corresponding sites (p < 0.01). The THg contents of 
vegetables in summer were significantly higher than those in autumn 
(p < 0.01) (Table S6), which might be affected by collected vegetable 
species. In addition, no significant differences of THg concentrations in 
corns were observed in the XKS (3.16 ± 1.57 µg/kg) and outside the XKS 
(3.02 ± 0.54 µg/kg) (p > 0.05). The THg contents in vegetables in the 
study area all exceeded the limit of THg in vegetables (Hg: 0.01 mg/kg), 
whereas the THg contents in corns were all below the limit value (Hg: 
0.02 mg/kg) (GB2762–2012). 

The MeHg in collected vegetables and corns ranged from 0.10 µg/kg 
to 0.39 µg/kg (average: 0.24 ± 0.10 µg/kg). No significant variations of 
MeHg contents in crops were observed in different regions and seasons 
(p > 0.05). In addition, the MeHg contents in aboveground tissues (0.21 
± 0.12 µg/kg) were lower than those in underground tissues (0.29 
± 0.18 µg/kg). 

3.2. Environmental behaviors of Hg 

3.2.1. Allocation, enrichment and transfer of Hg 
In the Lianxi River, the average logKd values of THg were 4.36 

± 0.57 and 4.24 ± 0.63 in the XKS area and outside the XKS area, 
respectively, which were comparable with the reported logKd of THg in 

Fig. 3. The Hg enrichment degree in soils (a) and sediments (b), the translocation factors in vegetables (c) and dust falls fluxes and annual Hg deposition fluxes (d) in 
sampling sites in the study area. 
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16 river mouths in China (4.30 ± 0.39) [23,49]. The average logKd 
values of MeHg were 2.67 ± 0.18 and 2.81 ± 0.08 in the above regions, 
respectively. No significant differences in allocation coefficients of THg 
and MeHg were observed in the XKS and outside the XKS in the Lianxi 
River. 

Hg in sediments and soils were strongly enriched (30.58 ± 24.71) 
and significantly enriched (16.26 ± 18.42), respectively. In comparison, 
the Hg in sediments and soils in the XKS (31.69 ± 33.34 and 16.15 
± 4.79, respectively) presented higher enrichment than those outside 
the XKS (29.11 ± 12.58 and 13.73 ± 1.53, respectively). The Hg 
enrichment degree in sediments in the Lianxi River was comparable with 
that in sediments in the Bílina River affected by coal mining (strong 
enrichment) [38]. The Hg enrichment degree in soils in this 
antimony-coal mine area was higher than that in soils surrounding the 
mines and quarries (moderate enrichment) in Yunan (Liu et al., 2023) 
and lower than that in forest soils around a cement plant in Europe 
(strong enrichment) [2]. The significant correlations between 
non-residual components and EF values in samples (p < 0.05) proved 
that soils in the XKS (Fig. 3a) and sediments in the Lianxi River (Fig. 3b) 
were greatly impacted by anthropogenic activities [12]. 

As shown in Fig. 3c, the differences of BAF and BCF values were not 
significant with different distances from the North Mine. The BCF values 
and BAF values of vegetables in the XKS were 0.12 ± 0.15 and 0.72 
± 0.35, respectively. The BAF values were higher than BCF values, 
indicating the aboveground tissues accumulated more Hg than the un
derground tissues. The THg contents in aboveground tissues were 13.37 
± 8.88 times (3.39 ~ 33.72 times) higher than those in underground 
tissues in the study area, which was significantly higher than the 

reported values caused by root uptake (0 ~ 2 times) [28]. Shahid et al. 
[33] reported the foliar accumulation of heavy metal from atmospheric 
deposition greatly enhanced contamination in aboveground tissues in 
plants near smelters. Therefore, high Hg contents of aboveground tissues 
in vegetables in this study area might be attributed to the foliar accu
mulation caused by atmospheric deposition from smelters. 

3.2.2. Atmospheric deposition of Hg 
The dust falls fluxes in the XKS (83.46 ~ 615.66, 286.77 

± 179.03 mg/m2/d) were higher than outside the XKS (50.69 ~ 226.05, 
120.92 ± 59.91 mg/m2/d). The dust falls fluxes in the XKS were higher 
than recommended value in Ambient Air Quality Standard of Dust Falls 
in some provinces in China (200 mg/m2/d) (DB52/1699–2022). The 
annual Hg deposition fluxes in the XKS (0.44 ~ 6.40, 3.12 ± 2.20 mg/ 
m2/d) were significantly higher than those outside the XKS (0.05 ~ 
0.34, 0.13 ± 0.10 mg/m2/d) (p < 0.01), which might be caused by the 
increased particle fluxes and Hg contents in atmosphere from intensive 
anthropogenic activities in the mining area (3.1.4 section) (Fig. 3d). The 
annual atmospheric Hg deposition fluxes in the XKS were higher than 
those in zinc refinery in European (maximum deposition: 0.99 mg/m2/ 
d) [35] and lower than those in a historical Hg mine in Tongren 
(6.77 mg/m2/d) [22]. Furthermore, annual input of atmospheric Hg 
deposition in surface soils in the XKS (13.89 ± 9.79 µg/kg) was higher 
than those outside the XKS (0.59 ± 0.45 µg/kg). 

3.2.3. Impact of atmospheric Hg deposition on surface soils 
Some studies reported that atmospheric deposition is the primary 

heavy metal source in surface soils in highly developed industry areas 

Fig. 4. Hg isotope compositions of contaminated surface soils, dust falls and regional background soils (a), plot of Δ199Hg and 1/THg in above environmental 
samples (b), relative contributions of two Hg sources in surface soils (c) and temporal changes of Hg in surface soils under the atmospheric deposition (d). 
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([34,5]; Liu et al., 2023). In this study, the impact of atmospheric Hg 
deposition on surface soils was analyzed by Hg isotope signatures in dust 
falls and surface soils. The δ202Hg and Δ199Hg values of dust falls in the 
XKS ranged from 0.25‰ to 0.30‰ (0.27 ± 0.03‰) and − 0.06‰ to 
0.05‰ (− 0.02 ± 0.06‰), respectively. The δ202Hg and Δ199Hg values of 
contaminated soils in the XKS varied from − 0.92‰ to 0.12‰ (− 0.26 
± 0.32‰) and − 0.14‰ to 0.05‰ (− 0.07 ± 0.06‰), respectively. The 
δ202Hg and Δ199Hg values in background soils with low THg contents 
from the lower layer profile (below 100 cm) outside the XKS were from 
− 1.58‰ to − 1.04‰ (− 1.20 ± 0.25‰) and − 0.24‰ to − 0.17‰ 
(− 0.19 ± 0.03‰), respectively. In general, obviously distinct Hg isotope 
compositions were observed in dust falls and background soils (Fig. 4a). 

Compared with the relationship between Δ199Hg and δ202Hg (R2 =

0.42) (Fig. S4), more significant correlation between Δ199Hg and 1/THg 
was showed in samples (R2 = 0.50) (p < 0.01). The linear relationship 
between Δ199Hg and 1/THg indicated two dominant Hg sources in 
environmental samples (Fig. 4b). The linear regression met the 
normality and homogeneity of residuals (Fig. S5). The end-members of 
Δ199Hg and 1/THg values for atmospheric deposition source in non- 
ferrous industrial areas (Δ199Hg: − 0.05 ± 0.11‰; 1/THg: 0.09 
± 0.09 µg/kg, n = 12) were estimated by dust falls in a zinc smelter, 
gold mining area, Hg mining area [34], Sb mining and smelter area (this 
study) and other non-ferrous metals industrials [17]. The Δ199Hg and 
1/THg values of background source (Δ199Hg: − 0.23 ± 0.06‰; 1/THg: 
13.47 ± 3.85 µg/kg, n = 10) were determined by uncontaminated soils. 
The proportions of two Hg sources (atmospheric deposition and back
ground process) in surface soils were quantified by a binary model. 
Furthermore, atmospheric Hg deposition was the dominant Hg source 
on surface soils in the XKS (85.34%) and background source had no 
prominent impact (14.66%) in Hg contamination on surface soils. In 
addition, background source was the major Hg source on surface soils 
outside the XKS, atmospheric Hg deposition and background source 
contributed 33.08% and 66.92% on surface soils, respectively (Fig. 4c). 
However, the atmospheric deposition in this study only focused on dry 

and wet deposition, and the atmospheric deposition pathway of gaseous 
element Hg carried by litterfall has not been considered. 

The recursion model was used to predict the effects of atmospheric 
Hg deposition on surface soils in the XKS and outside the XKS during the 
next 100 years. The predicted THg concentrations in soils in all sampling 
sites increased under the present atmospheric Hg deposition fluxes 
(Fig. S6). The Hg in surface soils in the XKS and outside the XKS after 
100 years increased by 0.27% and 0.18%, respectively (Fig. 4d). The 
relationship between atmospheric Hg deposition fluxes and Hg con
centrations in surface soils provided scientific basis for preventing Hg 
contamination in soils. 

3.3. Ecological risk assessment in sediments and soils 

3.3.1. Static risk assessment 
The ER and RAC values were calculated to assess the static Hg risks in 

sediments and soils in the study area (Table S7). The ER values in sed
iments and soils were 1341.56 ± 1010.39 and 1246.58 ± 2585.99, 
respectively, showing very high risks of THg in sediments and soils. 
However, the static risks of THg-orientated assessment might be over
estimated, as a result of the stable Hg fractions had low bioavailability 
and less environment effect [53]. The calculated RAC values based on 
the mobile fractions in sediments and soils were 5.52 ± 2.29 and 3.72 
± 4.26, respectively, representing the static Hg risks in solid samples in 
the study area were low. The higher static Hg risks were observed in 
sediments and soils in the XKS (6.73 ± 3.04 and 5.36 ± 4.52, respec
tively) than those outside the XKS (4.61 ± 1.32 and 3.11 ± 4.14, 
respectively). Especially near the smelters in North Mine, where the 
moderate Hg risks in sediments and soils have been found. However, the 
changed environmental conditions lead to the dynamic variations of Hg 
risks in sediments and soils. 

3.3.2. Dynamic risk assessment 
In the processes of dynamic transformation and release, the starting 

Fig. 5. The DGH pathways of Hg in sediments (ending with F1 (a) and ending with F2 (b)) and soils (ending with F1 (c) and ending with F2 (d)), and all trans
formation pathways of Hg from TRCP to TCAS in sediments (e) and soils (f). The arrow direction is the transformation pathways. 
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point was set as TRCP and the ending point was set as TCAS. TRCP 
represented the total of all fractions or some fractions under specific 
conditions, TCAS represented the single or multiple active fractions. 
With greater instability and bioavailability potential, exchangeable Hg 
and carbonate bound Hg were set as the final ending points [3]. The 
transformation processes from TRCP to TCAS included geochemical 
paths with different characteristics. Among them, the nonlinear pro
cesses were characterized by DGH model, while the linear processes 
were fitted by linear equations. 

In addition to the changes of environmental conditions such as the 
acidification of sediments and soils caused by mining activities, the 
continuous input of Hg caused the variations in Hg fractions, which was 
the key factor inducing nonlinear processes. When the accumulated Hg 
fractions reached the BCP value, the nonlinear transformation from 
stable fractions to active fractions was triggered, resulting in the surge of 
active Hg contents, and then inducing dynamic Hg risks. In Fig. 5 and 
Table S8, the calculated TRCP values in sediments and soils in the study 
area ranged from 13.79 to 3130.79 µg/kg and 3.70 to 3307.17 µg/kg, 
respectively. According to the samples with TRCPHg exceeding BCP, it 
could accurately predicate that 14.29 ~ 42.86% sediment samples and 
8.33 ~ 20.83% soil samples have experienced the dynamic Hg risks. The 
dynamic Hg risks in the antimony-coal mine area were higher than those 
in the Hg polluted soils surrounding abandoned pesticide plants in 

Hunan (10.5%) [3] and the Hg polluted soils near lead-zinc mining area 
in southern China (8.3%) [53]. In comparison, more frequent DGH paths 
and higher probabilities of DGH occurrence were observed in sediments 
(Table S7), indicating that Hg in sediments has greater dynamic risks in 
the study area. Furthermore, more Hg fractions in sediments were 
transformed and released into active Hg fractions, resulting higher static 
Hg risks in sediments, which was consistent with the conclusion in 3.3.1. 
In addition, the sediments and soils in the XKS (14.29 ~ 71.67% and 
11.76 ~ 69.23%, respectively) presented higher DGH outbreak proba
bilities than those outside the XKS (16.67 ~ 66.67% and 0 ~ 23.53%, 
respectively) (Table S8), implying the solid phases in the polluted areas 
presented higher dynamic Hg risks. 

In addition, the linear process, an important supplement for DGH 
model, further improved the dynamic transformation pathways. It was 
reported that when the accumulation of heavy metals in solid phases did 
not reach the threshold of inducing nonlinear process, the linear trans
formation process from stable fractions to relatively stable fractions, 
then to active fractions would realize spontaneously. 

3.4. Health risk assessment by multiple-path exposure 

According to the Monte Carlo probabilistic prediction, 78.22% adults 
and 8.01% children were exposed to acceptable Hg risk level (HI = 1) set 

Fig. 6. The probability distributions and HI values caused by THg (a, b) and MeHg (c, d) faced by adults and children in the study area (the grey area indicated the 
potential health risks), the HI values of THg in various environmental media (e) and HI values of THg caused by multiple pathways (f). 

L. Mao et al.                                                                                                                                                                                                                                     



Journal of Hazardous Materials 469 (2024) 133880

11

by USEPA, indicating some populations in the study area were faced 
significant THg risk. In Fig. 6a and 6b, the deterministic HI values of THg 
risks faced by adults and children were 0.81 and 2.80, respectively, 
which were equal to the 67.28th and 69.07th percentile of the predictive 
values. The results indicated that 67.28% adults and 69.07% children 
were exposed to the risk levels below the deterministically estimated HI 
values. The deterministic HI values in this antimony-coal mine area were 
lower than those in primary Hg contaminated sites in Shanxi Province 
(1.56 ~ 131) [52]. Based on the deterministic Hg exposure risks by 
multiple pathways in environmental media (Fig. 6e and Table S9), 
health risks of THg for adults from vegetables, fish, corns, soils, river 
water and PM10 accounted for 72.64%, 11.88%, 9.67%, 4.34%, 0.15% 
and 1.31% in the study area, respectively. The deterministic health risks 
of THg for children from the above pathways were 78.83%, 8.04%, 
11.15%, 1.60%, 0.17% and 0.20%, respectively. The higher HI values of 
THg were found in leaf vegetables (0.58 and 2.16 for adults and chil
dren, respectively) than those in tuber vegetables (0.01 and 0.05 for 
adults and children, respectively) and corns (0.08 and 0.31 for adults 
and children, respectively). In general, except for leaf vegetables (2.16), 
the health risks of THg faced by children from other environmental 
media in the study area were all below the safety threshold. Oral 
ingestion posed higher health risks of THg than dermal contact and 
inhalation for adults and children (Fig. 6f). Besides, affected by the high 
THg pollution in the mining area, the populations in the XKS were faced 
higher health risks of THg than those outside the XKS (Table S10). 

Simultaneously, the probabilistic and deterministic HI values of 
multiple-paths exposure for MeHg were lower than the threshold, 
indicating that all populations in the study area faced low health risks 
caused by MeHg. In Figs. 6c and 6d, the deterministic HI values of MeHg 
that adults and children faced were 3.60E-03 and 1.42E-02, respec
tively. Correspondingly, 68.75% adults and 68.94% children were 
exposed to the risk levels below the deterministically estimated HI 
values. Oral ingestion posed higher health risk of MeHg than dermal 
contact for adults and children. In addition, no significant difference was 
found in HI values of MeHg with different distances from the mining 
area in the study area (p < 0.05) (Table S10). 

4. Conclusion 

The contamination, environmental behaviors and risks of Hg in 
various environmental media were comprehensively investigated in a 
typical antimony-coal mining area. The THg contents in river water, 
sediments, soils, atmospheric particulate matters, vegetables and corns 
were significantly affected by non-ferrous metals and coal industries, 
and decreased away from industrial activities. Foliar accumulation 
caused by atmospheric deposition from smelters contributed to high 
THg contents of aboveground tissues in vegetables. The binary model 
based on isotope signatures of dust falls and surface soils verified at
mospheric deposition greatly affected Hg contamination on surface soils 
in the XKS. However, the atmospheric deposition pathway of gaseous 
element Hg carried by litterfall has not been considered in this study. 
Compared with soils, the sediments presented more frequent DGH paths 
and higher burst probabilities of dynamic Hg risks, indicating more Hg 
fractions were transformed to exchangeable Hg and carbonate bound 
Hg, further caused greater static Hg risks. Children faced higher Hg risk 
of multiple exposure than adults. In addition, oral ingestion was the 
most noteworthy route for Hg exposure, especially for consuming leaf 
vegetables. Continuous long-term monitoring is crucial for protecting 
the eco-environment and local residents. 

Environmental implication 

With high toxicity and bioavailability, mercury (Hg) has been 
regarded as a top ten hazardous chemical by World Health Organization. 
Human activities promoted Hg enrichment in environment. Emitted Hg 
from non-ferrous metals mining and smelting constitutes vital 

proportions (15%) of anthropogenic Hg emissions. Xikuangshan (XKS) 
containing resources of non-ferrous metals and coal has been mined 
more than 120 years. This study comprehensively investigated 
contamination, environmental behaviors and risks of Hg in various 
environmental media in the XKS. Relative contributions of atmospheric 
Hg deposition on soils were quantified in atmosphere-soil system, which 
provided scientific basis for preventing Hg contamination in soils. 
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