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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Migration of Sb and As in a smelting 
impacted, stratified subsurface was 
studied. 

• The heterogeneity in permeability 
caused Sb and As accumulation at the 
interface. 

• Sb and As re-adsorption in the deeper, 
more acidic layers retarded their 
migration. 

• The Sb mobility was high due to high Sb 
solid content and ineffective re- 
adsorption.  
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A B S T R A C T   

While antimony (Sb) and arsenic (As) co-contamination in subsurface soil systems due to the legacy of Sb 
smelting wastes has been documented, the role of inherent heterogeneity on pollutant migration is largely 
overlooked. Herein this study investigated Sb and As migration in a slag impacted, vertically stratified subsurface 
at an abandoned Sb smelter. A 2-dimensional flume was assembled as a lab-scale analogue of the site and subject 
to rainfall and stop-rain events. Reactive transport modeling was then performed by matching the experimental 
observations to verify the key factors and processes controlling pollutant migration. Results showed that rainfall 
caused Sb and As release from the shallow slag layer and promoted their downward movement. Nevertheless, the 
less permeable deeper layers limited physical flow and transport, which led to Sb and As accumulation at the 
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interface. The re-adsorption of Sb and As onto iron oxides in the deeper, more acidic layers further retarded their 
migration. Because of the large difference between Sb and As concentrations, Sb re-adsorption was much less 
effective, which led to higher mobility. Our findings overall highlight the necessity of understanding the degree 
and impacts of physicochemical heterogeneity for risk exposure assessment and remediation of abandoned Sb 
smelting sites.   

1. Introduction 

Due to its chronic toxicity and carcinogenicity, the enrichment of 
antimony (Sb) in the environment is harmful to humans and organisms 
[67]. Smelting activities in mining areas are the main source of Sb 
pollution [5,27]. Because Sb and arsenic (As) have similar geochemical 
properties and often co-occur in ore deposits, the Sb smelting sites are 
also typically co-contaminated with As [20,42]. The smelting activities 
can produce various types of Sb/As-bearing wastes. For example, 
arsenic-alkali residue is produced during the process of adding alkali to 
the Sb ore to remove As; desulfurization slag is produced by adding lime 
water to desulfurize the smelting slag; water-quenched slag is a glassy 
state material that is formed during rapid water quenching of slag; and 
the blast furnace ash is the dust that comes out of the flue [25]. These 
wastes are commonly deposited on the ground surface at the smelter, 
which releases Sb and As into deeper soils and even groundwater under 
weathering, mainly as the form of oxyanions [71]. Due to continuous 
leaching from wastes stacked on the ground surface and/or within soil 
horizons under rainfall, the degree of contamination at abandoned sites 
(without new sources) can be similar to that at active smelters [22,36]. 
Based on investigations at abandoned Sb smelting sites in China that is 
the world’s largest Sb producer, the concentrations of Sb and As can 
reach thousands and hundreds of mg kg− 1 in soils, and thousands and 
hundreds of μg L− 1 in groundwater [27,67]. The factors and processes 
regulating the dynamics of Sb and As migration at such sites are essential 
for accurate risk exposure assessment and for effective remediation, 
which however have not been well understood. 

The migration of solutes in natural soil and groundwater systems are 
inevitably influenced by the inherent heterogeneity in physical prop-
erties [8]. Following different degrees of weathering, the Earth’s sub-
surface especially the unsaturated zone is often vertically stratified with 
varying particle sizes [4]. Fluid permeability changes with the distri-
bution of different-sized particles, which results in different velocities of 
the downward flow induced by rainfall and the associated conservative 
transport behaviors [34]. The fate and transport of potentially toxic 
metal(loid)s such as Sb and As are further complicated by geochemical 
properties of the subsurface, which can differ in different layers [60,65, 
68]. So far, pH, redox potential, and the type and abundance of envi-
ronmentally relevant minerals such as iron (Fe) and manganese (Mn) 
oxides have been disclosed to be the main geochemical factors regu-
lating Sb and As mobility [27,60]. While the shallow layer is highly 
susceptible to human activity, the deeper layers usually possess cir-
cumneutral pH, lower redox potential and lower Fe-Mn oxide contents 
[6,16]. Unfortunately, how the above physicochemical heterogeneities 
collectively enhance or retard Sb and As migration has not received 
much attention. Furthermore, a coupled flow, solute and reactive 
transport modeling approach has been used in recent years to facilitate 
the understanding of As migration in the subsurface [43]. For instance, 
Sun et al. [54] and Wallis et al. [56] used reactive transport models to 
investigate the impact of Fe mineral (trans)formations on groundwater 
As concentrations in the laboratory and in the field, respectively. 
Nevertheless, as far as we are aware, no such model is available in the 
scientific literature that can identify and quantify the contributions of 
coupled (bio)geochemical and physical processes on the fate of Sb. 

In this context, the main objectives were therefore to assess the 
pollutant release pattern at smelting impacted sites under rainfall and to 
further elucidate the influences of physicochemical heterogeneity on the 
rates of Sb and As migration in the subsurface. Soil profiles used in this 

study were collected from an abandoned Sb smelting site in the Qinglong 
Sb mine area in China. A 2-dimensional (2D) flume was assembled as a 
lab-scale analogue of the site, and rainfall events of the study area were 
replicated in a controlled way. The spatiotemporal evolution of solution 
composition was determined by collecting and analyzing solution sam-
ples from side sampling collectors of the flume. Changes in total con-
centration and speciation of solid-phase Sb and As as well as other 
mineralogical changes were also traced using several analytical tech-
niques before and after the experiment. Based on the experimental ob-
servations, a coupled flow, solute and reactive transport model was 
developed, to identify the key processes controlling the behaviors of Sb 
and As in the heterogeneous subsurface system and to calculate the Sb 
and As fluxes at the interfaces. The information gleaned from this study 
is critical to evaluate the fate and transport of Sb and As in the stratified 
subsurface and to make management decisions regarding the polluted 
smelting sites. 

2. Materials and methods 

2.1. Study area and sampling 

Our study site is located in Qinglong, Guizhou Province, China 
(105.15◦ E, 25.68◦ N). Qinglong belongs to the subtropical monsoon 
climate zone, with annual average temperature and rainfall of 14 ◦C and 
1380 mm, respectively [9,61]. With 199,600 tons of Sb mineral reserves, 
the Qinglong monometallic Sb mine is the third largest Sb mine in China 
[15,26]. Many smelters were built around the Qinglong mine, including 
the abandoned smelter in this study [35]. This smelter operated from 
1984 to 1991, during which the slag produced was mixed with bricks 
and stacked on the ground. After 1991, the smelter was abandoned, 
except for the period between 2013 and 2014 when the local villagers 
raised flocks, herds, and chickens at the site and in the vicinity. The total 
area of the abandoned smelter is ~4000 m2. The elevations of the 
northern and southern edges are 1850 m and 1650 m above sea level, 
respectively, with a 6◦ slope. The groundwater table is buried deep in the 
study area, > 100 m below the ground surface [63]. 

A total of 18 sampling locations were selected across the site, and at 
each location, a soil profile was opened to bedrock (Fig. 1a). Most of the 
18 soil profiles could be divided into three layers, which from top to 
bottom were named as (i) slag layer, (ii) soil layer, and (iii) weathered 
layer [49]. One sample was collected from each layer at each sampling 
location, and a total of 54 samples were obtained. The solid samples 
were brought back to the laboratory within one day of collection and 
refrigerated at 4 ◦C in polyethylene sealing bags until experiments or 
freeze-dried for analysis. The hydraulic conductivities of different layers 
were measured in the field using an Aardvark type permeameter (Soil-
moisture Equipment Corp., USA) [24]. Porewater samples from different 
layers of the field site were collected periodically over six months using 
porewater sampler (V_SQR100, China) and filtered to 0.45 µm using 
polyethersulfone membrane filters (Jin Teng, Tianjin, China). To 
determine the composition of rainwater in the study area, precipitation 
was collected. A 1 L polyethylene bottle was placed on the roof and 
washed three times with the collected rainwater prior to the actual 
sampling [70]. The collected rainwater was filtered to 0.45 µm using 
polyethersulfone membrane filters (Jin Teng, Tianjin, China) into 
polyethylene vials and brought back to the laboratory for analysis. 
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2.2. Preparation of the flume system 

Similar to the experimental apparatus used in Duan et al. [17], a tank 
mimicking the stratified structure of the field site was assembled for the 
2D flume experiment (Fig. 1b). All side walls of the tank were made with 
acrylic plates. The front wall was drilled with 30 evenly distributed 
(6 ×5) sampling ports. The left and right walls were perforated. The 
functioning part of the tank was 40 cm long, 8 cm wide, and 40 cm high. 
To reduce the flow on the side wall, Vaseline was applied on all side 
walls of the tank [10]. To simulate the 6◦ slope of the site and the 
extremely low permeability of the bedrock, acid-cleaned, high-purity 
quartz sand (Macklin, AR grade, 16–30 mesh) was placed at the bottom 
of the tank to form the slope, and a thick rubber mat was placed on top of 
the quartz sand. The heights of the quartz sand and the rubber mat were 
2 cm and 6.2 cm on the left and right sides, respectively. The collected 
solid samples were then packed into the tank, layer by layer. Each layer 
was a mixture of the corresponding layer from 18 sampling locations at 
the field site. Large bricks and weeds were removed before use. An 
aliquot of each of the three mixtures was removed and analyzed as the 
pre-experiment solid-phase samples. Each layer had a constant thickness 
in the tank and was compacted before the next layer was packed. The 
thicknesses of the slag, soil, and weathered layers were 16 cm, 6 cm and 
5 cm, respectively, which were set by reducing the average depths of the 
corresponding layers of the profiles at the site in proportion to the height 
of the tank (Text S1 and Fig. S1). Once complete, the tank was stabilized 
for 24 h. 

2.3. Two-dimensional flume experiment with simulated rainfall and 
sampling 

The flume system included the packed tank and a peristaltic pump 
that was used to simulate rainfall events. 12 channels of peristaltic pump 
tubing were extended to 8 cm above the tank and fixed, which delivered 
artificial rainwater (ARW) from the top of the tank. Consistent with the 
ionic composition and pH of rainwater collected at the site (Table S1), 
the ARW consisted of distilled water amended with 6 μM Na+, 10 μM 
Ca2+, 2 μM Mg2+, 1 μM Cl− , 5 μM NO3

− , 2 μM SO4
2− and 20 μM HCO3

− , 
and was adjusted to pH 7 with 0.1 M KOH. The flume system was wetted 
with ARW until the water came out at the bottom, and then the flume 
experiment started (Day 0). The experiment included three rainfall 
events and two stop-rain events, to be specific with: (i) rainfall between 
Day 0 and 24, including a tracer test between Day 4 and 24, (ii) stop-rain 
between Day 24 and 55, (iii) rainfall between Day 55 and 86, (iv) stop- 
rain between Day 86 and 156, and (v) rainfall between Day 156 and 176. 
The rainfall intensity used during periods (i)(iii)(v) was 9 mm day− 1, 

corresponding to the condition of wet season from May to September in 
Qinglong (see calculation in Text S1). The tracer test was undertaken as 
part of the experiment to explore the physical transport characteristics 
within the stratified flume system. The tracer used was bromide (Br), 
which was added as KBr and amended to the ARW to 0.1 mM. 

During the experiment, porewater was periodically collected and 
analyzed. At each sampling occasion, 2 mL of porewater was collected 
from each sampling port with a syringe (Fig. 1bc). The collected pore-
water was filtered to 0.45 µm with a polyethersulfone membrane filter 
(Jin Teng, Tianjin, China). 1 mL of the filtered sample was acidified to 
2% HNO3 for analysis using inductively coupled plasma mass spec-
trometry (ICP-MS) and inductively coupled plasma optical emission 
spectroscopy (ICP-OES). The remaining 1 mL was unacidified and used 
for ion chromatography (IC) analysis. Following the completion of the 
experiment on Day 176, solid-phase samples were retrieved from the 
flume and immediately freeze-dried for subsequent solid-phase analysis. 
At each side (left, middle or right) of each layer, 3 post-experiment solid- 
phase samples were collected, and the mean of the obtained data was 
reported (Fig. S2). 

2.4. Analytical procedures 

2.4.1. Aqueous analysis 
The concentrations of metals in porewater samples from the 2D 

flume were determined via ICP-MS (Agilent 7700X, USA) and ICP-OES 
(Agilent WASST-MPX, USA). The concentrations of bromide (Br− ), 
chloride (Cl− ), nitrate (NO3

− ), nitrite (NO2
− ), fluoride (F− ), and sulfate 

(SO4
2− ) were determined by IC (Dionex ICS-90, USA) with 7.5 mM so-

dium bicarbonate and 2 mM sodium carbonate as eluents. All these 
analyses were performed using previously published procedures that 
demonstrated excellent QA/QC through repeated analysis of certified 
standards [54,55,57]. For most of our analyzed samples, major ion 
charges were balanced within 5%. 

2.4.2. Bulk solid sample analysis 
pH was measured with a solid/water ratio of 1:2.5 by a calibrated pH 

meter (HQ4300, Hach, USA). Bulk density was calculated based on the 
physical dimension and weight. Particle size distribution was deter-
mined by laser diffraction (LDM, MALVERN, UK). Mineralogy was 
determined by X-ray diffraction (XRD, Rigaku SmartLab SE, Japan). The 
collected XRD patterns were processed in MDI Jade 6 (Materials Data 
Incorporated) and constituent minerals were identified using the search 
march method against the JCPDS PDF-2 database. Cation exchange ca-
pacity (CEC) was measured using the ammonium acetate method [38]. 
Elemental composition was determined by HNO3–HF digestion, 

Fig. 1. (a) Digital picture of a representative profile at the field site, which shows stratification with the slag, soil and weathered layers. (b) Digital picture of the front 
side of the packed 2D flume showing the sampling ports. Porewater sampling was performed using a standard rhizon sampler with a blue head at the selected 9 
sampling ports. (c) Schematic diagram of the experimental setup. The different color fills represent different layers. Sl, So and We represent the slag, soil and 
weathered layers, respectively. L, M and R represent the left, middle, and right sides of each layer, respectively. The blue hexagonal symbols represent the porewater 
sampling ports. 
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followed by analysis via ICP-OES [19]. 

2.4.3. Solid-phase antimony and arsenic speciation analysis 
A five-step sequential extraction procedure was performed on solid- 

phase samples based on Wenzel et al. [59], followed by analysis via 
ICP-OES. To perform sequential extraction, 0.2 g of each of the 
freeze-dried and powdered samples was weighed into a 15 mL centri-
fuge tube (Corning, USA). Different extraction reagents were added 
sequentially to extract different fractions of Sb and As, including 
nonspecifically bound (F1), adsorbed (F2), amorphous (hydr)oxide--
bound (F3), crystalline (hydr)oxide-bound (F4), and residual (F5) frac-
tion (details are in Table S2). The suspensions were centrifuged at 
4000 rpm for 15 min after each extraction step, followed by the filtra-
tion of supernatants through a 0.45 µm filter membrane. The determi-
nation of Sb and As in residues was performed using 
HCl–HNO3–HF–H2O2 digestion [19]. 

The oxidation state of Sb and As was characterized using citric acid 
extraction method based on Fuentes et al. [23], followed by analysis via 
atomic fluorescence spectrometry (AFS–97000, Haiguang, Beijing, 
China). 0.2 g of each sample was placed in a 15 mL centrifuge tube 
(Corning, USA) and mixed with 10 mL of 100 mM citric acid (pH 2.08). 
The suspension was stirred at 200 rpm on an orbital shaker for 1 h and 
then subjected to centrifugation at 4000 rpm for 15 min. The obtained 
supernatant was filtered through a 0.45 µm polyethersulfone filter 
membrane (Jin Teng, Tianjin, China). The concentrations of Sb(III) and 
As(III) were determined directly from the filtered supernatant, since the 
added citric acid masked the Sb(V) and As(V) signals. Total concentra-
tion of Sb was determined after mixing the supernatant with 0.2 mL of 
10% thiourea, 0.2 mL of 10% ascorbic acid, 0.2 mL of 1:1 HCl and 
deionized water that made the sample volume to 2 mL. A similar method 
was used to determine total As concentration, except that 5% (instead of 
10%) ascorbic acid was used. The mixture was allowed to stand for 
30 min at room temperature to ensure complete reduction of Sb and As 
[33]. Sb(V) and As(V) concentrations were then calculated from the 
differences between total Sb/As and Sb(III)/As(III) concentrations, 
respectively. 

To further determine Sb and As speciation, representative solid- 
phase samples from the field site were analyzed by X-ray absorption 
near-edge structure (XANES) spectroscopy. Sb and As K-edge XANES 
spectra were collected at the Shanghai Synchrotron Radiation Facility 
on Beamline BL14W1. An aliquot of each freeze-dried, powdered sample 
was sealed within Kapton tape and analyzed in fluorescence mode, 
consistent with previously published procedures [21,72]. Energy cali-
bration of Sb and As was ensured by comparing the spectra to the ab-
sorption edge of an inline Sb and Au metal foil measured simultaneously 
with the samples. XANES spectra were processed using ATHENA [47]. 
Antimonate, antimonite, and stibnite were chosen as Sb references, 
while arsenate, arsenite, and orpiment were chosen as As references. 

2.4.4. Additional morphological and mineralogical analysis 
The morphology and elemental composition of the solid-phase 

samples before and after the experiment were characterized via scan-
ning electron microscopy (SEM, ZEISS Sigma 300, Germany) with 
energy-dispersive X-ray spectroscopy (EDS, Zeiss SmartEDX). Trans-
mission electron microscopy (TEM, JEOL JEM-F200, Japan) with EDS 
(Jeol JED-2300 Series) were used to further determine the identity of the 
Sb/As-bearing minerals. 

2.5. Process-based numerical modeling 

A coupled flow, solute and reactive transport model was developed 
to quantitatively interpret the data collected from the 2D flume exper-
iment. Such process-based numerical model integrates the effects of 
physical flow and transport as well as (bio)geochemical reaction pro-
cesses, and can be used to identify and quantify the contribution of in-
dividual process to the fate of chemicals in subsurface media [48,54]. 

The construction of this type of models typically involves two stages 
[43]. The first stage is the development of a flow model and a solute 
transport model that simulate the behavior of inert species (tracers). The 
second stage focuses on the development of a conceptual geochemical 
reaction network and its numerical implementation. 

The experimental data collected in this study were simulated using 
MIN3P-HPC [37]. The versatility of the unstructured grid available in 
MIN3P-HPC allowed for the inclusion of an angled surface such as the 6◦

slope of the 2D flume in this study, which could not have been captured 
adequately using a standard rectangular-based mesh [52]. A total of 
2620 triangular meshes with a side length of 0.01 m and a slope of 6◦

were set in the 2D model (Fig. S3). The boundary conditions included (i) 
a constant flux boundary at the top, (ii) an outflow boundary on right 
and left sides, and (iii) a no-flux boundary at the bottom. The total 
simulation time was set to match the duration of the experiment, i.e., 
176 days. The maximum and minimum time steps were 0.176 days and 
1.76 × 10− 8 days, respectively, as derived from the default settings of 
MIN3P. 

The flow model was set to be a transient, variably saturated model 
with a recharge rate of 9 mm day− 1. The parameters used in the flow 
model mainly included hydraulic conductivity and Van Genuchten soil 
hydraulic function parameters (Table 1). Hydraulic conductivity of each 
layer was initially estimated based on measured particle size distribu-
tion and allowed to deviate during the model calibration process. The 
parameters in Van Genuchten soil hydraulic function for each layer were 
calculated based on measured particle size distribution and bulk density 
using neural network prediction in HYDRUS-1D [51]. On the basis of the 
computed flow field, subsequent conservative transport simulations 
were performed. Conservative transport parameters included porosity, 
diffusion coefficients and dispersivity. Porosity was calculated based on 
the measured bulk density and not varied during model calibration [40]. 
The diffusion coefficients and dispersivity were determined as part of 
the model calibration process. Measured [Br] provided the most valu-
able calibration data for these parameters. 

After a good understanding of flow and conservative transport pro-
cesses was developed, the model was extended to analyze the reactive 
transport behavior. Based on the experimental observations, a mixture 
of thermodynamically and kinetically controlled reaction network was 
defined in the reaction database and successively refined. The miner-
alogy considered in the model was simplified to only include the min-
erals effective in dictating porewater chemistry during the experiment. 

Table 1 
Physicochemical properties of the solids used in the 2D flume experiment.  

Properties Layer 

Slag Soil Weathered 

Physical Bulk density (g cm− 3) 1.03 1.11 1.20 
Particle 
distribution 

Sand (%) 42.1% 30.1% 27.8% 
Silt (%) 48.1% 57.7% 58.2% 
Clay (%) 9.8% 12.2% 14.0% 

Hydraulic conductivity (m day− 1) 4.25 0.52 0.48 
Parameters of VG 
model 

θr (cm3 

cm− 3) 
0.044 0.045 0.048 

θs (cm3 

cm− 3) 
0.388 0.340 0.346 

α (cm− 1) 0.008 0.009 0.008 
n 1.581 1.523 1.539 
l 0.5 0.5 0.5 

Chemical pH 7.3 5.6 6.1 
CEC (cmol kg− 1) 19.2 12.3 5.0 
Total 
concentration 

Sb (mg 
kg− 1) 

11,258 473 121 

As (mg 
kg− 1) 

657 28 13 

Ca (mg 
kg− 1) 

37,441 3483 1061 

Fe (mg 
kg− 1) 

44,867 57,482 15,187  
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The reaction network primarily included three aspects: (1) the dissolu-
tion/precipitation of Sb/As-bearing minerals; (2) the adsorption/ 
desorption of Sb/As oxyanions on Fe(III) oxides, and (3) the cation ex-
change process to account for the evolution of cations in the porewater. 
In the following, we provide the details for these three aspects of the 
employed reaction network and describe how the relevant processes 
were implemented in the model. All other reactions remained consistent 
with the default database minteq.dat from MIN3P-HPC. 

Based on characterization results in this study as shown below, cal-
cium antimonite (Ca[Sb(OH)6]2) and calcium arsenate (Ca3(AsO4)2) 
were assumed to be the main Sb and As-bearing minerals, respectively, 
in the model. Consistently, a previously published study on this aban-
doned smelting site showed that Sb in the solid-phase samples was 
primarily Ca[Sb(OH)6]2 [69]. The Sb/As-bearing minerals were allowed 
to dissolve and/or precipitate following the standard first-order rate 
expression [41]: 

r = − k × (1 − SR) (1)  

where k is the effective rate coefficients; and SR is the saturation ratio, 
which determines the reaction direction and accounts for the depen-
dence of reaction rate on the dynamically changing geochemical con-
ditions. The equilibrium constants of Ca[Sb(OH)6]2 and Ca3(AsO4)2 
were sourced from Cornelis et al. [12] and minteq.v4.dat, respectively 
(Table S3). The amounts of Ca[Sb(OH)6]2 and Ca3(AsO4)2 used in the 
model were set based on total Sb and As concentrations from digestion. 
The effective rate coefficients were subject to model calibration. 

Owing to the high affinity of Sb and As oxyanions for mineral sur-
faces, adsorption/desorption process plays a key role in regulating the 
migration of Sb and As [53,54]. Iron oxides were previously found to 
provide the main surface for Sb adsorption in solid samples from this 
study site [69]. Therefore, sorption of anions (e.g., Sb and As) and cat-
ions (e.g., Fe2+ and Ca2+) was assumed to occur on Fe oxides as surface 
complexation reactions, consistent with our previously published 
models [48,54]. The surface complexation model was included based on 
Dzombak and Morel [18] with reactions: 

FeOH +A− +H+ ↔ FeOH2 − A (2)  

where FeOH and A− represent the Fe oxide surface and adsorbate, 
respectively. The stoichiometry and thermodynamic constants were 
from minteq.v4.dat (Table S3). Consistent with Zhao et al. [69], the 
surface site masses were assumed to be 250 g L− 1, 250 g L− 1 and 
150 g L− 1 in the slag, soil and weathered layers, respectively. Consistent 
with Demers et al. [13], the specific surface area and site density of Fe 
oxides were set to be 300 m2 g− 1 and 5 sites nm− 2, respectively. 

A cation exchange site (X) was also implemented in the model. The 
reactions between the X site and cations could be expressed as: 

Cat+i + iX− ↔ CatXi (3)  

where Cat+i represent cations including Na+, K+, Ca2+, Mg2+ and Fe2+. 
The cation exchange capacities set in the model were derived from CEC 
measurements, which were 19.2 cmol kg− 1, 12.3 cmol kg− 1, and 5.0 
cmol kg− 1 for the slag, soil, and weathered layers, respectively (Table 1). 

The model refinement and associated improved agreement between 
observations and model-simulation equivalents were achieved by a 
parameter estimation procedure. The process began with manual trial- 
and-error calibration, followed by automatic calibration using the 
Gauss–Levenberg–Marquardt method contained in PEST+ + [58]. As 
detailed above, model parameters to be calibrated included hydraulic 
conductivity, diffusion coefficients, dispersivity, as well as effective rate 
coefficients of mineral dissolution/precipitation reactions (Table 1 and 
S3). Measured spatiotemporal porewater compositions comprised the 
primary calibration dataset. The procedure of weight assignment during 
automatic calibration was adopted from Sun et al. [54], and based on the 
magnitude of each measurement, the number of measurements 

available, and the uncertainty inherent in each measurement type. 

3. Results 

3.1. Physicochemical heterogeneity 

At our Qinglong field site, the subsurface system above bedrock was 
stratified from top to bottom (Fig. 1a). Such stratification was well 
replicated in the 2D flume (Fig. 1b). Three layers (i.e., slag, soil and 
weathered layer) could be identified based on physicochemical prop-
erties (Table 1). The slag layer was black-brown and contained a mixture 
of water-quenched slags from Sb fire smelting method and bricks. The 
soil layer was made of natural yellow-brown soil. The weathered layer 
was adjacent to the bedrock and was brown. In the field, the hydraulic 
conductivity of the slag layer was determined to be 9.24–24.19 m day− 1; 
the hydraulic conductivities of the soil layer and the weathered layer 
were similar and around 0.46–0.92 m day− 1. The bulk density also 
varied slightly from layer to layer. For the field samples, the bulk density 
of the slag layer was 1.04–1.12 g cm− 3; the bulk density of the soil layer 
and the weathered layer were 1.10–1.18 g cm− 3 and 1.13–1.24 g cm− 3, 
respectively. The slag layer was mildly alkaline (pH 7.1–8.7) across the 
field site, owing to the influence of the Sb fire smelting method. In 
contrast, the soil and weathered layers remained acidic with pH ranging 
between 4.4 and 6.3 at the site. 

The individual layers from 18 profiles at the field site were mixed 
and homogenized before used in the 2D flume. The bulk density of the 
homogenized slag, soil and weather layer were 1.03 g cm− 3, 
1.11 g cm− 3 and 1.20 g cm− 3, respectively, consistent with those 
determined on field samples (Table 1). The proportion of sand particles 
(i.e., 0.02–2 mm) was the highest (42.1%) in the slag layer and the 
lowest (27.8%) in the weathered layer (Table 1). Although the particle 
size generally became finer with increasing depth, the particle size 
distributions in the soil and weathered layers were similar. pH in the 
assembled 2D flume also decreased from 7.3 in the slag layer to 5.6 and 
6.1 at depth (Table 1). Based on XRD, bulk mineralogy of all three layers 
was dominated by quartz. Calcite and dolomite were identified in the 
slag layer but were not detected in the other layers (Fig. S4). 

Based on digestion, total concentrations of Sb in the slag, soil and 
weathered layers were 11,258 mg kg− 1, 473 mg kg− 1 and 121 mg kg− 1, 
respectively (Table 1). In comparison, the concentrations of As were 
much lower, being 657 mg kg− 1, 28 mg kg− 1 and 13 mg kg− 1 in the 
slag, soil and weathered layers, respectively. These concentrations show 
that this abandoned smelting site is severely polluted, since the 
geological background values of Sb and As in Qinglong are only 
2.2 mg kg− 1 and 20.0 mg kg− 1, respectively [35]. Total concentration of 
Ca in the slag layer was substantially higher than those in the soil and 
weathered layers, at least partially due to the presence of calcite and 
dolomite as verified by XRD (Fig. S4 and Table 1). Total concentrations 
of Fe in the slag and soil layers were much higher than that in the 
weathered layer (Table 1). The concentrations of Sb and As were both 
positively correlated with Ca, with Spearman’s coefficients being 0.617 
and 0.500, respectively (Table 2). In comparison, the correlation be-
tween Sb/As and Fe was less significant (Table 2). TEM/SEM-EDS 
showed consistent results with bulk digestion (Fig. 2 and S5). Positive 

Table 2 
Spearman’s coefficients between Sb, As, Ca, and Fe concentrations of the slag 
layer, as measured by digestion (outside the parentheses) and SEM-EDS (be-
tween parentheses).   

Sb As Ca Fe 

Sb 1      
As 0.767 * (0.282) 1     
Ca 0.617 (0.609 *) 0.500 (0.616 *)  1   
Fe 0.467 (0.648 *) 0.400 (− 0.014)  -0.083 (0.084)  1 

Note: * indicates p < 0.05. 
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correlations were also observed between the concentrations of Sb/As 
and Ca using SEM-EDS, with Spearman’s coefficients being 0.609 and 
0.616, respectively (Table 2). Both citric acid extractions (Fig. 3) and 
XANES (Fig. S6) showed that Sb and As in all three layers were domi-
nated by + 5 valence. It was therefore speculated that the mineral forms 
of Sb and As were mainly Ca[Sb(OH)6]2 and Ca3(AsO4)2, respectively, 
although no Sb- or As-bearing minerals could be identified by XRD 
because those minerals, if present, were in trace quantities (Fig. S4). As 
suggested by sequential extraction, almost all of the Sb in the slag layer 
was in residual fraction (F5), whereas 23.6% and 51.5% were present as 
extractable Sb (F1–4) in the soil and weathered layers, respectively 
(Fig. 3). Unlike Sb, As was dominated by the residue fraction in all three 
layers. 

3.2. Tracer breakthrough characteristics 

0.1 mM of Br tracer was added in the artificial rainfall as a pulse 
between Day 4 and 24 in the 2D flume experiment. Accordingly, pore-
water [Br] in each layer increased and then decreased (Fig. 4a). Br was 
detected in porewater of the slag layer immediately after addition, and 
sequentially in the deeper soil and weathered layers. In the slag layer, 
porewater [Br] peaked at 0.11 mM on Day 20, gradually decreased to 
0.08 mM on Day 55 and dropped to undetectable value on Day 80. In the 
soil and weathered layers, porewater [Br] started to increase on Day 8, 
peaked at 0.04 mM on Day 20, and became undetectable on Day 164. 
The slope of the Br breakthrough curve was steep in the slag layer and 
much smoother in the soil and weathered layers (Fig. 4a). The observed 
porewater [Br] provided valuable information for the calibration of the 
flow and conservative transport model, and good agreements were 
achieved between observed data and simulated equivalents (Fig. 4a). 
The Darcy flow velocities in the slag, soil and weathered layers under 
rainfall were estimated to be ~0.010 m day− 1, 0.003 m day− 1 and 
0.001 m day− 1, respectively, consistent with the observed different Br 
migration rates in different layers (Fig. 5a). Based on the model, water in 
the 2D flume only flowed downward under rainfall, i.e., periods (i)(iii) 
(v), and remained still during stop-rain events, i.e., periods (ii)(iv) 
(Fig. 5a). The modeling results further showed that under rainfall, the 
direction of the water flow changed from vertically downward to 
partially lateral at the slag/soil interface (Fig. S7). 

3.3. Antimony and arsenic release and accumulation 

The 2D flume experiment induced Sb and As release into the 

porewater (Figs. 4bc and 5cd) and re-distributed Sb and As in the solid- 
phase (Fig. 3). In the slag layer, porewater [Sb] increased slowly to 
~0.07–0.09 mM during the 1st rainfall event, further increased to 
~0.10–0.12 mM during the 2nd rainfall event and decreased gradually 
to ~0.07–0.10 mM during the 3rd rainfall event. Porewater [Sb] in the 
soil and weathered layers were essentially unchanged at ~0.02 and 
0.005 mM, respectively (Fig. 4b). Solid Sb concentration decreased to 
8899 ± 1836 mg kg− 1 in the slag layer, but increased to 769 
± 160 mg kg− 1 and 153 ± 38 mg kg− 1 in soil and weathered layers, 
respectively (Fig. 3). Porewater [As] remained stable across all three 
layers under rainfall (Fig. 4c). Porewater [As] was ~0.01 mM in the slag 
layer, while it was 2 orders of magnitude lower in the soil and weathered 
layers. The variations in solid As concentrations before and after the 
experiment were similar to those in Sb concentrations, which decreased 
to 303 ± 113 mg kg− 1 in the slag layer but increased to 41 ± 5 mg kg− 1 

and 13 ± 2 mg kg− 1 in the soil and weathered layers, respectively 
(Fig. 3). Porewater [Sb] and [As] at the field site were comparable to 
porewater [Sb] and [As] from the 2D flume experiment (Fig. S8). In the 
field, porewater [Sb] and [As] in the slag layer were also relatively high, 
and the differences between concentrations in the soil and weathered 
layers were subtle. 

Sequential extractions and citric acid extractions were conducted on 
the solid samples before and after the flume experiment to monitor the 
alterations in Sb and As speciation (Fig. 3). The results showed that the 
experiment did not change the geochemical fractionation of Sb in the 
slag layer, which was still dominated by the residual fraction (F5), but 
increased the fraction of extractable Sb (F1–4) in the soil and weathered 
layers (Fig. 3). More specifically, the fraction of adsorbed Sb (F2) 
increased from 0.2% to 4.1% in the soil layer and from 0.1% to 2.2% in 
the weathered layer. The fraction of amorphous/crystalline (hydr)oxide- 
bound Sb (F3–4) in the soil and weathered layers increased from 22.3% 
to 39.7% and from 50.3% to 67.1%, respectively. Besides fraction, the 
total amount of extractable Sb (F1–4) by sequential extraction decreased 
from 71.7 to 25.6 mg kg− 1 in the slag layer. The amount of extractable 
Sb by citric acid, on the other hand, increased from 735 to 
1005 mg kg− 1, while Sb remained as Sb(V) in the slag layer (Fig. 3). The 
experiment did not cause noticeable changes in the concentrations and 
proportion of Sb(V) and Sb(III) in the soil layer, with concentrations 
being 65.9 mg kg− 1 and 4.4 mg kg− 1, respectively. The concentration of 
Sb(III) in the weathered layer increased from 0.8 mg kg− 1 to 
2.4 mg kg− 1, and its proportion increased from 6.3% to 20.8% (Fig. 3). 
Similar to Sb, As in the slag layer remained all in the residual fraction. 
The fraction of adsorbed As (F2) in the soil and weathered layers 

Fig. 2. (a) TEM and (b) SEM images of representative solid samples collected from the slag layer and the distributions of Sb, As, Ca and Fe. Additional images are 
in Fig. S5. 
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increased from 0.0% to 9.1% and from 0.0% to 0.5%, respectively. The 
amorphous/crystalline (hydr)oxide-bound As (F3–4) increased from 
1.7% to 19.8% and from 0.0% to 23.8% in the soil and weathered layers, 
respectively (Fig. 3). The biggest change in As oxidation state occurred 
in the slag layer, with As(III) concentration increasing from 1.5 mg kg− 1 

to 16.2 mg kg− 1 and proportion increasing from 0.4% to 26.1%. The 
concentrations and proportions of As(V) and As(III) in the soil layer did 
not change much, with concentrations being 3.26 mg kg− 1 and 
0.51 mg kg− 1, respectively. As for the weathered layer, As(V) concen-
tration stayed around 0.5 mg kg− 1, but As(III) concentration reduced 
from 1.31 mg kg− 1 to 0.18 mg kg− 1, and As(III) proportion reduced 
from 87.9% to 54.5% (Fig. 3). 

Reactive transport behaviors of Sb and As during the 2D flume 
experiment, as deduced from the observations, could be described with a 
relatively simple conceptual/numerical model (Fig. 4). The variations in 
solid Sb/As concentrations before and after the experiment could be well 
replicated by considering the dissolution of Sb/As containing minerals 
such as Ca[Sb(OH)6]2 and Ca3(AsO4)2 in slag layer under rainfall, and 
the subsequent migration of the released Sb and As with water flow to 

the underlying soil and weathered layers. The transport of Sb and As was 
mainly retarded by re-adsorption on the surface of Fe oxides in the soil 
and weathered layers, resulting in increases in the adsorbed (F2) and 
(hydr)oxide-bound (F3–4) Sb/As fractions after the experiment (Fig. 3). 
Average Sb and As downward fluxes were calculated using the model, 
which showed that Sb and As cross-interface transport occurred only 
during rainfall events (Fig. 6). The Sb fluxes at the two interfaces varied 
by an order of magnitude, being 0–9.5 mM day− 1 and 0–0.4 mM day− 1 

at the slag/soil and soil/weathered interfaces, respectively. In compar-
ison, the As fluxes were much lower and varied by 2 orders of magnitude 
at the two interfaces, being 0–0.1 mM day− 1 and 0–0.001 mM day− 1, 
respectively. 

3.4. Evolution of porewater cation concentrations 

The temporal evolution of porewater cation composition was also 
determined during the experiment and simulated by the numerical 
model. A characteristic feature of the observed breakthrough behavior 
of Ca is that despite the positive correlation between solid Ca and Sb 

Fig. 3. (a1-a3 & b1-b3) Total concentration, (c1-c3 & d1-d3) sequential extraction results and (e1-e3 & f1-f3) oxidation states from citric acid extraction of Sb and As 
in the slag, soil and weathered layers before and after the experiment. 
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concentrations in the slag layer, porewater [Ca] showed a negative 
correlation with porewater [Sb] (Fig. 4bd). Porewater [Ca] in the slag 
layer decreased rapidly from 40 mM to 8 mM during the 1st rainfall 
event, kept decreasing but much more gradually during the other two 
rainfall events, and eventually decreased to 5 mM at the end of the 
experiment. Porewater [Ca] in the soil layer showed an increasing and 
then decreasing trend under rainfall. Specifically, [Ca] increased from 
28 mM to 33 mM during Day 4–18 and decreased to 15 mM during Day 
18–176. Porewater [Ca] in the weathered layer displayed a similar 
trend, which increased from 10 mM to 17 mM during Day 4–18 and 
decreased to 10 mM during Day 18–176. Porewater [Mg] in the exper-
iment mirrored the responses in [Ca] (Fig. S9a). Slight increases in 
porewater [Ca] and [Mg] were observed at the start of the 2nd rainfall 
event compared to the end of the 1st one, after a month of hiatus. All 
these observations could be well reproduced by the developed reactive 
transport model after considering cation exchange process (Fig. 4d and 
S9a). 

4. Discussion 

4.1. Effects of physical heterogeneity 

Three layers with varying particle sizes exist at our field site and its 
lab-scale analogue (Fig. 1). The heterogeneity in particle size can cause 
distinct physical flow and transport characteristics [66]. Constrained by 
observations from the 2D flume experiment, hydraulic conductivities of 
the slag, soil and weathered layers were estimated to be 4.25 m day− 1, 
0.52 m day− 1 and 0.48 m day− 1, respectively (Table 1). The greater the 
hydraulic conductivity, the shorter the penetration time of the solute, 
and subsequently the steeper the breakthrough curve [30]. Accordingly, 
in the 2D flume experiment, Br breakthrough curve in the slag layer had 
a steeper slope compared to those in the soil and weathered layers 
(Fig. 4a). The relatively low hydraulic conductivity of the soil layer can 
limit pollution from spreading to the surrounding environment [64]. To 
demonstrate the role of hydraulic conductivity, a model variant was 
constructed on the basis of the final calibrated model, in which the 
hydraulic conductivity of the soil layer was adjusted. With a 10–fold 
increase in hydraulic conductivity, the downward migration of Sb under 

rainfall was substantially promoted, with Sb fluxes increasing from 
0–9.5 mM day− 1 to 0–13.2 mM day− 1 at the slag/soil interface and from 
0–0.4 mM day− 1 to 0–0.5 mM day− 1 at the soil/weathered interface 
(Fig. 6 and S10). Similar with Sb, As fluxes increased from 
0–0.1 mM day− 1 to 0–0.22 mM day− 1 at the slag/soil interface, while 
remained unchanged at the soil/weathered interface (Fig. 6 and S10), 
because the transport of As was substantially retarded by re-adsorption 
onto Fe oxides in the soil layer as discussed later. Changes in rainfall 
intensity may also impact the migration of Sb and As. To study the in-
fluence of rainfall intensity on Sb and As downward transport, two 
model variations were created based on the calibrated model, with ad-
justments made to the recharge rate (Fig. 6 and S10). With a 5–fold 
increase in recharge rate that mimics intense rainfall, the downward Sb 
fluxes increasing from 0–9.5 mM day− 1 to 0–27.6 mM day− 1 at the 
slag/soil interface and from 0–0.4 mM day− 1 to 0–4.5 mM day− 1 at the 
soil/weathered interface. The downward As fluxes increased from 
0–0.1 mM day− 1 to 0–0.19 mM day− 1 at the slag/soil interface and 
again remained unchanged at the soil/weathered interface. With a 
5–fold decrease in recharge rate that mimics the dry season, the fluxes 
decreased substantially. The downward Sb fluxes were only 
0–0.45 mM day− 1 and 0–0.05 mM day− 1 at the slag/soil interface and 
the soil/weathered interface, respectively. The downward As fluxes 
decreased to almost 0 mM day− 1 at both interfaces. 

Due to the difference in hydraulic conductivity between the slag and 
soil layers, downward flow induced by rainfall events could not freely 
cross their interface, which could lead to deviation in flow direction and 
accumulation of solutes [62]. Accordingly, the modeling results showed 
that flow direction changed from straight downward to partially left-
ward at the slag/soil interface (Fig. S7) and Sb/As accumulated there 
(Fig. 5 cd). Such phenomenon is similar to the findings of previous 
studies with stratified subsurface systems, including salt accumulation 
in the interfacial clay-rich layers in agricultural plots in Purandara et al. 
[44] and As accumulation on top of the clay lenses in the 2D flume in 
Duan et al. [17]. Additionally, porewater [Ca] in the slag layer increased 
slowly from ~6 mM to ~7 mM during the 1st stop-rain event, possibly 
also because the difference in hydraulic conductivity between the slag 
and soil layers caused back-diffusion [62]. Moreover, due to the larger 
particle size, the slag layer possesses more voids and channels, which 

Fig. 4. Porewater (a) [Br], (b) [Sb], (c) [As] and (d) [Ca] versus time during the experiment. Observations are plotted as symbols, while simulations are plotted as 
lines. The blue and white backgrounds represent rainfall and stop-rain events, respectively. The dark blue background represents the period during which KBr tracer 
was added to the rainwater. L, M and R in the legend represent the left, middle and right sampling ports in each layer, respectively. 
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tend to form fast flow paths and accelerate solute advection [39]. 
Consequently, despite varying depths of the three subsampling ports 
within the slag layer, observed porewater [Br] were all the same 
(Fig. 4a). In contrast, the soil and weathered layers have finer particle 
sizes and thereby fewer fast flow channels [31]. In the soil and weath-
ered layers, since the middle subsampling ports were deeper compared 
to the ports on the left and right sides, porewater [Br] at the middle was 
lower (Fig. 4a). All the aforementioned physical heterogeneity and the 
associated flow and transport processes also regulated the fate of Sb and 
As, although chemical heterogeneity impacted their breakthrough at 
least equally strongly as elaborated below. 

4.2. Effects of chemical heterogeneity 

The subsurface system at our Qinglong field site and its corre-
sponding 2D flume possess strong chemical heterogeneity in the vertical 
direction (Table 1). The large differences between solid-phase Sb/As 
concentrations in each layer led to substantial differences in their cor-
responding porewater concentrations (Fig. 4bc) and cross-interface 
fluxes (Fig. 6). In the flume experiment, the highest Sb and As concen-
trations were found in the solids and porewater of the slag layer, fol-
lowed by the soil layer and the lowest in the weathered layer. 
Furthermore, pH, which is a key factor affecting the solubility and 

Fig. 5. Simulated flow field, and porewater [Br], [Sb], [As], and [Ca] in the 2D flume during experimental period i (Day 10), ii (Day 40), iii (Day 70), iv (Day 120) 
and v (Day 170). The two white dashed lines in each subplot represent the slag/soil and soil/weathered interfaces. 
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mobility of Sb and As [45], also varied in the vertical direction. The 
smelting operation at this now abandoned Sb smelter used alkaline 
leaching solution to purify Sb and produced alkaline slags [3]. Accord-
ingly, the slag layer was alkaline at the site and in the flume, whereas the 
soil and weathered layers were more acidic (Table 1). A more acidic 
environment would enhance adsorption of Sb and As on Fe oxides, as 
they mainly existed in our system as negatively charged Sb(OH)6

− and 
H2AsO4

− , respectively [11,46]. Accordingly, compared to the slag layer, 
the soil and weathered layers contained higher fractions of the adsorbed 
(F2) and (hydr)oxide-bound (F3–4) Sb and As, both before and after the 
flume experiment (Fig. 3). In addition, observed porewater [As] on the 
right side of the slag layer were noticeably higher (Fig. 4d). On the 
contrary, simulated porewater [As] was lower on the right side, because 
the layers in the 2D flume were inclined 6◦ to the upper right, and the 
associated flow direction was towards the lower left corner (Fig. S7). The 
opposite behaviors between observation and simulation are interpreted 
to be a result of subtle chemical heterogeneity in the lateral direction. 
Although the solids were homogenized by manual mixing before pack-
ing into the 2D flume, heterogeneity could easily exist [2]. In the slag 
layer, the amount of leachable As in the solids was probably higher on 
the right side, which released more As under rainfall. 

Besides the above spatial heterogeneities, large difference between 
the absolute amounts of Sb and As existed at this abandoned smelting 
site and considerably affected their release and migration patterns. Since 
the Qinglong Sb mine is monometallic [49], the solid samples in this 
study contained 9–17 fold more Sb than As (Table 1). Nevertheless, 
porewater [Sb] in the experiment were 50–100 fold higher than [As] 
(Fig. 4bc). The ratio of porewater [Sb] to the amount of solid Sb was 
therefore 3–10 fold larger (Fig. S11), indicating a higher mobility of Sb. 
The different mobilities between Sb and As might be partially due to the 
experimental settings of rainfall and stop-rain events, as previous studies 
found that alternating wet and dry conditions are more favorable for Sb 
leaching, whereas As is more readily leached under full immersion [7, 
32]. Nevertheless, based on the combination between observations and 
modeling results, this difference could in fact mainly be attributed to the 
substantial difference between the absolute amounts of Sb and As. In 
contrast to As, the amount of Sb mobilized from the slag layer was too 
high to be effectively re-sequestered during downward transport 
(Fig. 4bc) [14]. Consequently, calculated cross-interface Sb fluxes were 
~2 orders of magnitude larger than As fluxes (Fig. 6). 

4.3. Additional characteristics of the fates of antimony and arsenic 

Under long-term weathering, reactive Sb and As would gradually 
enter mineral lattices and thereby transform into recalcitrant forms [1, 
28]. Accordingly, pre-experiment Sb and As in the slag layer were both 
dominated by the residual fraction (F5) (Fig. 3), and only a small frac-
tion of the solid Sb and As was solubilized under rainfall (Fig. 4bc). The 
solubilized Sb and As from the slag layer were partially re-sequestered 
by adsorption on Fe oxides in the deeper layers during downward 
transport (Fig. 3). Although such adsorption process retarded Sb and As 

migration, it is well known that surface bound Sb and As can be easily 
re-mobilized [50]. The amounts of Sb and As that could be extracted by 
citric acid also increased in all three layers after the experiment (Fig. 3). 
Therefore, the alternating wet and dry conditions induced by rainfall 
and stop-rain events could increase the reactivities of solid Sb and As 
from the abandoned smelter, at least over the short-term. 

The main Sb- and As-bearing ore minerals in this Qinglong Sb mine 
are both sulfide minerals, to be specific, stibnite (Sb2S3) and arsenopy-
rite (FeAsS), respectively [9,29]. The Sb smelting process used at this 
abandoned smelter, on the other hand, would result in the generation of 
Na3SbO3 and Na3AsO3 in the slags [3,49]. Nevertheless, based on both 
citric acid extraction and XANES, Sb was predominantly Sb(V) in 
pre-experiment samples, whereas the proportion of As with + 3 valence 
was higher (Fig. 3). The difference in Sb and As oxidation states 
observed in this study is consistent with the findings from many previous 
studies, which showed that Sb can be more easily oxidized relative to As 
under weathering [60,65,68]. Moreover, while Sb remained as Sb(V) 
during the flume experiment, As(V) reduction to As(III) occurred in the 
slag layer (Fig. 3). This might be a result of the inundation conditions 
that developed under rainfall, as the oxidation state of As is more sen-
sitive to alternating wet and dry conditions than Sb [7]. Additionally, it 
is noteworthy that the amount of As(V) in the deeper layers did not 
change much but most of the As(III) was leached away (Fig. 3), 
consistent with the higher mobility of As(III) relative to As(V) [45]. 

5. Conclusions and implications 

This study was motivated by the need to evaluate the fate and 
transport of two important contaminants, Sb and As, in subsurface sys-
tems at Sb smelting sites. A 2D flume experiment was performed with 
three distinct layers of solids collected from a typical abandoned Sb 
smelter in Qinglong, China and subject to rainfall and stop-rain events. 
Combining experimental observations and process-based numerical 
modeling, this study revealed the similarities and differences in Sb and 
As behaviors, and especially highlighted the influences of physico-
chemical heterogeneity on their migration. Rainfall induced Sb/As 
release from smelting slags in the shallow layer, yet Sb and As could not 
freely migrate to the deeper layers due to re-adsorption on Fe oxides. 
The variations in hydraulic conductivity in the vertical direction caused 
distinct pollutant migration rates in different layers as well as Sb and As 
accumulation at the slag/soil interface. Under alternating wet and dry 
conditions induced by rainfall and stop-rain events in the present study, 
As was easier to be reduced to more mobile trivalent form. Nevertheless, 
Sb had a higher mobility relative to As, mainly due to the much higher 
Sb concentrations. 

Based on the calculated downward fluxes of Sb and As in the 2D 
flume (Fig. 6), the rainfall condition in the study area and the size of the 
site (~4000 m2), the Sb and As fluxes at the slag/soil interface at this 
abandoned Sb smelter could be speculated to be ~10000 mol year− 1 and 
200 mol year− 1, respectively, using simple extrapolation. Additionally, 
since the site has a slope of ~6◦, the highest levels of porewater [Sb] and 

Fig. 6. Calculated fluxes of (a) Sb and (b) As at the interfaces between the slag and soil layers and between the soil and weathered layers, respectively.  

C. Li et al.                                                                                                                                                                                                                                        



Journal of Hazardous Materials 470 (2024) 134156

11

[As] would likely occur at the southwest corner of the site. Nevertheless, 
because the actual site is much more heterogeneous than the 2D flume, 
more detailed analysis and modeling of the flow field and the Sb and As 
reactive transport behaviors will be required for more accurate pre-
dictions of Sb and As input and output fluxes at this and other smelting 
sites. 

Environmental implication 

The legacy of tailings and wastes from antimony mining and smelting 
operations can potentially cause elevated concentrations of antimony 
and arsenic in the environment, which may lead to serious human and 
ecosystem health concerns. This study focused on antimony and arsenic 
release and migration in a smelting slag impacted, vertically stratified 
subsurface under rainfall, using a two-dimensional flume experiment 
combined with a coupled flow, solute and reactive transport model. The 
findings highlight the significance of physicochemical heterogeneity on 
the fate of antimony and arsenic, and will help us make better man-
agement decisions regarding the polluted smelting sites. 
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