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ARTICLE INFO ABSTRACT

Keywords: Mine waste (MW) in historical mercury (Hg) mining areas continuously emits Hg into local environment,
Mercury including aquatic ecosystems. Tracing Hg migration process from MW and determining its relative contribution
Mine V‘{asfe to Hg pollution is critical for understanding the environmental impact of MW remediation. In this study, we
EZE?:IIFUOH combined data of Hg concentration, speciation, and isotope to address this issue in the Wanshan Hg mining area
Mercury isotope in southwest China. We found that rainfall can elevate Hg concentrations in river water and control the parti-
Karst area tioning and transport of Hg in karst fissure zones through changing the hydrological conditions. A consistently

large offset of 52°2Hg (1.24%0) was observed between dissolved Hg (DHg) and particulate Hg (PHg) in surface
water during the low-flow period (LFP), which may have been related to the relatively stable hydrologic con-
ditions and unique geological background (karst fissure zones) of the karst region (KR). Results from the ternary
Hg isotopic mixing model showed that, despite an order of magnitude reduction in Hg concentration and flux in
river water after remediation, the remediated MW is still a significant source of Hg pollution to local aquatic
ecosystems, accounting for 49.3 + 11.9% and 37.8 + 11.8% of river DHg in high flow period (HFP) and LFP,
respectively. This study provides new insights into Hg migration and transportation in aquatic ecosystem and
pollution source apportionment in Hg polluted area, which can be used for making polices for future remediation
actions.

1. Introduction

Mercury (Hg) is a toxic pollutant and is listed as a priority pollutant
by many international agencies (Jiang et al., 2006; Kwon et al., 2020).
Mining activities, such as gold and Hg mining, have increased the Hg
concentration by three-fold in surface water compared to
pre-anthropogenic condition (Amos et al., 2013; Lamborg et al., 2014;
Streets et al., 2011). The Wanshan Hg mine (WMM), which is known as
the “capital of Hg”, is located in a karst region (KR) in southwest China.
Although Hg mining activities were banned in 2001, long-term mining
activities have caused severe Hg pollution in local ecosystems (Feng
et al., 2008; Horvat et al., 2003; Li et al., 2008; Qiu et al., 2013; Kim
et al,, 2016; Xia et al., 2020). Mine waste (MW) is the product of
high-temperature ore roasting, and it contains large amounts of sec-
ondary soluble Hg. The total mercury (THg) and methylmercury (MeHg)
levels in the surface water flowing through the MW were significantly
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elevated compared to that of the background area (Zhang et al., 2010a,
2010Db). In addition, the KR of southwest China is one of the largest karst
geomorphologic distributing areas in the world (Huang et al., 2008). KR
showed high Hg background and unique aquifers plays a unique role in
the global Hg biogeochemical cycle (Xia et al., 2022).

Erosion is a major factor in watersheds with significant MW storage
during rainfall-runoff events (especially stormwater). This process can
lead to serious Hg emission and diffusion, increasing the environmental
risks to local aquatic ecosystems (Guedron et al., 2011; Rose et al., 2012;
Zheng et al., 2016). In the KR, large inter-annual variations and differ-
ences between pre- and after-rainfall events in Hg emissions have
created a regime of hydrologic extremities. However, the role of rainfall
in the release of Hg from MW and subsequent transfer to aquatic systems
remains unclear.

The “Action Plan for Soil Pollution Prevention and Control” was
implemented in China in 2016. Typical restoration measures such as
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capping with sand or clay were implemented in this area, and these
methods were considered as economical and effective remediation ap-
proaches to control pollution in aquatic ecosystems. However, sand and
clay have a relatively weak affinity for Hg and cannot prevent Hg
migration through the cap via the pore water pathway (Eckley et al.,
2020). Furthermore, enhanced flux of Hg to surface water has been
demonstrated by mesocosm experiments because of the low organic
carbon content of sand caps (Curtis et al., 2019). Evaluating the effects
of restoration treatments requires quantification of Hg emission flux to
downstream water bodies, which is a challenging but crucial for pro-
jecting future changes at Hg contaminated sites.

Because of the difficulties in determining the water flow through
MW, traditional methods cannot be used to calculate Hg emission flux
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from MW based on surface water Hg concentration. Stable Hg isotopes
are represented by a three-dimensional system that may not be affected
by uncertain factors, such as the Hg concentration and stream discharge.
The unique Hg isotopic composition of various reservoirs in Hg mining
areas could be used to effectively tracing the migration pathways and
sources of Hg in fluvial systems (Blum et al., 2014; Delphine et al., 2009;
Yin et al., 2010a). Because of extremely low concentration of Hg in
surface water, Hg in water must be extracted and pre-concentrated for
Hg isotopic analysis.

Mass-dependent fractionation (MDF) occurs in almost all environ-
mental processes such as adsorption and desorption (Jiskra et al., 2012),
diffusion (Koster van Groos et al., 2014), evaporation (Zheng et al.,
2019), microbial methylation and demethylation (Janssen et al., 2016;
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Fig. 1. Spatial distribution of sampling sites in MZX river.
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Kritee et al., 2009), and Hg uptake by plants (Yin et al., 2013a; Yuan
et al., 2019). Mass-independent fractionation (MIF) is caused by the
magnetic isotope effect and nuclear volume effect (Bergquist and Blum
2007; Estrade et al., 2009), and MIE in photochemical reactions are the
main reasons for global MIF (Biswas et al., 2008; Buchachenko 2001;
Carignan et al., 2009; Chen et al., 2012; Sonke 2011; Sun et al., 2014;
Zheng et al., 2007). To utilize Hg isotopes as a tracer for Hg cycling and
pollution sources, the fractionation factors for important biogeochem-
ical processes must be determined (Smith et al., 2015). Prior studies
have demonstrated that MDF may occur during transformation of cin-
nabar to by-products due to the roasting process, because calcines
(—0.08+0.20%0) were enriched by 0.8%o in 6202Hg values compared to
the unroasted Hg ores (—0.7440.11%o) in the WMM (Yin et al., 2013b).
Delphine et al. (2009) found that the Hg isotopic composition of cin-
nabar was similar to that of the river sediment, and presumed that the
sediments throughout the watershed of the Isonzo River to the Gulf of
Trieste were seriously impacted by Hg export from the Idrija Hg mine.
Previous studies mainly focused on smelter-affected sediments or agri-
cultural regains (Feng et al., 2010; Lepak et al., 2020; Song et al., 2021;
Washburn et al., 2017) and identified Hg pollution sources. However,
the migration process and transport mechanism of Hg from pollution
sources to fluvial systems remain to be unclear.

The objectives of this study were to 1) assess the Hg flux from
remediated MWs and evaluate the remediation effect; 2) clarify the role
of rainfall in Hg release from the MW; and 3) quantify the contribution
of Hg emission from the MW using the Hg stable isotope approach.
Findings from this study are expected to reveal the role of the MWs in the
regional Hg cycle and provide scientific basis and data support for the
formulation of remediation policies for Hg-contaminated solid waste.

2. Materials and methods
2.1. Study area

The Wanshan Hg mine is located in Wanshan County of Guizhou
Province, within the karst landscape of the Yunnan-Guizhou Plateau
(Fig. 1a and b). The study area has a sub-tropical climate with humid
condition and an annual precipitation of 1110-1410 mm. In this study, a
typical remediated MW pile, named Meizixi (MZX), was chosen because
it is located in a typical karst area and its headwaters were stacked with
remediation MW (Fig. 1c). It is situated upstream of and connects to
several small and shallow streams with numerous downstream tribu-
taries. Its aquifers are characterized with high spatial heterogeneity and
complex subterranean conduit networks.

2.2. Sample collection

To effectively evaluate the contributions of Hg emission from MW to
MZX, we focused on the upstream source of this river and a reach of it
within a 2 km radius. Water samples were collected from the river near
MW pile, natural springs, and precipitation during normal flow periods
(NFPs) (October 2020), low flow periods (LFPs) (December 2020), and
high flow periods (HFP) (July 2021). In the HFP, surface water samples
were collected at the same point before and after the rainfall event.
Before sampling, three ultrapure water samples were prepared in the
laboratory as field blanks.

Within a vertical MW profile, a thin steel rod was driven horizontally
into the profile to avoid obstacles, and provide a clear pilot channel for a
10 cm porous polymer tube (Eijkelkamp Agrisearch Equipment,
Netherlands). The solution was left for two weeks to equilibrate with the
soil, and 10 mL of pore water was extracted using a vacuum tube
(Moreno-Jimenez et al., 2011).

All water samples were collected in duplicate. Unfiltered river water
samples were collected for THg and total methylmercury (TMeHg) an-
alyses. The surface water samples were filtered in situ using a 0.45 pm
polyvinylidene fluoride filter (Millipore) for dissolved Hg (DHg) and
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dissolved methyl Hg (DMeHg) analyses. The water samples were stored
in 200 mL borosilicate bottles, which were decontaminated using acidic
solution, followed by rinsing with deionized water and incineration for
1.5 h in a muffle furnace at 480 °C. After filtration, the water samples
were acidified with ultra-pure hydrochloric acid, sealed, packaged in
double-layer bags, returned to the laboratory and stored in a refrigerator
at 4 °C. At each sampling site, 1 L of water was collected and filtered
using a Teflon filter membrane to determine the total suspended solids
(TSS). The TSS value was used to calculate the distribution coefficients
(log(Kd)) using the DHg concentration of the filtered surface water and
suspended material, following the method described by James et al.
(1998).

The water flow (Q) was measured by cup-type current meter
(LS45A). The basic physical and chemical parameters of the surface
water were measured in situ during the sampling process. Water tem-
perature (WT), pH, electrical conductivity (EC, 25 °C), and dissolved
oxygen (DO) were measured using a portable PONSEL ODEON meter,
which was calibrated prior to deployment using pH (4, 7, and 10), EC
(1412 pS/cm), and DO (0% and 100%) standards. The measurement
accuracies of the device for the pH, WT, DO, and EC were 0.01, 0.01 °C,
1%, and 0.01 pS/cm, respectively.

2.3. Sample preparation for Hg isotope analysis

Filtered surface water and suspended particle samples for Hg isotope
analysis were collected during LFP and HFP. To ensure the minimum Hg
concentration required for the Hg isotope analysis, each filtered surface
water sample was pre-enriched based on the method established by Li
et al. (2019). Approximately 2-5 L water samples were used to deter-
mine the Hg isotopes. The samples were acidified successively using
0.5% (v: v) ultrapure hydrochloric acid in the field and then transported
back to the laboratory for cold storage. Before enrichment, a 0.5% BrCl
solution was added for oxidation for at least 48 h. The oxidized water
samples were transferred to a bubble bottle. A small amount of
NH5OH-HCI solution was added to remove excess BrCl. Then, a 0.5%
SnCl, solution was added to reduce Hg?* to Hg®, which was purged with
2.5 L/min of zero Hg gas for 1 h, and the evaporated Hg was
pre-concentrated into a chlorinated activated carbon tube. The Hg
captured by chlorinated activated carbon was removed by the pyrolysis
device and absorbed into 5 mL of 40% anti-aqua regia (v:v, HNOs: HCl
= 2:1). The solutions were stored in a refrigerator at 4 °C away from
light before Hg isotope analysis (Li et al., 2019).

For PHg, a high temperature purified Teflon membrane was used to
filter an appropriate amount of water (2-5 L), and the filter membranes
were freeze-dried and digested at high temperature using a tubular
muffle furnace to extract Hg into a 5 mL of a 40% anti aqua regia ab-
sorption liquid (Fu et al., 2013).

2.4. Hg concentration and Hg isotope analysis

The operationally defined fractions of THg, PHg, and DHg in the
surface water samples were determined using a dual stage Au amal-
gamation method and cold vapor atomic fluorescence spectrophotom-
eter (CVAFS). DHg and THg were determined following BrCl oxidation
for 24 h and then reduced to Hg® using acidic SnCl,. PHg was obtained
by subtracting DHg from THg. The TMeHg and DMeHg concentrations
were determined by distillation, ethylation, GC separation, and CVAFS
(Guo et al., 2008; Jiang et al., 2004).

The isotopic composition of Hg was analyzed using MC-ICPMS (Nu
Instruments, UK). The measurement procedures were described in detail
by Yin et al. (2010b). Thallium internal corrections, external standards,
and sample bracketing method were used to obtain precise and accurate
measurements. An internal Tl standard (NIST 997) was introduced to
correct instrumental mass bias. Strict sample-standard bracketing with a
solution of NIST 3133 that was matched in terms of the concentration
and solution matrix was used for mass bias correction. MDF was
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expressed in delta notation (8) relative to NIST 3133, and it was calcu-
lated using Eq. (1).

5XXXngunple(%) = {(Dﬂ/l()ng:ample/XM/]%HgNIST3133 - 1):| X 1000 (1)

where xxx represents 199, 200, 201, 202, or 204. MIF is reported as the
deviation from the theoretically predicted 8**Hg values based on the
kinetic mass fractionation law and is reported with capital delta notation
(A®*Hg), which is calculated using Egs. (2) - (5), respectively.

A"Hg = §"Hg — 8" Hg x 0.252 @)
A Hg = 5 Hg — §2Hg % 0.502 3)
A Hg = 5°'Hg — 8 Hg x 0.752 @)
A™Hg = 5 Hg — 8“2 Hg x 1.493 (5)

The fractions of Hg in the water filtered through MW (WTM), which
are derived from MW, open precipitation (OP), and background water
(BW), were calculated using a triple-member mixing model as follows:

8 Hgwmy = 6™ Hgpw X faw + 8 *Hgop X for + 8 *Hguw X fuw (6)
A Hgyry = A Hggy X fow + A Hgop % fop + A" Hguw X fuw @)
Sow +for +fuw =1 ®

where faw, fop, and fyw are the fraction ratios of the BW, OP, and MW
respectively. Based on Egs. (6)-(8), random number generation was
performed in RStudio (Windows) and then the Monte Carlo simulation
method (n = 10,000) was used to estimate the relative contributions of
the three end-members. The uncertainties in the triple mixing model
were also estimated using the Monte Carlo simulation approach.

2.5. Quality control

The quality assurance and quality control of the Hg analysis were
assessed using blanks, blind duplicates, and matrix spikes. The re-
coveries for the matrix spikes averaged at 101%+4% for THg and 81%
+16% for MeHg. The relative standard deviation was <8% for the Hg
concentration analysis. The recovery rates of the enrichment test of the
water samples ranged from 95% to 110%. The results of the UM-
Almadén standard solution (§2°Hg: —0.59%0+0.06%0; A%°Hg: 0.03%0
+0.04%0; AZ°Hg: 0.01%0+0.05%0, 26, n = 8) and GSS-4 standard for
sediment (62°2Hg: —1.85%0+0.02%0; A'*°Hg: —0.43%0+0.02%0; A% Hg:
—0.36%0+0.04%0, 20, n = 3) were consistent with those reported in
previous studies (Blum and Bergquist 2007; Estrade et al., 2010).

2.6. Data analysis

The data were analyzed using SPSS 26.0 and Origin 2018 software.
The characteristics of THg and other Hg forms in the water samples were
reported as the mean#tstandard deviation (SD) and examined using
descriptive statistics. A nonparametric test was used to compare the
differences between different data groups. Correlation and difference
tests were considered to be statistically significant at p < 0.05.

3. Results and discussion
3.1. Temporal variation of water Hg and Hg emission flux

THg and DHg concentrations during the HFP (32.6 + 16.3 ng/L and
23.6 + 12.2 ng/L, respectively) were significantly higher than those
during the LFP (14.8 + 9.8 ng/L and 7.4 + 4.1 ng/L, respectively)
(p<0.05), whereas PHg concentrations were not significantly different
between these two periods (9.0 + 6.4 versus 7.8 + 8.8 ng/L, p>0.05)
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(Fig. S1 and Table S1). The concentrations of TMeHg in HFP were
slightly higher than those in the other two periods (ANOVA, p>0.05).
The average TMeHg concentrations are given in the Section S2. Both
water discharge and hydrodynamic conditions governed Hg concentra-
tion. In the HFP, stronger hydrodynamic conditions, higher flows, and
enhanced erosion led to Hg transport from the MW into the river,
resulting in significantly higher THg and DHg concentrations compared
with the case of LFP. Meanwhile, a significant dilution effect on PHg was
observed during the HFP. In contrast, relatively weak hydrodynamic
conditions might have resulted in the deposition of PHg at the riverbed.
Rainfall has a combined effect of erosion and leaching on the MW, thus
leading to Hg dissolution in MW and then releasing into rivers (Gray
et al., 2003; Kim et al., 2000). The solidified MW pile is more stable and
leaching effect is dominated compared with erosion, so DHg was the
dominant form compared with PHg. However, no significant seasonal
differences in PHg were observed. The highest THg, DHg, and PHg
concentrations were observed near the MW pile during the HFP, indi-
cating that MW is an important source of Hg to downstream regions due
to erosion and leaching during rainfall.

Note that MW pile at MZX was sprayed with a passivator and covered
with soil in 2013, and then vegetation was planted above the pile. Be-
sides, the surrounding river channel was also dredged. To evaluate the
effectiveness of these restoration actions, we compared our data
collected in 2020-2021 with those reported before 2013 (Qiu et al.,
2005; Zhang et al., 2010a, 2010b). Only data from sampling locations
close to the MW pile (within 1.5 km) were selected for accurate com-
parison (Fig. 2). Because the historical flow of this stretch of the river
could not be determined, the arithmetic averages of Hg concentration
were used for comparison.

Most DHg and PHg concentrations observed in the present study
were lower than level I of the national standard for surface water (50 ng/
L) except at some points near MW during HFP. THg and DHg concen-
trations during NFP (20.7 + 14.8 ng/L and 7.25+4.30 ng/L, respec-
tively) and THg and PHg concentrations during HFP were significantly
lower in 2020 than 2002 (p<0.05). Overall decreasing trends from 2008
to 2020 were observed in the different forms of Hg (THg, DHg, and PHg),
despite of insignificant differences between the two years (Fig. 2). The
maximum THg concentration (69 ng/L; near the MW) observed in this
study was reduced by an order of magnitude compared to that observed
at the MZX River in 2011 (316 ng/L) (Dai, 2011). The average water
flows of the MZX River at the MW cross-section were 0.119 m3/s, 0.075
m>/s, and 0.187 m3/s and the corresponding Hg fluxes were 32.9 +
23.6 g/y, 5.7 £ 3.5 g/y, and 47.4 + 23.8 g/y during the NFP, LFP, and
HFP, respectively (the calculation methods are shown in Section S1.1).
Therefore, the THg emission flux from the MZX pile to the river was
estimated be 109.7 + 50.9 g/y. Compared with the Hg flux calculated by
Dai (2011) for this section of the river (1480 g/y), the Hg flux in this
study also decreased by an order of magnitude.

The above results illustrate the significant effect of the remediation
arrangement. However, THg concentration in this study was still slightly
higher than the background surface water values, indicating MW piles
being still a major source of Hg pollution in local aquatic ecosystems in
Hg mining areas (Yan et al., 2019). MW contains large amounts of sec-
ondary compounds of Hg produced under high-temperature conditions,
which are released continuously to the surrounding environment by
rainfall leaching, runoff, and volatilization. Therefore, the proportional
contribution of Hg emission from MW to surface water needs to be
further elucidated, particularly in relation to erosion and leaching
induced by rainfall.

3.2. Effects of rainfall

The MZX River is mainly fed by spring water and rainfall. To further
clarify the impact of rainfall on surface water Hg concentrations, we
collected data of a rainfall event in the HFP. The velocity of water flow at
the cross section of MW pile increased significantly from 0.08 m3/s to
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0.19 m®/s pre- and after the rainfall event. In addition, the THg, DHg,
and PHg concentrations in the surface water increased by 15.2 + 19.5
ng/L, 11.4 + 13.5 ng/L, and 3.7 + 10.0 ng/L, respectively, due to the
initial erosion effect (Fig. 3). The much higher increment in DHg than
PHg concentration is consistent with their variation trends in the surface
water between the HFP and LFP (Fig. S1).

The pH and conductivity in surface water should respond rapidly to a
rainfall event, therefore, these parameters were used below as indicators
to explore the influence of rainfall on Hg concentrations in surface
water. The average pH and conductivity in the rainwater were 6.8 + 0.3
and 33.9 4+ 19.9 ps/cm, respectively; and those in the surface water were
8.5 £ 0.1 and 287.8 + 24.2 ps/cm, respectively, before the rainfall, and
7.9 + 0.1 and 359.8 + 5.6 ps/cm after the rainfall event (Fig. S2a and
S2b). At the KR, rainfall dilution and water-rock-gas interactions are the
two main controlling factors on the hydrochemical indices of surface
water. The lower pH and conductivity in rainwater than surface water
and the significantly increased conductivity in the surface water after
the rainfall event indicated that the direct contribution of rainfall to
surface water conductivity was small. However, it is very likely that
rainfall indirectly affected surface water through increasing the erosion
and leaching of Hg from the surrounding MWs, which led to increases in
water conductivity, as previously reported by Liu et al. (2007). More
discussions on this mechanism are presented below.

3.3. Hg isotopes in DHg and PHg

In the LFP, the §2°2Hg values of DHg and PHg in surface water near
the MW pile averaged at —0.56+0.13%o and 0.61+0.33%., respectively
(Fig. 4 and Table S2). Compared with those of the MW (0.09+0.23%o),
the §2°2Hg values of PHg in surface water were more positive (Fig. 5)
because lighter Hg can be more easily dissolved from MW. A consistent
offset of 52°2Hg values (1.24%0::0.22%c) was observed between DHg and
PHg regardless of whether flow through the MW pile occurred or not,
and this value was statistically significant (p<0.01, n = 9). Washburn
etal. (2017) also found similar results in the South River (0.28%o), which
is a gravel-bed river located in a valley in the USA; however, the offset of
5202Hg was far less than that of our study. In addition, the South River
aquatic ecosystems are dominated by PHg, which has low solubility and
is relatively unreactive, leading a slight variation in its isotopic
composition (Schudel et al., 2018). Smith et al. (2015) found enrich-
ments of light Hg isotopes in the precipitated p-HgS relative to the dis-
solved Hg in the laboratory with acid condition (pH=2.3), and the offset
of 52°2Hg was —0.63%o, while the dissolution process in our study

Low flow period
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caused positive offset in weak alkaline conditions (pH=8.2 + 0.3). The
DHg concentrations from the source of MZX to the MW pile averaged at
8.4 + 7.6 ng/L and 23.6 + 12.2 ng/L while those of the PHg concen-
trations averaged at 3.0 £ 4.5 ng/L and 9.0 £+ 6.4 ng/L during the LFP
and HFP, respectively. The proportion of DHg to THg was relatively high
during the LFP and HFP, with averages of 88.9% and 73.4%, respec-
tively. However, Washburn et al. (2017) indicated that the average
proportion of DHg to THg was 23.9% in the hyporheic zones of the
channel margins of the South River. To eliminate interference during the
sampling process and more effectively describe the partitioning of DHg
and PHg in fluvial systems, the distribution coefficient (Kd) was adopted
in this study based on the method of James et al. (1998) (see the method
details in Section S1.2). The log (Kd) values arithmetically averaged at
5.0 £ 0.8 and 5.8 + 0.5 in the LFP and HFP, respectively. These values
were much lower than those observed at the South River (6.0-6.5),
indicating a greater predominance of DHg in our study.

The DHg in this study is functionally defined as Hg that passed
through a 0.45 pm filter, and it may be related to colloidal dissolved
organic matter (DOM), which contains a variety of ligands with affinities
for Hg. When Hg enters the water column due to erosion and leaching, a
portion of Hg is quickly adsorbed by sulfhydryl groups with high affinity
that are present in DOM (Wiederhold et al., 2010). When the adsorption
reaches saturation, larger suspended particles with weak affinity to Hg
will also adsorb a part of Hg (Hesterberg et al., 2001; Hintelmann and
Harris 2004; Skyllberg et al., 2006). Multiple studies have shown that
the binding effect of Hg to DOM (low Hg/DOM ratio) is controlled by a
small fraction of DOM molecules that contain a reactive thiol functional
group under natural conditions (Haitzer et al., 2002). In addition, Hg
isotope fractionation in the HgS system was likely dominated by ligand
exchange in solution from Hg-O to Hg-S coordination (Smith et al.,
2015), and thiol-bound Hg was enriched in light Hg isotopes by 0.53%o
and 0.62%o (62°2Hg) relative to HgCl, and Hg(OH)s,, respectively (Wie-
derhold et al., 2010). The mechanism in the hyporheic zone is compli-
cated and requires further investigation.

We speculate that the different geological backgrounds and types of
Hg-contaminated sites are also responsible for the large differences in
the offsets. The strata of the South River area are dominated by sand-
stone (Jaillard et al., 1999), while that in the present study have a
unique karst geological background. Moreover, the capacity to store and
transmit water in KR varies widely owing to the complex structure and
degree of karstification because of the extensive network of inter-
connected joints, fractures, and dissolution cavities. The water column
of the KR was characterized by high pH and low turbidity. The South
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River was polluted by a chemical plant used to recover elemental Hg
from sludge, however, our study was conducted at a Hg mining area in a
low temperature metallogenic zone. Thus, the Hg species and isotopic
compositions varied significantly between the two studies. Compared to
the 522Hg values of PHg in the South River (—0.68%0), the apparently
positive §2°2Hg values found in the present study (0.61-£0.33%o) are also
responsible for the large offset of 5°°?Hg between PHg and DHg.
Moreover, the 52°2Hg values of the pore water in the channel margin
hyporheic zone (52°2Hg=—0.52:+0.44%c) were significantly higher than
those of the surface waters (6202Hg:70.89:|:0.20%o) (Washburn et al.,
2018). Furthermore, the resuspension of sediments from the river bed
into the water column may reduce the overall Hg isotopic fractionation
in the South River. However, in the present study, remediation was
carried out in the river channel, and the riverbed was filled with gravel
without sediment.

The 52°2Hg values of DHg and PHg averaged at —1.2640.41%o and
—0.53+0.69%o, respectively, during the HFP. Compared with the case
during the LFP, the 52°Hg values during the HFP were generally
negative and varied greatly, and a relatively stable offset was not
observed. This conclusion is consistent with that for the South River
mentioned above, likely due to the influence of hydrologic conditions on
water Hg partitioning and Hg isotope fractionation (Washburn et al.,
2018). After a certain period of time, adsorption/dissolution equilib-
rium is attained because of the weaker hydrodynamic condition in the
LFP. The Hg isotopic values of the MW were located between PHg and
DHg, indicating sufficient water-rock dissolution and limited exogenous
input. However, the hydrologic conditions in the hyporheic zone
changed significantly because of the plentiful rainfall in the HFP,
especially in the KR; thus, the isotopic compositions of PHg in WTM
were close to those of the MW (Fig. 5). The A199Hg values of DHg and
PHg were close to 0, regardless of the hydrological seasonality (Section
$3), and all surface water samples showed a A'°°Hg/A2° Hg ratio of 1 in
both LFP (Fig. S3) and HFP (Fig. S4).

3.4. Source identification by Hg isotopes

In the surface water near the MW, DHg was the predominant form;

thus, we used A'%°Hg and §2°2Hg to quantify the relative contribution of
Hg pollution from MW, OP, and BW to the surface water Hg Eqgs. (6)-
((8)). Here, upstream surface water with a low-Hg concentration that
did not flow through the MW is defined as the BW. THg concentrations
were significantly elevated when water flowed through the MW and
then gradually decreased downstream, which is similar to the findings of
previous studies (Dai et al., 2013; Qiu et al., 2009; Zhang et al., 2010a).
The Hg isotopic values of pore water of MW (MPW) are mixtures of MW
and OP, and only a slightly negative offset was observed between MPW
and MW, which may be caused by OP. Based on this hypothesis, MW was
directly regarded as an end-member. To eliminate the influence of other
sources, only sampling points near the MW and before passing through
the farmland were considered in this study. Because of the short distance
between sampling sites (within 1 km), we assumed that it is only a rapid
mixing process when different end-members enter the receiving water,
and significant MDF and MIF will not occur during this rapid mixing
process.

The average THg concentrations in BW, OP, and WTM were 12.2 ng/
L, 201 ng/L, and 15.5 ng/L, respectively, during LFP, and were 6.8 ng/L,
327.8 ng/L, and 69.0 ng/L during HFP (summer time). Note that the
average THg concentration in the MPW was 181 ng/L (Section S4). The
THg concentrations were negatively correlated with the A'°°Hg values
(Fig. 6). Higher THg concentrations were observed in WTM, and the
A°Hg values were close to the MPW and OP signals (Fig. 6). In addi-
tion, the differences in the §2°2Hg values between the three sources were
significant (p<0.05), thus allowing for the development of a constrained
Hg isotopic mixing model with good confidence. In this study, we used
the 52°2Hg and A'?°Hg values for source tracing, and their relationship
is presented in Fig. 5. The data points were interpreted as the result of
triple mixing of the three end-members. BW was characterized by a
slightly positive A'°°Hg and negative §?°*Hg, and OP was characterized
by a negative A°°Hg.

Based on the A!°°Hg-52°?Hg mixing model, the direct contribution of
OP to DHg was relatively small at 13.2 + 9.28% and 15.8 & 10.6% in the
HFP and LFP, respectively. We found that the contribution of OP to DHg
in surface water was mainly associated with the erosion and leaching of
MW and bedrock (as mentioned in Section 3.2). Although rainfall
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amounts varied greatly between the HFP and LFP, the contributions of
OP to DHg in WTM were similar between these two periods. In the Hg
mining area, atmospheric Hg from the local sources enters the water
column through wet deposition because PHg is the main Hg form in OP.
The isotopic values of PHg in OP were very close to those in WTM during
the HFP (Fig. S5a), but were different from those in WTM during the LFP
(Fig. S5b), indicating that rainfall mainly contributed to PHg in the
surface water (Section S4).

The contributions of MW (fyiw) to DHg in WTM were 49.3 + 11.9%
and 37.8 + 11.8%, and those of BW were 37.5 + 6.48% and 46.4 +
7.15% in the HFP and LFP, respectively. Thus, MW is still a major source
of DHg in the mining-affected surface water. Rainfall is abundant in the
HFP, and the erosion and leaching effects are significant; therefore,
contributions of rainfall to surface water Hg were significant in the HFP.
Despite of low discharge of rainwater flowing through MW in the LFP,
the contribution of MW to surface water Hg could still reach 37.8%
owing to the relatively high Hg concentrations in the flow. The contri-
butions of BW to surface water Hg were comparable to those of MW,
mainly due to the two contrasting factors, i.e. relatively high discharge
and relatively low Hg concentration. As the main Hg form in surface
water, DHg is characterized by a strong migration ability, which may
pose great environmental risks to downstream aquatic ecosystems. In
this study, we firstly combined the A'°°Hg and 52°?Hg signals to
quantify the rainfall-induced DHg pollution from MW to surface water
and highlighted the need for further integrated monitoring of the source
and quantity of DHg downstream.

4. Conclusions and implications

This study found significantly higher surface water Hg concentra-
tions during HFP than LFP and very different surface water Hg con-
centrations between the periods pre- and after-rainfall events. These
results suggest that erosion and leaching of MW and bedrock into the
water column may be the main factors underlying the above phenom-
ena. It is also found that rainfall-induced variability in hydrologic con-
ditions in karst fissure pipes may affect the Hg isotopic partitioning
between DHg and PHg in surface waters.

During the LFP, sufficient dissolution equilibrium may have occurred
because of the stable hydrologic conditions; therefore, a consistent offset
of 5202Hg (1.24%o) was observed between DHg and PHg. In addition, this
offset was much higher than that reported in previous studies, which
was likely due to the unique geological background of the KR with high
pH, low turbidity, and relatively low DOM. Overall, the precipitation
and dissolution processes may lead to the consistent fractionation be-
tween DHg and PHg. Hydrodynamic conditions alter the degree of
water-rock interaction and thus determine the degree of fractionation.

Water Research 230 (2023) 119592

The temporal variations of Hg concentration and mixing model results
indicated that remediation work can reduce the Hg concentration and
flux from MW to surface water. However, the remediated MW pile re-
mains a source of Hg for the local aquatic environment.

The consistent offset of §2°?Hg between PHg and DHg in surface
water provides a fundamental framework for understanding of Hg
isotope fractionation during mineral dissolution in natural water. It in-
dicates that Hg isotopes are a powerful indicator of Hg migration and
transportation in aquatic ecosystem and pollution source apportionment
in Hg polluted areas. Results from the present study provide an impor-
tant scientific basis for developing economical and practical remediation
policies for Hg-containing solid waste.
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