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Environmental context. Phytoremediation requires an understanding of bioconcentration and translocation
processes that determine behaviour and fate of potentially toxic elements. We studied the distribution of
antimony and arsenic in terrestrial and aquatic soil-plant systems in an antimony ore zone. We found that the
common climbing plant Kudzu (Pueraria lobata) is suitable for phyto-stabilisation of antimony-bearing tailings,
while tiger grass (Thysanolaena maxima) was able to extract antimony and arsenic from contaminated soils.

Abstract. Antimony (Sb) pollution is a major environmental issue in China. Many historical abandoned tailings have
released high concentrations of Sb and its associated element arsenic (As) to surrounding environments. This has prompted
the need to understand accumulation and translocation processes that determine the behaviour and fate of Sb and As in
contaminated soil-plant systems and to identify suitable plant species for phytoremediation. Here we investigate
distribution of Sb and As in terrestrial and aquatic dominant plant species and associated soils, all of which are naturally
found in an Sb ore concentration area in south-west China. Total Sb and As concentrations were measured by inductively
coupled plasma mass spectrometry (ICP-MS). The percentage of soluble Sb and As in the total concentrations were
determined; the results showed that the basic soil environment facilitates the release of Sb and As from contaminated soils,
and that Sb has higher mobility than As. Bioconcentration factor (BCF) and translocation factor (TF) were used for
evaluating the ability of plants to accumulate and transport Sb and As, respectively. The results indicated that all selected
plant species have the potential to tolerate high concentrations of Sb and As. Consequently, this study suggested that
Pueraria lobata (PL) can be used as the preferred species for phytostabilisation of abandoned Sb-bearing tailings, given
that PL has well-developed roots and lush leaf tissues and the ability to translocate Sb from roots to aboveground parts.
Thysanolaena maxima (TM) is suitable for phyto-extraction of Sb and As in contaminated soils.
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Introduction environment (Arai 2010). Mining activities are one of the most

Antimony (Sb) is widely used in textiles, papermaking, plastics,
electronic products, and automobile brake pads, among other
products, because of its flame-retardant properties. Antimony is
also a toxic element, and the amount of Sb in the environment is
strictly limited because of its toxicity, underscoring a global
dilemma as to how antimony should be managed (Herath et al.
2017). China leads the world in terms of Sb reserves and pro-
duction (USGS 2018), and Sb pollution has become one of the
major environmental issues in China (He et al. 2012).
Antimony and arsenic (As) are in the same group of elements
in the periodic table, and both share similar chemical properties
(Filella et al. 2002; Wilson et al. 2010). Owing to this geochemi-
cal similarity, Sb often coexists with As in the natural
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important anthropogenic sources of Sb and As in the environment
(Herath etal. 2017). Historical mine wastes and tailings produced
by Sb mining have led to high concentrations of Sb and As in Sb
mining areas and surrounding environments (Macgregor et al.
2015; Fu et al. 2016; Zhou et al. 2017; Li et al. 2018; Sun et al.
2019) due to diffusion and migration of Sb and As. This affects
ecosystems around mining areas (Telford et al. 2009; Wei et al.
2015; Dovick et al. 2016) and promotes Sb and As exposure to
humans and animals (Ungureanu et al. 2015; Wu et al. 2011; Fu
etal. 2011; Liu et al. 2011).

Antimony, like As, is not an essential element for plant
growth. Instead, both are considered to be elements of plant
toxicity (Feng et al. 2013). In general, in terrestrial plants, the
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background value of Sb ranges from 0.2 to 50 ug kg~ ' (Baroni
et al. 2000), and the background value of As ranges from 0.009
to 1.5mgkg " (Baroni et al. 2004). Much higher levels of Sb and
As are found in plants growing in mining areas. Early studies
showed that when the Sb content in the extractable part of the
soil was as high as 793 mg kg, plants exhibited high enrich-
ment of Sb, with the highest levels reaching 1367 mg kg '
(Baroni et al. 2000). Some plants and microalgae with high Sb
enrichment were also found in later studies, with reported Sb
levels reaching 1136 mg kg~ ' (Murciego et al. 2007) and
1423 mg kg ' (Borovicka et al. 2006). Antimony can also
significantly accumulate in the roots of paddy rice (Ding et al.
2015; Zhang et al. 2017). However, some studies have shown
that plants grown in soils contaminated with high Sb contained
lower levels of Sb (Nakamaru et al.2006; He et al. 2019). The
uptake mechanisms and transport pathways of Sb are different in
each plant and are poorly understood (Pierart et al. 2015).

Compared with Sb, much more is known regarding the
behaviour, ecotoxicology, and distribution of As in soil-plant
systems (Tschan et al. 2009; Fayiga and Saha 2016; Han et al.
2017; Suriyagoda et al. 2018). In light of the similar chemical
properties of Sb and As and the elevated content of both elements
in mine areas, this study examines the joint accumulation and
transport of Sb with As. Drawing on measurements from one of
the most important Sb ore concentration zones in China, the aims
of'this work are to: (1) investigate the distribution of Sb and As in
the dominant plant parts and their corresponding contaminated
soils; (2) reveal the transport and accumulation characteristics of
Sb and As from contaminated soils to plants; and (3) study the
bioconcentration factor (BCF) and translocation factor (TF) of
these plant species. Our results have significant implications for
exploring the feasibility of phytoremediation using suitable
hyperaccumulator plants in Sb mining areas.
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Location of the investigated mining areas and sampling sites.

Experimental
Study area

The study area is the Guibei-Qiannan Sb ore concentration area,
which is located at the junction of the northern Guangxi Zhuang
Autonomous Region and southern Guizhou in south-west China
(Fig. 1). The structure of this Sb ore concentration area is domi-
nated by faults, and the location of Sb deposits is controlled by
these structures. The Sb is highly enriched in the stratum and has a
good geochemical background of Sb mineralisation (Wang et al.
2013). The area with the highest ore concentrations is mainly
composed of a single stibnite deposit in Dushan county and a Sb
deposit produced by the Dachang tin multi-metalliferous mine in
Nandan county. This area has been mined for decades. Although
most of the mines have been closed and abandoned, the wastes
from early mining activities have caused serious Sb and As pol-
lution in the surrounding environments (Li et al. 2018, 2019; Sun
etal. 2016; Xiao et al. 2016).

Sampling and analysis

According to the distribution of dominant plant species in the
two mining areas, five terrestrial and two aquatic plant species
were taken from eight sites in the study area. The terrestrial
plants are: Pteris vittata L. (PV), Saccharum arundinaceum
(SA), Miscanthus floridulus (MF), Thysanolaena maxima (TM),
and Pueraria lobata (PL). The aquatic plants are Equisetum
ramosissimum (ER) and Microstegium vimineum (MV). PV,
commonly known as the Chinese brake, is a fern species. ER,
known as branched horsetail, is an evergreen horsetail species.
PL is a perennial liane, MV is an annual herb, and the other three
plant species are perennial herbs. Three to five plants per species
were collected from each site, and their roots, stems, and leaves
were separated for analysis. In total, 89 samples of terrestrial
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The pH and Sb and As concentrations in soils collected from eight sampling sites

n, number of samples; entries are shown as mean =+ standard deviation (s.d.)

Site n pH Total Sb Soluble Sb Total As Soluble As
(mgkg™) (mgkg™") (mgkg ™) (mg kg™
" 3 7.54+0.2 3196 £ 1562 149+11.2 265.9+40.9 0.240.12
24 3 6.240.6 556.8+265.4 0.3740.01 19013 £3539 0.78+0.29
34 2 41+£19 1774 £ 1880 0.26£0.31 14971 £4612 0.43£0.01
4" 1 7.5 19.85 0.06 150.8 0.04
54 3 83+0.1 615248474 47+5.7 309.3+200.5 14+1.1
6" 2 7.1+£0.1 2183 +£1731 59452 7606 +797.8 0.64+0.18
78 2 7.14£0.2 1379.6 £519.6 1.6+0.27 9952 £ 381.6 1.1+0.17
88 3 4.14+0.6 2494 +988.4 0.264+0.17 16790 £+ 7853 0.99 4+ 0.65

ATerrestrial soils.
BAquatic soils.

plants and 18 samples of aquatic plants were collected. Mean-
while, a total of 12 soil samples from abandoned mine tailing
dumps and 7 soil samples from around the roots of riparian
plants were collected.

Sample preparation

The roots, stems, and leaves of the studied plants were
thoroughly washed with tap water and rinsed more than three
times with deionised water. After the sample was dried at 60 °C,
the roots, stems, and leaves were pulverised and ground with an
electric mill (IKA A1l Basic, Germany) and stored in pre-
cleaned sealable bags (Telford et al. 2009). Soil samples were
collected by using a stainless-steel trowel and sealed in poly-
thene bags. Each sample was dried in an oven at 60 °C and then
milled so that it passed through a 150-pum sieve (Guo et al. 2018).

Sample digestion

The milled samples (plant: 0.05 g; soil: 0.01 g) were digested
inamixture of HNOj3 : HF (2:1, v/v) in a polytetrafluoroethylene
(PTFE) crucible and heated at 170 °C (internal pressure: ~7.9
bar) for 9 h (plant samples) or 12 h (soil samples). The digested
solution was heated to dryness. Finally, the digested residue was
dissolved in 1 mL of HNOj; and diluted to 100 mL with
deionised water (Milli-Q, 18.2 MW cm).

Sample analysis

The digested solution was analysed for Sb and As by induc-
tively coupled plasma mass spectrometry (ICP-MS, NexION
300X, PE). A 10-g dry soil sample was stirred with 25 mL
deionised water and analysed for pH (Tan et al. 2018; He 2007).
A 2-g dry soil sample was shaken with 20 mL deionised water for
2.5 h, centrifuged at room temperature at 10956 g (relative
centrifugal force) for 10 min, filtered through 0.22-pim membrane
filter paper, and analysed for soluble Sb and As (Ettler et al. 2007).

Bioconcentration factor

The BCF was calculated by the ratio of concentration (mgkg ")
of metalloid in plant parts to that in soil:

BCF = Cplant/Csoil

Translocation factor

The TF was calculated by the ratio of the content (mg kg ')
of' metalloid in aboveground parts of the plant to that in the roots:

TF = Cabovegroundparts / Croot
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Generally, BCF reflects the accumulation capacity of plants
to metalloids in the soils, whereas TF indicates the translocation
ability of plants to metalloids from the roots to the aboveground
parts (Baroni et al. 2004; Wang et al. 2019).

Reagents and quality control

All acids and reagents used were analytical grade. Sub-boiling
distilled (DST-1000, Savillex, USA) nitric acid and hydro-
fluoric acid were used for sample digestions. Multi-element
standard solutions (AccuTrace ICP-MS Calibration Standard,
10 ug mL ™" each element) for ICP-MS analysis were purchased
from AccuStandard Incorporation, New Haven, USA. Rigorous
quality control procedures included analysis of reagent blanks,
water blanks, replicate samples, and certified national reference
material of plant (GBW-07604), soil (GBW-07404), and sedi-
ment (GBW-07305). The precision of determination of ele-
ments was better than 5 %.

Results and discussion
Sb and As concentrations in contaminated soils

All the dominant plants were taken from abandoned mine
tailing dumps, and the contaminated soils associated with the
rhizosphere environment of those plants were essentially
composed of mine tailings. The pH values and concentrations
of Sb and As of both terrestrial and aquatic soils from the eight
sites are displayed in Table 1. The pH of soils on sites 3 and 8
were (4.1 = 1.9) and (4.1 £ 0.6) respectively, revealing an
acidic soil environment; the pH of site 2 was (6.2 £ 0.6), being
a mildly acidic environment. However, other sites showed a
neutral-to-basic pH (7.1 £ 0.1 to 8.3 &£ 0.1), which are similar
to the pH of the background river waters in the associated study
areas (Lietal. 2018, 2019). In fact, the acidic pH arises due to
oxidation of metal sulfide minerals, including Sb-bearing and
As-bearing minerals such as stibnite, arsenopyrite, orpiment,
and realgar in the mine tailings, leading to the formation of
acidic solutions while releasing a large amount of Sb and As
into the solution (Wilson et al. 2010). Furthermore, the acid is
easily neutralised by the abundant carbonate present in the
surrounding environment, resulting in elevated Sb and As
concentrations detected in a neutral environment (Paikaray
2015; Ashley et al. 2003). As can be seen from Table 1, soil
environments of terrestrial and aquatic plants at all sampling
sites except site 4 contained high levels of total Sb and As
concentrations, regardless of the pH of the soils. The mine
tailing dump where site 4 is located is the oldest of all the
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Fig. 2. Relationship between pH values and soluble Sb (a) and As (b)
percentages in the terrestrial and aquatic soils.

tailing dumps, and it has been seriously weathered, and the
mine tailings have been substantially eroded.

Soil pH is the most important factor affecting the mobility of
metalloids in soils (McBride et al. 1997; de Matos et al. 2001).
Fig. 2 shows the relationship between the pH value of contami-
nated soil and the percentage of soluble Sb and As to the total
concentrations. Obviously, the percentage of soluble Sb and As
content gradually increases with the variation of pH from acidic
to basic, indicating that the weak alkaline environment is more
conducive to the release of Sb and As from contaminated soils.
This is related to the fact that Sb and As are metalloids that
commonly have oxidic, hydroxidic, and oxyanionic forms in
their natural state. Both Sb and As often occur in hydrothermal
sulfide deposits, their common minerals including Sb sulfides
and As sulfides (Wilson et al. 2010). When Sb™ and As™
sulfide minerals dissolve in water, then the ‘hydroxides’
Sb(OH); and As(OH); are formed respectively. They do not
occur as discrete Sb> " and As** ions in solutions but as H;SbO;
and H3;AsO;. Both H3;SbO; and H3AsO; can dissociate in
alkaline solutions to form the charged anions (H,SbO3;™ and
H,AsO;™ respectively), which are very soluble in water (Biver
and Shotyk 2012; Brown 2011). The results of an experimental
study on the leaching of Sb from Sb-bearing ores also indicated
that alkaline conditions (pH 9-10) are more conducive to the
release of Sb from the ores than acidic (pH <4) or neutral
conditions (Hu et al. 2016).
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Fig. 3. Soluble percentage of Sb and As to the total concentrations in the

terrestrial and aquatic soils.

The soluble Sb and As in the soils can easily migrate and
diffuse and are also easily absorbed by the plant roots and
transported to the aboveground parts of the plants (Baroni et al.
2000; Murciego et al. 2007). The results of total and soluble Sb
and As are presented in Table 1. The contents of soluble Sb and
As were indeed relatively high in the weakly alkaline soil
environments. Furthermore, to compare the mobility of Sb and
As in contaminated soil samples more directly, the percentage of
soluble Sb and As is plotted relative to the total concentrations
(Fig. 3). The results showed that although the average value of
As in the soil environment of the terrestrial and aquatic plants
was much higher than that of Sb, the percentage of soluble As
was lower than that of Sb, which indicates that the mobility of Sb
in soils of the study area is greater than that of As. The same
phenomenon has been reported elsewhere (Gal et al. 2006;
Casiot et al. 2007; Hiller et al. 2012; Li et al. 2019).

Sb and As concentrations in plants

To investigate whether dominant plants growing in the mine
tailing dumps were resistant to high concentrations of Sb and As,
we analysed the concentrations of Sb and As in the roots, stems,
and leaves of those plant species collected from each sampling
site (Table 2). Most of these plants naturally grew in high
Sb-contaminated and As-contaminated environments (Table 1)
and were mainly annual or perennial plants with large biomass.
Differences in plant species and metal supply levels can affect
the distribution of metalloids in different tissues of plants
(Midhat et al. 2019) and can also cause differences in the con-
centration of metalloids absorbed by the same plant, resulting in
a variable concentration range of Sb and As in the roots, stems,
and leaves of the same plant form.

In the terrestrial plants, PV and MF contained high levels of
Sb in roots, stems, and leaves, ranging respectively (1.2-140.1,
1.0-29.7, 6.0-73.4) mg kg~ ' for PV and (0.49-546.7,0.19-3.1,
1.6-129.9) mg kg~ ' for MF. For the absorption of As, PV
showed the highest contents of As, and the range of As
concentrations in roots, stems, and leaves were (207.8-1877.2,
54.9-1228.7, 69.6-1535.1) mg kg ' respectively. In the aquatic
plants, ER, as a leafless evergreen horsetail, contained the
highest levels of Sb and As. Total concentrations of Sb and As
in the roots and stems of ER ranged respectively (141.3-2183.4,
10.0-44.0) mg kg~ ' for Sb and (168.1-1353.3, 30.8-316.6)
mg kg~ ' for As. The specific average values of Sb and As
absorbed by different plants are shown in Table 2. Regarding the
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Table2. Sb and As concentrations in the roots, stems, and leaves of dominant plant species collected from eight sampling sites (data in mg kg ~' DW)
Entries are shown as mean =+ s.d.; DW, dry weight; PV, Pteris Vittata L.; SA, Saccharum arundinaceum; MF, Miscanth floridulus; TM, Thysanolaena maxima,
PL, Pueraria lobata; ER, Equisetum ramosissimum; MV, Microstegium vimineum

Plant species Sb concentration

As concentration

Root Stem Leaves Root Stem Leaves
pv* 50.44+10.7 83+2.1 33.6+6.3 872.6 + 146.1 330.9+77.4 6249+ 118.1
SAA 20.2+7.2 3.0+0.95 13.7+4.1 72.4+36.6 151+53 249+7.5
MF* 3444302 1.14+0.18 29.1+£8.2 16.9+5.1 3.440.70 58.0+25.2
™A 11.7+2.6 1.54+0.59 259+17.7 69.2+24.3 8.4+3.7 37.3+13.1
pPLA 4.7+24 2.4+0.81 6.3+0.79 3.14+0.44 39+22 6.1 +1.8
ERB 595+333.6 21.7+5.1 — 609 +194.2 130.8 £40.9 -
MvE 249493 27+1.6 10.54+2.8 120.5+57.8 14.6+79 18.9+43

ATerrestrial plants.
BAquatic plants.

high Sb and As concentrations in these plants, we can think of
these plants (PV, MF, and ER) as hyper-tolerant species to
accumulate Sb and As. In addition, although the other four plant
species did not show strong ability to accumulate Sb and As,
they also had a certain tolerance to high concentrations of Sb and
As. To some extent, they can reduce the leaching and diffusion
of Sb and As in the soil polluted by high Sb and As.

To further analyse the distribution characteristics of Sb and
As in different plant tissues, we used BCF to evaluate the ability
of plant parts to uptake Sb and As from soils. Fig. 4 shows the
BCFs of plant roots, stems, and leaves for accumulating Sb and
As from contaminated soils. For the terrestrial plants, the BCF of
Sb is similar in leaves and roots in MF, SA, and PV, but in PL
and TM there is more in the leaves than the roots (Fig. 4a). The
BCF of As in these terrestrial plants differed from that of Sb.
Arsenic is significantly accumulated by PV; the BCF of As in the
roots and leaves of PV is greater than 1 (Fig. 4b, Table 2). The
BCF of As in the tissues of plants in SA is almost similar,
whereas the order of that in MF, TM, and PL is leaves > roots
> stems (Fig. 4b). For the aquatic plants, the concentrations of
Sb and As in ER were significantly higher than that in MV
(Table 2). In ER, the BCF of Sb and As is more in the roots than
the stems; the order in MV is roots > leaves > stems (Fig. 4c¢).
Comparing the distribution of Sb and As in plant tissues, we
found that almost all plant stems have much lower ability to
absorb Sb than As.

Sb and As accumulation and translocation in plants

BCEF reflects the accumulation capacity of plants to elements in
the soils, whereas TF indicates the translocation ability of plants
to elements from the roots to the aboveground parts (Baroni et al.
2004; Chandra and Kumar 2017; Wang et al. 2019). By calcu-
lating the BCF and TF values of a plant species, the accumu-
lative efficiency of the contaminating element in the plant can be
evaluated, and whether the plant is suitable for phyto-
stabilisation or phyto-extraction for the contaminated soils can
be determined (Ali et al. 2013). The greater the BCF and TF
values, the greater the ability of the plant to accumulate and
translocate the elements.

The BCF (all parts including roots, stems, and leaves) and TF
of seven kinds of plant species to Sb and As are shown in Fig. 5.
For Sb, all plants have BCF values less than 1; all terrestrial
plants have TF values greater than 1 (Fig. 5a). For As, except for
the BCF value of PV being greater than 1, the BCF of other
plants is less than 1; the TF values of all terrestrial plants are also

318

greater than 1 (Fig. 5b). The BCF and TF values of Sb and As in
aquatic plants collected in this study were less than 1 (Fig. 5a, b).
These results suggest that all of the terrestrial plant species
collected can effectively transport Sb and As from the roots to
the aboveground parts, indicating that these plants have the
potential to translocate Sb and As from their roots.

The concentrations of heavy metals in the aboveground parts
of a plant is one of the important factors for evaluating whether
the plant can be used to remove heavy metals from contaminated
soil, which means that the higher the TF value, the more suitable
for phytoremediation (Fischerova et al. 2006). All of the TF
values of the terrestrial plants in this study exceeded 1, indicat-
ing that these plants can effectively translocate Sb and As to the
aboveground parts. It seems that these terrestrial plants have
bioconcentration ability to remove Sb and As from mine tail-
ings. However, we need to identify whether the sources of Sb
and As in the aboveground parts of the plant are consistent with
its roots. Aboveground parts of plants, especially plant leaves,
can accumulate trace elements from both root-mediated trans-
portation and also atmospheric deposition (De Temmerman
et al. 2015; Yalaltdinova et al. 2018). To test the source, we
developed a linear correlation between element contents in the
roots and aboveground parts for each plant (Table 3).

The best linear correlations for Sb were observed in TM
(R =0.6604) and PL (R = 0.8857) (Table 3), indicating that the
source of Sb in the aboveground parts of TM and PL was
consistent with their roots. Both TM and PL have high levels
of TFs (3.96 + 1.06 and 2.99 + 1.13 respectively), indicating
that TM and PL have a greater ability to translocate Sb from the
roots to the aboveground parts than other plants. In addition, PL
is a perennial vine with very developed roots and lush leaf
tissues, which can increase the slope stability of the tailing dump
to some extent. Therefore, we suggest that PL. may be suitable
for phytostabilisation in Sb mine tailings. For other plant species
in the study area, although they have weak ability to transfer Sb
to the aboveground parts, their roots are still enriched with
elevated concentrations of Sb, indicating that the roots of these
plants can act as a barrier to prevent Sb translocating to the
aboveground parts.

The best linear correlations for As were found in PV
(R = 0.8396), TM (R = 0.8194), and MV (R = 0.9777)
(Table 3), suggesting that the As in the aboveground tissues of
these three kinds of plants mainly comes from their roots.
However, the BCF and TF values of As in MV were less than
1, indicating that MV does not have bioaccumulation efficiency
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Fig. 4. Comparison of Sb and As BCFs in the terrestrial (a, b) and aquatic (c) plant tissues.

for As. Thus, it can be concluded that PV and TM in the study
area have strong ability to translocate As from the roots to the
aboveground parts, indicating that these plants could be suitable
for phytoremediation of As-contaminated soil. Like for Sb,
other plant species also have a barrier function in the roots to
prevent the translocation of As to the aboveground parts.

For a plant to be considered a hyperaccumulator, both the
BCF and TF values must be greater than 1, and also the
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concentration in the aboveground parts should be greater than
1 % (Baker and Brooks 1989; Wang et al. 2019). In this study,
only the accumulation of As in PV was consistent with this
hyperaccumulator definition (Fig. 5b), which showed that PV is
indeed a very effective As hyperaccumulator plant (Ma et al.
2001). PV not only has a strong ability to accumulate As, but it
also effectively transports As from the roots to the aboveground
parts (Mathews et al. 2011; Miiller et al. 2013), suggesting that
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Fig.5. BCF (all parts including roots, stems, and leaves) and TF of the plants to Sb (a) and As (b).

Table 3. Linear correlation between total concentrations in the epigeal parts and in the roots of the plant samples
R, linear correlation index

R Terrestrial plants Aquatic plants
Pteris vittata L. (PV) Saccharum Miscanthus Thysanolaena Pueraria Equisetum Microstegium
arundinaceum (SA)  floridulus (MF) maxima (TM) lobata (PL) ramosissimum (ER)  vimineum (MV)
Sb 0.3883 0.2600 0.2520 0.6604 0.8857 0.4192 0.2766
As 0.8396 0.6351 0.4020 0.8194 0.4728 0.1414 0.9777

PV is the potential species for phytoremediation in As-
contaminated soils.

Conclusions

Production, reservation, and consumption of Sb in China rank
the first in the world; thus, Sb pollution in China is a critical issue
currently. Historical mine tailings derived from Sb mining
activities is the most important source of Sb and its associated
element As pollution. Phytoremediation is a feasible method to
treat mine tailings and contaminated soils, but it requires an
understanding of the transport and bioaccumulation processes
that determine the behaviour and fate of Sb and As in the soil—
plant system.
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In this study, five kinds of terrestrial and two kinds of aquatic
dominant plant species, and their corresponding soils, were
collected from an Sb ore concentration area in south-west China.
The growing environment of all plants was subject to acute Sb
and As pollution and contained very high concentrations of Sb
and As. The extraction of water-soluble Sb and As was studied in
the corresponding soil of all plants; the results showed that
mobility of Sb was greater than that of As. At the same time,
solubility of Sb and As increased with the pH of soil, which
varied from neutral to alkaline. The bioconcentration of Sb and
As in all the terrestrial plants mainly occurred in the roots and
leaves, whereas that of Sb and As in the aquatic plants mainly
accumulated in the roots. Pteris vittata L. (PV) is a
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well-deserved As hyperaccumulator and is the only plant
species studied for which both the BCF and TF exceeded 1.
This study did not identify a Sb hyperaccumulator but found that
Pueraria lobata (PL) had a high TF level with a well-developed
root system and lush leaf tissues, indicating that PL could be
used as the preferred species for phytostabilisation of abandoned
tailings in the Sb mining areas. PL could translocate Sb to the
aboveground parts from the roots; its developed root system can
increase the stability of the abandoned tailings, and its dense
leaves can also beautify the mine environment. In addition,
Thysanolaena maxima (TM) also has the ability to translocate
Sb and As from the roots to the aboveground parts and is
therefore suitable for phyto-extraction for Sb- and As-
contaminated soils. Other dominant plant species had weak
ability to translocate Sb and As but can naturally grow and
survive in high Sb and As environments. This indicates that
these native and dominant plant species have a strong tolerance
to Sb and As and can be used as suitable plant species in the high
Sb and As environments of the mining areas.
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