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A B S T R A C T

Rivers integrate natural and anthropogenic mercury (Hg), and are important vectors of terrestrial Hg to the
oceans. Here, we report the total Hg concentration and Hg isotope compositions of dissolved load in the Pearl
River, the second largest river in China, in order to understand the processes and sources affecting Hg sys-
tematics in large anthropogenically-impacted river water. The dissolved Hg showed a concentration varying
from 0.45 to 2.44 ng/L, within the range reported for natural background lake and river waters. All river water
samples showed significantly negative δ202Hg (−2.89‰ to −0.57‰), slightly positive Δ200Hg (−0.05‰ to
0.52‰), and mostly positive Δ199Hg (0.10‰ to 0.57‰), except for three extremely negative values (−2.25‰ to
−0.76‰). Combined with other geochemical parameters, we suggest that the influence of in-river processes,
such as sorption and reduction, on the Hg isotope compositions is very limited, and the dissolved Hg in the Pearl
River mainly comes from atmospheric precipitation and surface soil weathering. Although the whole river basin
is largely affected by urban, industrial and mining activities, unlike other heavy metals, their direct contributions
to dissolved Hg seem limited. It is worth noting that the three samples with very negative Δ199Hg values (down
to −2.25‰) are derived from special source which attribute to the input of Hg released from the local in-
cineration of electronic wastes. This study demonstrates that isotope approach is a powerful tool for tracing
sources and pathways of Hg in large complex river systems.

1. Introduction

Mercury (Hg) is a globally distributed toxic heavy metal. It can be
transported globally in the atmosphere and deposited via dry or wet
deposition (Driscoll et al., 2013; Selin, 2009). The Hg deposited in the
aquatic ecosystem can be converted into neurotoxic methylmercury
(MeHg), a more toxic Hg form than inorganic Hg, by microbial pro-
cesses. The MeHg is readily bio-accumulated by low trophic level or-
ganisms and further bio-magnified during trophic transfer in aquatic
food webs, posing potential threats to the aquatic biota and human
health (Beckers and Rinklebe, 2017; Driscoll et al., 2013; Leopold et al.,
2010). Therefore, understanding the Hg cycle in aquatic system become
necessary to further constrain their impact on the MeHg formation.
Rivers are important freshwater systems as they enable the transport of
large amount of materials derived from both natural and anthropogenic
sources to the ocean (Amos et al., 2014; Emmerton et al., 2013; Zhen

et al., 2016). There is an increasing number of studies on Hg con-
centration and speciation in rivers (Baptista-Salazar et al., 2017; Carroll
et al., 2000; Guo et al., 2008; Hissler and Probst, 2006; Wang et al.,
2004), but the sources and processes affecting Hg in the river especially
large rivers remain poorly unraveled emphasizing the need to constrain
them to better understand the Hg global cycle.

Mercury isotope compositions play a critical role in tracing the
sources and processes of Hg in the environment. Previous studies have
reported mass-dependent fractionation (MDF) and mass-independent
fractionation (MIF) of Hg isotopes in atmospheric precipitation (Chen
et al., 2012; Foucher et al., 2013; Sherman et al., 2010; Wang et al.,
2015; Yuan et al., 2015, 2018), lake water (Chen et al., 2016), aquatic
organisms (Blum et al., 2014; Donovan et al., 2016), glacier (Zdanowicz
et al., 2016), seawater (Štrok et al., 2015), dissolved and suspended
loads and sediments of contaminated rivers (Baptista-Salazar et al.,
2018; Blum et al., 2014; Demers et al., 2018; Donovan et al., 2016;
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Foucher et al., 2013; Washburn et al., 2017, 2018). Nearly all physical,
chemical and biological processes cause MDF (represented by δ202Hg,
see details in method) (Blum et al., 2014), but MIF is only caused by a
small number of processes. MIF of odd-mass isotopes (odd-MIF) can be
caused by magnetic isotope effect (MIE) and nuclear volume effect
(NVE) (Bergquist and Blum, 2007; Cai and Chen, 2016), MIE is mainly
observed in photochemical reduction of Hg(II) and photo-demethyla-
tion of MeHg, whereas NVE is found in some non-photochemical pro-
cesses such as abiotic dark reduction and liquid-vapor evaporation
(Bergquist and Blum, 2007; Estrade et al., 2009; Zheng and
Hintelmann, 2009, 2010a, 2010b). Interestingly, the mechanisms re-
sponsible for MIF of even-mass isotope (even-MIF) reported in many
atmosphere-derived samples remain unknown (Chen et al., 2012a;
Sherman et al., 2010; Wang et al., 2015; Yuan et al., 2015, 2018), al-
though some studies have suggested it might be related to photo-
chemical oxidation of elemental Hg(0) in the tropopause (Cai and Chen,
2016; Chen et al., 2012a). Despite these uncertainties, Hg isotopes re-
main a powerful tool for tracing both the sources and redox pathways of
Hg in rivers. Due to the very low Hg concentration (possibly less
than < 1 ng/L) in natural water which was a great challenge to the
routine Hg isotope analysis, previous studies primarily focused on the
sources and reactions affecting Hg in contaminated rivers using the
isotope approach. Understanding Hg isotopes in large rivers may pro-
vide critical insight to Hg cycling in rivers and potentially the con-
tribution of Hg from rivers to global ocean ecosystems.

In this study, we report the Hg isotope compositions of dissolved
load in surface water, spring water, groundwater, rainwater, waste-
water, rock, leaf litter, soil and PM2.5 from the whole Pearl River Basin
(PRB), the second largest river in China with a length of 2240 km.
Located in a subtropical zone, the Pearl River originates from the
Maxiong Mountain of Qujing City in Yunnan Province and flows
through seven provinces in southern China and ends into the South
China Sea. It has an average annual precipitation of 1470 mm and an
average annual runoff of 3.2 × 1011 m3, with a drainage basin esti-
mated to be 4.5 × 105 km2 (Liu et al., 2017a; Zhen et al., 2016). As an
important water resource for industrial and domestic uses in Pearl River
Delta (PRD), the most densely industrialized and urbanized region in
China, the Pearl River is seriously polluted by industrial activities and

domestic sewage (Liu et al., 2011, 2012; Zhen et al., 2016). Despite
numerous studies have been conducted for Hg content, speciation and
bioavailability in various materials from the PRD, such as sediments
(Liu et al., 2011; Shao et al., 2011; Shi et al., 2010), soils and vegetables
(Chen et al., 2012b; Shao et al., 2013), aquatic organisms (Shao et al.,
2011, 2013) and river water (Liu et al., 2012; Zhen et al., 2016), the
sources and processes affecting Hg in the Pearl River remain poorly
understood. Because solar radiation, rainfall, water discharge and hy-
drodynamic condition would be obviously different at various flowrate
stage and impact to different extent the sources and processes of Hg in
rivers, samples collected both at flood and low water stages are in-
vestigated. Thus, the goals of this study are 1) to use Hg isotope com-
positions to identify the source of dissolved Hg in the Pearl River and its
tributaries rivers 2) to determine the possibly key transformation pro-
cesses that affect Hg transportation in the Pearl River.

2. Methods

2.1. Reagents and materials

Millipore-Q water (18.2 MΩ cm) and analytical grade reagents (HCl,
HNO3, H2SO4, NH2OH·HCl, SnCl2, KBr, KBrO3, L-cysteine) from both
Sinopharm Chemical Reagent Co., Ltd (China) and Sigma-Aldrich (USA)
were used throughout the experiment. The Hg standard solutions NIST
SRM 3133 and NIST SRM 3177 were used as Hg isotope reference
materials. The thallium solution NIST SRM 997 was used for instru-
mental mass bias correction (Blum and Bergquist, 2007; Chen et al.,
2010). Most of the vessels were Teflon, glass or quartz made to mini-
mize Hg sorption and cleaned with 1% BrCl, 15% HNO3 before use,
some of the PP (polypropylene) vessels were cleaned with 10% HNO3

and rinsed with Milli-Q water before use. Both borosilicate glass vessels
and quartz tubes were heated at 460 °C for 3 h to remove traces of Hg.
The borosilicate glass column with a polypropylene reservoir and
anion-exchange resin AG1-X4 (200–400 mesh, Bio-Rad®) was used for
pre-concentration of dissolved Hg (Chen et al., 2010). The furnace
quartz tube placed in two combustion tube furnaces were used for pre-
concentration of Hg from rock, soil, leaf litter and PM2.5 (Huang et al.,
2015).

Fig. 1. Study area and location of the sampling sites. Surface water was collected at mainstream (M1 to M12) and tributaries (T1 to T6), spring water (S0) was
collected at headwater, rainwater was collected at Guangzhou, mine wastewater Mw1 was collected at Pb and Zn mining industry in Guangxi, untreated industrial
wastewater UIWW1 and treated industrial wastewater TIWW1-3 and domestic wastewater DW1 were collected at Guangzhou.
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2.2. Sample collection and processing

Three sets of samples were collected in the PRB between May 2015
and December 2016. The locations of the sampling sites and detailed
sampling information are shown in Fig. 1 and Tables S1, S2, S3. The
first set of samples were surface water (n = 36) collected along the flow
path of Pearl River from M1 (831 km) to M12 (2033 km) during the
flood period of June 2015, the low water period of December 2015 and
March 2016. The samples covered the mainstream such as Nanpan
River (M1), Hongshuihe River (M2 to M4), Qianjiang River (M5 to M6),
Xunjiang River (M7 to M8), Xijiang River (M9 to M12), and tributary
rivers (Beipan River for T1, Liujiang River for T2, Yujiang River for T3,
Guijiang River for T4, Hejiang River for T5, Beijiang River for T6). The
second set of samples consisted of groundwater from carbonate rocks
area (n = 2) and spring water from headwater of Pearl River (S0,
n = 2) and rainwater in the urban area (Guangzhou, n = 3). The third
set of samples were wastewaters which included untreated industrial
wastewater (UIWW1), treated industrial wastewater (TIWW1-3), do-
mestic wastewater (DW1) and mine wastewater (Pb and Zn, Mw1).
Complementary samples (Table S3) consisted of carbonate rock (n = 2)
and silicate rock (n = 2), leaf litter (n = 2), soil (n = 6) and PM2.5 near
electronic waste (E-waste) treatment plants (n = 1). The temperature
and pH of all river water were measured in situ by a portable multi-
parameter water quality meter (WTW-Multi 3430). Total suspended
solids (TSS) in river water were analyzed in unfiltered water.

All collected water samples (4.9–9 L) were immediately filtered
using a pre-cleaned Teflon filter system and mixed cellulose esters
membrane filter (142 mm diameter, Millipore), which was commonly
used for Hg isotopes studies in natural water systems (Chen et al.,
2012a, 2016; Jiskra et al., 2017; Yuan et al., 2018). One study showed
no Hg isotope fractionation when using different porosity of membrane
(Jiskra et al., 2017). We used 0.22 μm porosity for filtration in order to
eliminate the possible presence of colloidal Hg. For each sample, the
first 200 mL of filtered water was discarded to avoid cross-con-
tamination. The remaining filtered water was prepared as the fol-
lowing: i) 15 mL filtered water was stored in PP vessels for anions
analysis and ii) 40 mL was stored in borosilicate glass bottles after
acidification with three drops of H2SO4 for dissolved organic carbon
(DOC) analysis. Blank of the filtration system was 13 pg Hg (n = 9).
Then, a large volume of all filtered water was acidified in borosilicate
glass bottles with HCl to 0.1 mol/L, digested with 0.5% (v/v) BrCl
(0.2 mol/L) for about 12 h and stored at 4 °C before concentration and
isotope analyses of total dissolved Hg. Major anions and DOC of filtered
water were measured by ICS-90 (DIONEX) and High TOC Ⅱ (Ele-
mentar). The Hg concentrations were measured by cold vapor atomic
fluorescence spectrometry (CVAFS, measured with both Tekran 2500
and Brooks Rand), with a precision better than 5%.

2.3. Hg isotope measurement

2.3.1. Pre-concentration of Hg
The method used to pre-concentrate filtered water has been de-

scribed in Chen et al. (2010). In brief, the chromatographic borosilicate
glass column charged with 0.5 mL AG 1 × 4 resin was cleaned using
0.05% (w/v) L-cysteine in 4 mol/L HNO3, 4 mol/L HNO3 and Milli-Q
water and then conditioned with 0.1 mol/L HCl. The HCl-acidified fil-
tered water was first neutralized by a solution of 20% (w/v)
NH2OH·HCl to remove the excess BrCl and then loaded into the column
with a flow rate of 3.5 mL/min. Before elution, the resin column was
rinsed with 20 mL 0.1 mol/L HCl. We used 5 mL 0.05% (w/v) L-cy-
steine in 0.5 mol/L HNO3 solution to elute the Hg, and double the
concentrations for low water samples to ensure complete recovery of
Hg. Finally, the eluted Hg of all filtered water was treated with BrCl to
remove the excess of L-cysteine. The BrCl was neutralized by
NH2OH·HCl before the Hg isotope ratio measurements. The average
procedural blank of this method was 75 pg (n = 8). NIST SRM 3133

was used as the procedural standard, which was processed the same as
the samples and yielded a recovery of 98 ± 4% (SD, n = 9). The
method used to pre-concentrate rock, leaf litter, soil and PM2.5 has been
described in Huang et al. (2015).

2.3.2. Hg isotope ratio analysis
Hg has seven stable isotopes, 196Hg, 198Hg, 199Hg, 200Hg, 201Hg,

202Hg and 204Hg whose abundances are 0.16%, 10.04%, 16.94%,
23.14%, 13.17%, 29.73% and 6.83% in NIST SRM 3133 (Blum and
Johnson, 2017). Hg isotope ratio measurements were performed on the
MC-ICP-MS (Nu Instruments Ltd., UK) at the State Key Laboratory of
Environmental Geochemistry, Institute of Geochemistry, Chinese
Academy of Sciences, according to the previous methods (Blum and
Bergquist, 2007; Chen et al., 2010; Yuan et al., 2018). In brief, the
sample Hg solution (~0.5–3 ng/mL) was mixed with the SnCl2 reagent
using a peristaltic pump (0.75 mL/min) to produce the Hg(0) vapor.
The Tl aerosol produced from an Aridus II desolvator was introduced
together with the Hg(0) vapor into the plasma, which was used for mass
bias correction. The Faraday cups were positioned to measure five Hg
isotopes 198Hg, 199Hg, 200Hg, 201Hg, 202Hg and two Tl isotopes 203Tl,
205Tl. 196Hg and 204Hg were not measured due to their low sensitivity.
The instrumental mass bias was corrected by a combination of
205Tl/203Tl normalization and the sample-standard bracketing (SSB)
method using NIST SRM 3133 as the bracketing standard. The Hg iso-
tope composition is expressed by the delta notation (δxHg) in units of
per mil (‰) and is defined below (Blum and Bergquist, 2007):
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where x = 199, 200, 201, 202, “std” is the international standard NIST
SRM 3133 Hg solution. The MDF is typically represented by δ202Hg.
MIF is represented by “capital delta” (ΔxHg, in ‰) defined following
(Blum and Bergquist, 2007):

= − ×Δ Hg δ Hg 0.252 δ Hg199 199 202 (2)

= − ×Δ Hg δ Hg 0.502 δ Hg200 200 202 (3)

= − ×Δ Hg δ Hg 0.752 δ Hg201 201 202 (4)

NIST SRM 3177 Hg standard solution was measured in each ana-
lytical session to monitor the performance of the instrument. Long-term
measurement of NIST SRM 3177 gave a mean δ202Hg value of
−0.57 ± 0.10‰ (2SD, n = 52) which is consistent with the values
reported previously (Baptista-Salazar et al., 2018; Chen et al., 2016;
Wang et al., 2015; Yuan et al., 2018). The 2SD of Hg isotope ratios in
NIST SRM 3177 Hg standard solution (δ202Hg, Δ199Hg, Δ200Hg and
Δ201Hg were 0.10‰, 0.06‰, 0.04‰ and 0.06‰) are reported as the
typical analytic uncertainties of our most samples. The 2SD of Hg iso-
tope ratios in most rock, leaf litter and soil are calculated by multiple
measurements.

3. Results

The Hg concentrations and isotope compositions of all dissolved
load in surface river water, natural and anthropogenic samples in PRB
are listed in Tables S1, S2, S3 along with other parameters (T, pH, DOC,
Cl−, TSS and monthly discharge).

3.1. Geochemical characteristics of surface water

Surface water temperature ranged from 12 °C to 30 °C, with an
average value of 27 °C and 17 °C during the flood and low water periods
respectively. The surface water sampled at two periods are slightly al-
kaline with a pH ranging from 7.22 to 8.57 (the lowest pH at
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downstream during two periods, Fig. S1a), while pH of most surface
water sampled at flood water period are slightly lower. The TSS of
surface water showed large variations ranging from 2.1 to 75.3 mg/L,
with higher values during flood water period. TSS values of our samples
are lower than the global average riverine level of 150 mg/L (Zheng
et al., 2010). The DOC concentrations in all surface water varied from
0.73 to 23.07 mg/L with an average value of 3.69 ± 10.09 mg/L (2SD,
n = 38, Fig. S1b), which is similar to the global natural river values
(2–25 mg/L) (Zheng et al., 2010). The Cl− concentrations in all surface
water ranged from 0.87 to 8.71 mg/L with a mean value of
3.23 ± 3.30 mg/L (2SD, n = 38, Fig. S1c). It is worth noting that most
DOC and Cl− concentrations in flood water samples are higher than the
one in low water samples. In average 80% of the annual rainfall occurs
during wet season (Zhao et al., 2017), and the monthly discharge
during flood water period are obviously higher than during low water
period. Thus, the higher DOC and Cl− concentrations in flood water
may be caused by rainfall-induced soil erosion. We also note that DOC
and Cl− display slightly higher values at downstream during flood
water period, which may reflect significant anthropogenic input via
heavy rainfall or surface runoff leaching.

3.2. Hg concentrations and isotope compositions in surface river water

The dissolved Hg concentrations (Hgd) in surface water for both
flood water and low water samples ranged from 0.45 to 2.44 ng/L with
a mean value of 1.20 ± 1.10 ng/L (2SD, n = 38, Table S1) in the Pearl
River and its tributaries. The average Hg concentration in the human-
impacted Pearl River is thus, lower than i) the Chinese drinking water
value of 50 ng/L (Zhao et al., 2017), ii) new aquatic environmental
total Hg quality standards limited at 70 ng/L (Tavares et al., 2016) and
iii) the Hg levels in worldwide rivers impacted by mining and heavily
industrialized and polymetallic pollution (Biber et al., 2015; Demers
et al., 2018; Hissler and Probst, 2006; Kocman et al., 2011; Leitch et al.,
2007; Washburn et al., 2017, 2018). However, the concentration is si-
milar to the global unpolluted or agricultural and urban rivers (Lyons
et al., 2006; Schuster et al., 2011; Wang et al., 2013; Zhao et al., 2017;
Zheng et al., 2010). More specifically, flood water samples (from 0.58
(T3) to 2.44 ng/L (M10), mean = 1.60 ± 0.90 ng/L, 2SD, n = 19)
exhibit a concentration of dissolved Hg twice higher than the low water
samples (from 0.45 (T2) to 1.42 ng/L (M11), mean = 0.79 ± 0.55 ng/
L, 2SD, n = 19, Fig. 2a), suggesting that flooding results in net Hg input
to river. Besides, it is also worth noting that Hgd in the surface water at
the downstream are higher than other reaches (Fig. 2a).

Large variations are observed for δ202Hg (−2.89‰ to −0.57‰,
average −1.30 ± 1.02‰, 2SD, n = 38) and Δ199Hg (−2.25‰ to
0.57‰, average 0.16 ± 1.05‰, 2SD, n = 38) in dissolved load.
Δ201Hg is similar and linearly correlated with Δ199Hg, thus in the fol-
lowing we will not discuss Δ201Hg separately. Δ200Hg values are mostly
positive (−0.05‰–0.52‰), with a mean value of 0.08 ± 0.22‰
(2SD, n = 38, Table S1). Headwater obviously shows much lower
δ202Hg (down to −2.89‰), but similar Δ199Hg. Most dissolved loads
are characterized by positive Δ199Hg (0.10‰–0.57‰, average
0.30 ± 0.22‰, 2SD, n = 35) and negligible Δ200Hg (average
0.05 ± 0.12‰, 2SD, n = 35) (Fig. 2b, c, 2d). Only three flood water
samples at downstream (the mainstream M10, M11 and the tributary
T6) displayed negative Δ199Hg ranging from −2.25‰ to −0.76‰ and
positive Δ200Hg varying from 0.23‰ to 0.52‰ (Fig. 2c and d). Ex-
cluding these three samples, the mean values of δ202Hg and Δ199Hg in
low water samples (δ202Hglow = −1.56 ± 1.06‰;
Δ199Hglow = 0.36 ± 0.19‰, 2SD, n = 19) are more negative and
positive than those in flood water samples
(δ202Hgflood = −1.10 ± 0.70‰; Δ199Hgflood = 0.22 ± 0.14‰, 2SD,
n = 16) respectively. The mean values of Δ200Hg are similar between
the two periods and close to 0‰. The isotope compositions of the
dissolved Hg in surface water are quite different from contaminated
rivers in the Northern Hemisphere which were characterized by higher

δ202Hg (−0.27 ± 0.99‰, 2SD, n = 63) and lower Δ199Hg
(0.06 ± 0.22‰, 2SD, n = 63) (Demers et al., 2018; Foucher et al.,
2013; Washburn et al., 2017, 2018). Furthermore, δ202Hg in surface
water undergo wide variations along the flow path, but Δ199Hg and
Δ200Hg display a relatively narrow range (except for three surface water
with negative Δ199Hg and more positive Δ200Hg, and Δ199Hg of river
water for M3 (1032 km) in low water period, Fig. 2b, c, 2d).

3.3. Hg concentrations and isotope compositions in natural water and
wastewater

The Hg concentrations and isotope compositions of natural water
and wastewater are reported in Table S2. The three precipitation
samples collected at Guangzhou, China, display higher concentrations
than surface water (1.75–3.55 ng/L vs 0.45–2.44 ng/L respectively).
The groundwater collected from carbonate rocks area is characterized
by Hg concentration ranging from 0.51 to 1.86 ng/L. In contrast, the
average Hg concentrations for untreated industrial wastewater
(UIWW1), treated industrial wastewater (TIWW1-3), domestic waste-
water (DW1) and mine (Pb and Zn) wastewater (Mw1) are 1.96 ng/L,
1.65 ng/L (0.97–2.05 ng/L), 3.01 ng/L, 3.08 ng/L respectively. The Hgd
of most wastewater is higher than the surface water.

Rainwater from Guangzhou exhibited slightly negative δ202Hg
(−0.57 ± 0.70‰) and positive Δ199Hg (0.42 ± 0.23‰) and slightly
positive Δ200Hg (0.17 ± 0.16‰) (2SD, n = 3). These Hg isotope
compositions are consistent with the results reported previously (Wang
et al., 2015; Yuan et al., 2018). The groundwater shows similar δ202Hg
(−0.96‰ and −0.58‰), and lower Δ199Hg (0.08‰ and 0.13‰,
n = 2). UIWW1 and TIWW1-3 are characterized by δ202Hg of −1.58‰
to −0.86‰ and Δ199Hg of 0.06‰ to 0.43‰ respectively
(δ202Hg = −1.19 ± 0.75‰, Δ199Hg = 0.26 ± 0.34‰, 2SD, n = 4).
The DW1 and Mw1 have more negative δ202Hg of −2.48‰, −1.94‰
and positive Δ199Hg of 0.34‰, 0.17‰ respectively. Groundwater and
all wastewater display Δ200Hg close to 0‰. The Hg isotope composi-
tions of all wastewater are not significantly different from those of the
river water (δ202Hg: p = 0.32 > 0.05; Δ199Hg: p = 0.64 > 0.05),
probably due to the large variations of Hg isotope compositions of river
water.

3.4. Hg concentrations and isotope compositions in watershed samples

The Hg concentrations and isotope compositions of watershed
samples are reported in Table S3. The Hg concentrations in carbonate
rock (n = 2) and silicate rock (n = 2) from the PRB are very low from 2
to 30 ng/g, while Hg concentration varying from 67 to 1075 ng/g was
measured in soil (n = 6) from the PRB. Besides, the Hg concentration of
leaf litter (n = 2) varied from 250 to 504 ng/g. Both silicate rock and
carbonate rock are characterized by negative δ202Hg varying from
−2.99‰ to −1.75‰ and −1.29‰ to −0.37‰ respectively with both
no significant Hg odd-MIF (Δ199Hg ranging from 0.00‰ to 0.05‰ and
−0.06‰ to −0.01‰ respectively). These signatures are consistent
with the Hg isotope compositions reported for other rocks (δ202Hg:
−2.68‰ to 1.61‰; Δ199Hg: −0.46‰ to 0.34‰) (Blum and Johnson,
2017; Blum et al., 2014). Besides, soil exhibited negative δ202Hg
varying from −1.70‰ to −0.83‰ and negative Δ199Hg ranging from
−0.58‰ to −0.01‰. This is agreement with soil data reported pre-
viously (e.g., δ202Hg varying from −2.63‰ to 0.15‰, and Δ199Hg
varying from −0.56‰ to 0.07‰) (Blum et al., 2014; Jiskra et al.,
2015, 2017; Zhang et al., 2013; Zheng et al., 2016). Leaf litters exhibit
more negative δ202Hg (−2.67‰ to −2.07‰) and Δ199Hg values
(−0.34‰ to −0.14‰) which are also consistent with other studies
(δ202Hg: −3.28‰ to 1.50‰, and Δ199Hg: −1.58‰ to 0.33‰) (Blum
et al., 2014). All samples are characterized by Δ200Hg close to zero.
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4. Discussion

4.1. Effect of tributaries on mainstream Hg budget

As shown in Fig. 2, dissolved Hg concentrations (Hgd) and Hg iso-
tope compositions of the mainstream could be influenced by the input
of tributaries. The effect of Hg isotope compositions from the tributaries
input on the mainstream (predominantly via the flux of dissolved Hg) is
estimated following:

× ×

= × × + × ×− − −

δ Hg Hg F

(δ Hg Hg F ) (δ Hg Hg F )
i i i

i i i j j j

202
M ,Theo M ,d M

202
M 1 M 1, d M 1

202
T T ,  d T (5)

× ×

= × × + × ×− − −

Δ

Δ Δ

Hg Hg F

( Hg Hg F ) ( Hg Hg F )
i i

i i i j j j

199
M ,Theo M ,d Mi

199
M 1 M 1, d M 1

199
T T ,  d T (6)

where Mi and Mi-1 are the ith and i-1st sampling sites of mainstream
nearby jth sampling site of tributary (Tj) and F is water flow (m3/
s). Hg iM , d, −Hg iM 1, d and Hg jT ,  d refer to dissolved Hg concentrations at
the ith, i-1st sampling sites of mainstream and jth sampling site of tri-
butary respectively. δ Hg i

202
M ,Theo and Δ Hg i

199
M ,Theo are the theoretical

Hg isotope compositions of dissolved phase for mainstream (Mi) after
mixing between the mainstream (Mi-1) and the near tributary (Tj).
Theoretical Hg isotope compositions of dissolved load at M5 (mixing by
M4 and T2) and M11 (mixing by M10 and T6) during flood water
period, and the theoretical Hg isotope compositions of dissolved load at
M11 during low water period are calculated. During flood water period,
the theoretical δ202Hg and Δ199Hg of dissolved load would be −1.63‰
and 0.43‰ respectively for M5 (observed values of −1.17‰ and
0.30‰), −1.11‰ and −2.09‰ respectively for M11 (observed values
of −0.61‰ and −0.76‰), while during low water period, theoretical
δ202Hg and Δ199Hg of dissolved load would be −1.58‰ and 0.22‰
respectively for M11 (observed values of −1.91‰ and 0.38‰). Thus,
theoretical δ202Hg and Δ199Hg in the dissolved load after mixing by

mainstream and tributary are different from the observed values. This
suggests that Hg isotope compositions of mainstreams may be influ-
enced by other factors such as processes occurring within the river or
the input of additional Hg sources.

4.2. Possible effects of in_situ riverine processes

Hg isotope compositions in natural water systems may be affected
by physical and chemical processes and by the input of Hg from addi-
tional sources. Hg in natural water can undergo various processes, in-
cluding microbial processes such as reduction of Hg(II) (Kritee et al.,
2007), degradation and formation of MeHg (Kritee et al., 2009;
Rodríguez-González et al., 2009), abiotic processes such as adsorption
and precipitation of Hg(II) (Foucher et al., 2013; Jiskra et al., 2012;
Wiederhold et al., 2010), photo-reduction of Hg(II) and MeHg
(Bergquist and Blum, 2007; Zheng and Hintelmann, 2009, 2010a), dark
reduction and methylation of Hg(II) (Malinovsky and Vanhaecke, 2011;
Zheng and Hintelmann, 2010b), volatilization and aqueous oxidation of
Hg(0) (Zheng et al., 2007, 2018). All these processes could produce Hg
isotope fractionation. Below we discuss how these processes could af-
fect the Hg isotope compositions in river water and we will try to
identify which processes are most likely the dominant one in the Pearl
River system.

Note that Hg(0) photo-oxidation is not discussed in this study, be-
cause Hg(0) in rivers accounts for only a small portion (~10%–30%)
(Leopold et al., 2010). Moreover, isotope fractionation during photo-
oxidation of dissolved Hg(0) is unknown. The processes about MeHg
are also not considered because the MeHg concentration in dissolved
load is very low (0.14 ± 0.05 ng/L) and only accounts for< 1% of
total mercury concentration (Liu et al., 2012). Thus, MeHg formation
and degradation are unlikely responsible for the variations of the Hg
isotope compositions in PRB.

Fig. 2. Variations of dissolved Hg concentrations (Hgd), δ202Hgd, Δ199Hgd and Δ200Hgd for dissolved load in surface water with sampling distance from the head-
water. The analytical uncertainty of Hg isotope measurements (2SD) is presented in method.
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4.2.1. Partitioning effects on Hg isotope fractionation
Previous studies have reported that equilibrium and kinetic pro-

cesses may influence Hg partitioning between dissolved and particulate
phases. The experiments on Hg(II) adsorption and precipitation on
minerals and organic matter (δ202Hgp-d) have showed that heavy Hg
isotopes prefer to be enriched in the Hg(II) solution (e.g., δ202Hgp-d up
to −0.67‰) (Demers et al., 2018; Foucher et al., 2013; Jiskra et al.,
2012; Wiederhold et al., 2010). In this study, the offset between δ202Hg
values of dissolved and suspended phases (δ202Hgp-d see Supplementary
Materials) is mainly negative during the flood water period (δ202Hgp-d
ranging from −1.53‰ to 0.03‰) while the δ202Hgp-d during the low
water period is mainly positive (−0.43‰ to 1.50‰, Fig. S2). If the
δ202Hg values of dissolved and suspended phases were influenced by
fractionation processes during partitioning, δ202Hgp-d offset would ap-
pear to correlate with some geochemical parameters (e.g., pH, Cl−,
DOC, Hgd, TSS etc.). Previous studies have reported that Hg may be
increasingly desorbed from suspended phase into dissolved phase with
increasing DOC and Cl− concentrations and pH (> 7.5, especially for
pH higher than 8). Moreover, the formation of Hg–Cl complexes is
important only at low pH (< 7) or high Cl− concentration (> 12 mg/L)
(Hissler and Probst, 2006; Kocman et al., 2011; Lyons et al., 2006)
which is at odds with our measurement with higher pH (7.22–8.57) and
lower Cl− concentration (0.87–8.71 mg/L). Thus, we focus on the re-
lationship among δ202Hgp-d offset, pH, DOC, Hgd and TSS.

The δ202Hgp-d offset between dissolved and suspended phases dis-
plays slightly positive correlation with pH (R2 = 0.19, p < 0.01, Fig.
S2a) and negative correlation with DOC (R2 = 0.40, p < 0.01, Fig.
S2b). Moreover, the δ202Hgp-d offset shows significantly negative cor-
relation with dissolved Hg concentrations (Hgd, R2 = 0.56, p < 0.01,
Fig. S2c). As discussed above, if more suspended Hg entered dissolved
phase at higher pH and DOC and Hgd, this may generate δ202Hgp-d
offset closer to 0‰. But we observe large variations of δ202Hgp-d offset
with increased pH, DOC and Hgd during the partitioning (Figs. S2a,
S2b, S2c). Moreover, the δ202Hgp-d offset displays no significant re-
lationship with TSS, especially during flood water period (Fig. S2d).
Some studies also suggested that dissolved and particulate phases in a
dynamic flowing river system are unlikely to reach thermodynamic
equilibrium due to different concentrations of Hg complexing ligands or
the loss of dissolved Hg to the atmosphere (Foucher et al., 2013; Leitch
et al., 2007). These arguments suggest that Hg isotopes in surface water
may not be primarily controlled by fractionation processes during
partitioning.

4.2.2. The effects of Hg reduction on its isotope compositions
The river water samples in this study are plotted along a slope of

1.09 in a Δ199Hg/Δ201Hg diagram (excluding M10, M11 and T6 in flood
water period treated as outliers, Fig. 4), suggesting that Hg in river
water is mainly controlled by Hg(II) photochemical reduction that is
characterized by a slope of ~1 (Bergquist and Blum, 2007; Zheng and
Hintelmann, 2009). Abiotic dark reduction of Hg(II) would be not the
main process, because this process is characterized by a slope of 1.5–1.6
(Zheng and Hintelmann, 2010b).

Photochemical reduction of Hg(II) would increase δ202Hg and
Δ199Hg or decrease Δ199Hg in river water, and the subsequent volati-
lization of product Hg(0) would further increase δ202Hg (Demers et al.,
2018; Zheng et al., 2007; Zheng and Hintelmann, 2009, 2010a).
However, the river water samples exhibit either a decrease or little
change in δ202Hg values in the overall river systems with no inputs of
large tributaries along the flow path (e.g., dissolved Hg from M2
(833 km) to M4 (1442 km), M7 (1594 km) to M8 (1754 km), M9
(1780 km) to M10 (1959 km) and M11 (1982 km) to M12 (2033 km) at
flood water stage; dissolved Hg from M3 (1032 km) to M4 (1442 km)
and M9-A2 (1949 km) to M10 (1959 km) at low water stage, Fig. S3b).
Some parts of the river with no inputs of large tributaries display in-
creasing δ202Hg and decreasing Δ199Hg along the flow path, which may
be explained by photochemical reduction of Hg(II) from sulfur bearing

ligands (e.g., dissolved Hg from M5 (1469 km) to M6 (1581 km) during
flood water period; dissolved Hg from M2 (833 km) to M3 (1032 km),
M9 (1780 km) to M9-A2 (1949 km) during low water period, Figs. S3b
and S3c) (Zheng and Hintelmann, 2010a). However, photo-reduction
should result in a loss of dissolved Hg, while Hgd in these river waters
exhibit increasing trends during the two periods (Fig. S3a). Only river
waters from M11 to M12 in low water period display an increasing
trend in δ202Hg from −1.91‰ to −1.41‰ and Δ199Hg from 0.38‰ to
0.44‰, and decreasing trend in Hgd from 1.42 to 0.62 ng/L. This may
be influenced by photochemical reduction of Hg(II). Therefore, most of
our data cannot be explained through photochemical reduction of Hg
(II) alone.

It is worth noting that the three surface water samples during flood
water period (M10, M11 and T6) are characterized by negative Δ199Hg
values varying from −2.25‰ to −0.76‰ (Fig. 2c). These are the first
negative Δ199Hg values reported in surface river water. The ratios of
Δ199Hg/Δ201Hg for these water samples range from 1.59 to 1.76. These
negative Δ199Hg values are unlikely caused by photo-oxidation of gas-
eous Hg(0), because the oxidation of Hg(0) by photochemically gen-
erated Cl atoms is characterized by a slope of 1.89 in a Δ199Hg/Δ201Hg
diagram (Sun et al., 2016). Because the three surface water samples
with such negative odd-MIF are closely located, we suspect inputs of
additional local Hg source to river characterized by negative odd-MIF.

4.3. Sources of Hg in surface river water

Previous studies have reported that Hg in rivers might derive from
atmospheric precipitation, surface runoff, soil leaching, erosion and Hg-
containing effluents (urban and combustion and industrial discharges)
(Kocman et al., 2017; Wang et al., 2004). Here, we try to use Hg iso-
topes to identify the Hg sources of dissolved load in surface water in
Pearl River.

4.3.1. Contribution of atmospheric precipitation
Previous literatures have reported that 90% of the Hg in surface

water result from atmospheric deposition, with atmospheric precipita-
tion being one of the main sources (Chen et al., 2016; Leopold et al.,
2010; Obrist et al., 2018). The PRB is controlled by a humid subtropical
climate with abundant annual rainfall ranging from 1000 to 2000 mm
(Liu et al., 2017a). The upstream of PRB is dominated by karst land-
forms, facilitating the transport of atmospheric precipitation to terres-
trial system to river basin due to the thin soil layer and the well dis-
tributed rock structure.

In this study, the Hgd in flood water samples are higher than low
water samples (Fig. 2a). Although some studies have reported that
dissolved Hg concentrations in precipitation from Guizhou, China
during the dry season (low water period) were higher than during the
wet season (flood water period) (Guo et al., 2008; Wang et al., 2015;
Yuan et al., 2018), the low rainfall intensity during dry season may still
result in less Hg input via precipitation during low water period. The
precipitation during the wet season accounts for an average 80% of the
annual rainfall (Zhao et al., 2017) and Hgd in surface water and
monthly discharge show a positive correlation (R2 = 0.44, p < 0.01,
Fig. S4). This may cause higher Hg deposition fluxes and watershed Hg
input during flood period. Interestingly, the Hgd of the surface water in
PRB is lower than the one reported for the precipitation. This may be
caused by i) a time offset between the deposition of Hg to terrestrial
watersheds and its transport to streams or ii) a possible loss of Hg
during transport, for example by surface sorption (Stoken et al., 2016).

The Hg isotope compositions of flood (δ202Hg = −1.10 ± 0.70‰,
Δ199Hg = 0.22 ± 0.14‰, Δ200Hg = 0.05 ± 0.08‰, 2SD, n = 16)
and low (δ202Hg = −1.56 ± 1.06‰, Δ199Hg = 0.36 ± 0.19‰,
Δ200Hg = 0.06 ± 0.15‰, 2SD, n = 19) water samples are similar to
those reported for atmospheric precipitation during wet and dry sea-
sons in both Guiyang and Guangzhou, China
(δ202Hgwet = −1.00 ± 0.73‰, Δ199Hgwet = 0.40 ± 0.30‰,
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Δ200Hgwet = 0.12 ± 0.14‰, 2SD, n = 13;
δ202Hgdry = −1.01 ± 1.12‰, Δ199Hgdry = 0.62 ± 0.54‰,
Δ200Hgdry = 0.06 ± 0.08‰, 2SD, n = 20) (Table S2, Fig. 3) (Wang
et al., 2015; Yuan et al., 2018). Together with the fact that both dis-
solved Hg in surface water (excluding flood water samples of M10, M11
and T6 treated as outliers) and the precipitation show a similar slope of
1 in a Δ199Hg/Δ201Hg diagram (Fig. 4), we suggest a significant con-
tribution from atmospheric precipitation to river water. Moreover, the
positive Δ200Hg values in the three surface waters (up to 0.52‰,
Fig. 3b) also suggest the input of atmospheric precipitation. However,
most Δ199Hg and Δ200Hg values of dissolved Hg in surface water during
the two periods are lower than the atmospheric precipitation (Fig. 3),
suggesting the presence of an additional Hg source with lower Δ199Hg

and Δ200Hg.

4.3.2. Contribution of Hg by the watershed
The PRB locates in a subtropical area with abundant vegetation

where the forest coverage rate in the watershed is about 28%. The
bedrock of the basin is mainly composed of carbonate and silicate rocks
while various types of soil are also reported (e.g., red soil, lateritic soil,
yellow soil, mountain meadow soil and lime soil, etc.). Moreover, nu-
merous studies have reported that these materials showed large varia-
tions of Hg concentrations and isotope compositions, and with lower
Δ199Hg and near zero Δ200Hg (Blum et al., 2014; Jiskra et al., 2015;
Zheng et al., 2016). Therefore, the contribution of Hg in the watershed
cannot be ignored. Below we will discuss potential sources from the
watershed.

Silicate and carbonate rocks collected from PRB displayed negative
δ202Hg, without significant MIF (δ202Hg = −1.60 ± 2.18‰,
Δ199Hg = 0.00 ± 0.09‰, Δ200Hg = 0.01 ± 0.06‰, 2SD, n = 4,
Fig. 3, Table S3). Silicate rocks are characterized by lower δ202Hg va-
lues than carbonate rocks. Although rocks are characterized by a low
Δ199Hg and Δ200Hg close to 0‰, the δ202Hg of dissolved Hg from the
upstream areas that are mainly composed of carbonate rocks are similar
with the downstream areas that are mainly composed of silicate rocks.
These suggest that bedrocks are unlikely the main controlling factors
for the dissolved Hg isotope compositions in Pearl River.

Although leaf litter from PRB had negative δ202Hg and Δ199Hg, and
Δ200Hg close to zero (δ202Hg = −2.37 ± 0.85‰,
Δ199Hg = −0.24 ± 0.28‰, Δ200Hg = 0.01 ± 0.03‰, 2SD, n = 2,
Table S3), Hg in the vegetation can be incorporated into the soil
through litters (Jiskra et al., 2015; Zhang et al., 2013; Zheng et al.,
2016). Thus, erosion and transport of watershed soils could be another
potential Hg source (Baptista-Salazar et al., 2017; Biber et al., 2015;
Kocman et al., 2017; Leitch et al., 2007; Stoken et al., 2016; Wang et al.,
2004). Soils in the basin are characterized by negative δ202Hg and
Δ199Hg (δ202Hg = −1.29 ± 0.66‰, Δ199Hg = −0.25 ± 0.44‰,
2SD, n = 6, Table S3). Soils influenced by anthropogenic activities
generally displayed negative δ202Hg and negligible Δ199Hg (Blum et al.,
2014), while forest soils were characterized by lower δ202Hg and
Δ199Hg (Jiskra et al., 2015, 2017; Woerndle et al., 2018; Zhang et al.,
2013; Zheng et al., 2016). All reported soils displayed Δ200Hg close to
zero. Although no studies have reported Hg isotope fractionation

Fig. 3. Hg isotope compositions (δ202Hg vs. Δ199Hg and δ202Hg vs. Δ200Hg) of
samples from Pearl River Basin (PRB). The analytical uncertainty of Hg isotope
measurements (2SD) is presented in method. Error bars are mean±1SD for the
rock, soil and leaf litter. *Data from Guiyang precipitation reported in the
previous studies (mean ± 1SD) (Wang et al., 2015; Yuan et al., 2018).

Fig. 4. Relationship between mass-independent fractionation (Δ201Hg vs.
Δ199Hg) of samples from Pearl River Basin (PRB) (except for flood water sam-
ples of M10, M11 and T6 treated as outliers). The analytical uncertainty of Hg
isotope measurements (2SD) is presented in method. Error bars are
mean±1SD for the rock, soil and leaf litter. *Data from Guiyang precipitation
reported in the previous studies (mean ± 1SD) (Wang et al., 2015; Yuan et al.,
2018).
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associated with soil weathering processes, experimental studies on
dissolution adsorption and co-precipitation have suggested that these
processes would not modify Δ199Hg. Moreover, previous studies
showed that Hg associated with natural organic matter from forest soils
into runoff displayed negative Δ199Hg values and Δ200Hg close to zero,
these are similar to those from the forest soils (Jiskra et al., 2015, 2017;
Washburn et al., 2018; Woerndle et al., 2018). Thus, Hg released from
soil weathering processes into the runoff would retain the Δ199Hg and
Δ200Hg signatures of soils.

In this study, groundwaters is characterized by negative δ202Hg
value of −0.96‰ to −0.58‰, and positive Δ199Hg value of
0.08‰–0.13‰ (n = 2). The spring water (S0, n = 2) displays more
negative δ202Hg (−2.89‰ to −2.02‰) which might be related to the
different lithology of the watershed, and more positive Δ199Hg
(0.23‰–0.26‰). Neither groundwater nor spring water show sig-
nificant Δ200Hg (close to 0‰). Δ199Hg and Δ200Hg values in both
groundwater and spring water are lower than those of precipitation.
This suggests that Hg in groundwater and spring water may result from
a mixing between atmospheric precipitation and soil weathering pro-
ducts. Therefore, soil weathering products may be the main controlling
factors for dissolved Hg isotope compositions of surface water in PRB,
which cause lower Δ199Hg and Δ200Hg in river water than in the pre-
cipitation (Figs. 3 and 4). Moreover, δ202Hg reported in dissolved load
during the flood water period are higher than the low water period
which could be explained by a higher contribution from precipitation.
Indeed, the contribution from the precipitation to the river water
during the flood water period is expected to be higher than during the
low water period, because 80% of the annual precipitation occurs
during the wet season in PRB. Based on the above discussion, the Hg
inputs from atmospheric precipitation and surface soil weathering are
likely to be major sources of Hg in surface river water.

4.3.3. Anthropogenic sources of Hg
Wastewater. Local wastewater is unlikely an important source of

Hg for surface water in Pearl River. During the recent years, the con-
centrations of aqueous Hg released from local industrial wastewater
and municipal sewage in China decreased due to the regulation of the
wastewater discharge by the Chinese government. Moreover, primary
anthropogenic Hg emitted into atmosphere is still important with a Hg
released to water and air ratio of 1:5 (Liu et al., 2017b). Although ap-
proximately 23 Mg Hg was released from municipal sewage into aquatic
environments (river, lake) in 2015 (Liu et al., 2016), around 95% of the
total Hg in the influent sewage was transferred into the sewage sludge
which may lower the concentration of industrial wastewater
(0.97–3.08 ng/L) (Liu et al., 2017b). This is consistent with Hg con-
centrations of wastewater in this study.

Moreover, dissolved Hg in surface water show no significant re-
lationship with Zn, an element easily influenced by human activities
(Chen et al., 2008). In addition, since 2009, industrial wastewater had
decreased after enterprises with high wastewater discharge were shut
down in the PRD region and the transfer of small-scale electroplating
facilities from the PRD into the inland regions (Zhen et al., 2016).
Moreover, the Hg isotope compositions of wastewater from PRB
(δ202Hg = −1.53 ± 1.25‰, Δ199Hg = 0.26 ± 0.28‰,
Δ200Hg = 0.04 ± 0.07‰, 2SD, n = 6) are similar with those of the
surface river water (Fig. 3). This suggests that industrial water may be
primarily sourced from river water.

Electronic wastes as potential sources of Hg. Three water sam-
ples M10, M11 and T6 collected during the flood water period almost in
the same area (Fig. 1) display abnormal Δ199Hg (−1.47 ± 1.49‰,
2SD, n = 3), which cannot be explained by the contribution of sources
(processes) discussed above. Coincidently, these samples were collected
at locations near E-waste treatment plants (Gao et al., 2008). We col-
lected also both PM2.5 and soil samples near the E-waste treatment
plants with δ202Hg of −0.73‰ and −1.49‰ and Δ199Hg of −0.95‰
and −0.36‰, respectively (Fig. 3, Table S3), and find that PM2.5 shows

similar δ202Hg but much lower Δ199Hg compared to most airborne
particulate Hg reported so far (Blum et al., 2014; Huang et al., 2019; Xu
et al., 2019). These values are similar to the surface water of M10, M11
and T6 during the flood water period, strongly suggesting the influence
of electronic wastes. One study reported that compact fluorescent lamps
(CFL) were characterized by distinct Hg isotope compositions. The
negative Δ199Hg down to −21.49‰ was observed in Hg trapped in
glass, and rarely negative Δ201Hg (mostly positive) down to −0.24‰
were reported for Hg vapor in lamp (Mead et al., 2013). Though the
direct contribution of CFL cannot account for the abnormal odd-MIF
due to the very different Δ199Hg/Δ201Hg ratio from our samples, a
mixing with other E-waste material would be a possible cause. More
systematic study is thus needed to well constrain the origin of unusual
odd-MIF.

During the flood water period, deposition of atmospheric particle-
bound Hg from the atmosphere into river is important (Guo et al.,
2008). Large amounts of Hg released from electronic wastes could be
deposited into the river through precipitation or leached by soils near E-
waste treatment plants. Previous study has reported that particles in
rainwater were characterized by a mean Δ199Hg of 0.16‰ (Yuan et al.,
2018). We suggest that negative Δ199Hg of PM2.5 near E-waste treat-
ment plants could result from a mixing between atmospheric particles
characterized by positive Δ199Hg and electronic wastes input char-
acterized by more negative Δ199Hg. This implies that the incineration of
electronic wastes may produce more negative Hg odd-MIF that could be
finally brought into river.

5. Conclusions and implications

This study reports for the first time Hg isotope compositions in the
Pearl River, a highly anthropogenic-influenced large river. All dissolved
load measured during flood and low water periods are characterized by
negative δ202Hg, slightly positive Δ200Hg, and mostly positive Δ199Hg,
which are similar to the Hg isotope compositions reported in the local
atmospheric precipitation. The isotope compositions suggest that at-
mospheric precipitation is the major Hg source to surface water.
Furthermore, some surface water samples display less positive or more
negative odd-MIF than those in precipitation. We suggest that this could
not be explained by in-river processes, but would rather indicate the
influence of groundwater and spring water formed by the interaction
between atmospheric precipitation and soils weathering in the wa-
tershed, which are important dissolved Hg sources in surface river
water. Interestingly, extremely negative Δ199Hg were found in three
surface filtered water, for which we propose primarily a contribution
from electronic wastes. Therefore, our study has potential implications
for tracing Hg sources from electronic wastes, although more studies on
Hg isotope compositions in electronic wastes are needed in the future.
This study demonstrates that the use of Hg isotopes in complex fresh-
water ecosystems (especially large rivers) can give insights into both
processes and potential Hg sources. It would also provide basic data to
research the contribution of Hg from rivers to global ocean ecosystems.
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